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Abstract
Invasive alien species (IAS) are a key driver of global biodiversity loss. Reducing their spread and impact 
is a target of the Sustainable Development Goals (SDG target 15.8) and of the EU IAS Regulation 
1143/2014. The use of citizen science offers various benefits to alien species’ decision-making and to so-
ciety, since public participation in research and management boosts awareness, engagement and scientific 
literacy and can reduce conflict in IAS management. We report the results of a survey on alien species 
citizen science initiatives within the framework of the European Cooperation in Science and Technology 
(COST) Action Alien-CSI. We gathered metadata on 103 initiatives across 41 countries, excluding gen-
eral biodiversity reporting portals, spanning from 2005 to 2020, offering the most comprehensive account 
of alien species citizen science initiatives on the continent to date. We retrieved information on project 
scope, policy relevance, engagement methods, data capture, data quality and data management, methods 
and technologies applied and performance indicators such as the number of records coming from projects, 
the numbers of participants and publications. The 103 initiatives were unevenly distributed geographical-
ly, with countries with a tradition of citizen science showing more active projects. The majority of projects 
were contributory and were run at a national scale, targeting the general public, alien plants and insects, 
and terrestrial ecosystems. These factors of project scope were consistent between geographic regions. 
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Most projects focused on collecting species presence or abundance data, aiming to map presence and 
spread. As 75% of the initiatives specifically collected data on IAS of Union Concern, citizen science in 
Europe is of policy relevance. Despite this, only half of the projects indicated sustainable funding. Nearly 
all projects had validation in place to verify species identifications. Strikingly, only about one third of the 
projects shared their data with open data repositories such as the Global Biodiversity Information Facility 
or the European Alien Species Information Network. Moreover, many did not adhere to the principles 
of FAIR data management. Finally, certain factors of engagement, feedback and support, had significant 
impacts on project performance, with the provision of a map with sightings being especially beneficial. 
Based on this dataset, we offer suggestions to strengthen the network of IAS citizen science projects and 
to foster knowledge exchange among citizens, scientists, managers, policy-makers, local authorities, and 
other stakeholders.
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Introduction

The history of citizen science, broadly defined as the practice of involving members 
of the public in scientific research, can be traced back centuries (Silvertown 2009). 
However, in recent decades the field of citizen science has grown and transformed with 
capabilities enhanced by the use of new technologies (e.g., smartphones) (Howard 
et al. 2022). As citizen science expands and reaches new audiences, its potential for 
impact and engagement also grows. Large and diverse audiences across the globe now 
contribute to initiatives carried out on scales ranging from short-term and local, to 
generational and international. The role of the citizen scientist is equally variable and 
as a result, the definition of citizen science has been subject to debate (Heigl et al. 
2019; Haklay et al. 2021). In many ecological projects, citizen scientists merely collect 
and submit field observations to be analysed by professional scientists (Bonney 1996); 
however, in this paper we also consider more in-depth involvement of citizen scientists, 
such as collecting experimental data. The definition of citizen science that we will use, 
based on the definition by Wiggins and Crowston (2011), is the active involvement of 
citizens in scientific inquiry generating new knowledge or understanding.

One area in which citizen science has seen an increase in contributions is the 
domain of alien species science and policy (Adriaens et al. 2015; Roy et al. 2018; 
Schade et al. 2019; Johnson et al. 2020). Alien species are defined as species intro-
duced into a new geographic range by human intervention, either intentionally or 
accidentally (Blackburn et al. 2011). While alien species may have a positive, neutral, 
or negative impact on their new environment (Cox and Lima 2006; Goodenough 
2010), the term invasive alien species (IAS) refers to species whose introduction and 
spread has been found to threaten or adversely impact global biodiversity, ecosystem 
services, society and the economy (Seebens et al. 2017, 2020; IPBES 2019; EU Regu-
lation 1143/2014). Concerns over the impacts of IAS have led to policy responses 
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internationally, nationally, and locally. For example, as well as being an important tar-
get (Target 9) in the Convention on Biological Diversity (United Nations 1992), the 
UN’s Sustainable Development Goals (SDGs) include a specific target on IAS (target 
15.8). Similarly, in 2014, in response to the CBD target, the European Union pub-
lished the EU Regulation 1143/2014 (European Union 2014) to control the spread of 
IAS in all Member States through prevention, early detection, rapid eradication, and 
management. This Regulation identifies a list of IAS of Union Concern which pose a 
threat to biodiversity and related ecosystem services, and require concerted action at 
the European Union level. Accessible information on these IAS and implementation 
of associated policies is provided by the European Alien Species Information Network 
(EASIN; Katsanevakis et al. 2015; Schade et al. 2019). The core function of this system 
is to gather and integrate data on alien species occurring in Europe from data partners 
and scientific literature (Katsanevakis et al. 2012). Data originate from official moni-
toring programmes and research projects, but also from several IAS-focused citizen 
science projects active throughout Europe. These projects either deliver data to EASIN 
directly or publish to open data repositories like the Global Biodiversity Information 
Facility (GBIF), where they are harvested by EASIN.

The data gathered through IAS-focussed projects are eminently actionable, as they 
hold potential for use in early warning and rapid response, control programmes at vari-
ous spatial scales, and policy implementation. Citizen science is especially valuable in 
an IAS context since tackling the spread of these species necessitates upscaled recording 
both temporally and geographically, improved understanding of the IAS problem, and 
increased awareness at all levels of society, objectives for which citizen science is well 
suited (Roy et al. 2018). Ultimately, citizens who become involved in IAS citizen sci-
ence projects gain a voice in promoting decision-making and policy implementation, 
thereby supporting the development of IAS policies (Groom et al. 2019). However, 
there is no updated and systematic analysis of IAS citizen science projects across Eu-
rope. This would allow a better understanding of the potential reach and gaps of such 
projects for European science and policy. Here, we present the first comprehensive 
overview of European IAS citizen science initiatives. Unlike earlier work (Johnson et al. 
2020), we focus on European alien species-specific citizen science projects and journal 
publication is not used as a criterion for inclusion. Since Europe adopted a common 
Regulation on IAS (the above mentioned EU Regulation 1143/2014) we wanted to 
assess the policy relevance of projects with a particular emphasis on the implementa-
tion of this Regulation.

In addition to developing a database of European alien species citizen science pro-
jects, we were interested in determining if there were geographic differences in three 
parameters of project scope (target taxon, target audience and environment type), as an 
indicator for international cooperation. We further evaluated the performance of pro-
jects considering their numbers of participants, number of alien species records they 
yielded and the publications derived from them, in order to understand how various 
engagement, feedback and support parameters contributed to project performance.
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Materials and methods

Data collection

This survey was developed within the scope of the European Cooperation in Science 
& Technology (COST) Action CA17122 – “Increasing understanding of alien species 
through citizen science (Alien-CSI)”, which includes participants from all EU Member 
States and a few neighboring countries. This COST Action sets out six research coordi-
nation objectives, to be first approached through a European wide analysis of existing 
IAS citizen science initiatives (Roy et al. 2018).

The first version of the survey was tested, revised and validated in a COST Ac-
tion workshop in Akrotiri, Cyprus, 25 – 28 February 2019. Representatives from 
25 countries in the COST Action attended. The survey (Price-Jones et al. 2021) 
was shared as a Google Form with all COST Action participants, and disseminated 
online. Responses were collected from June 27, 2019 to April 6, 2020. For each 
country, existing citizen science projects involving alien species were contacted and 
requested to complete the survey. All projects are/were active in EU Member States 
and/or neighbouring countries. A list of projects was compiled, including from a 
web search and previously available lists of European citizen science projects (e.g., 
EASIN, Kus Veenvliet et al. 2019), and the missing projects in the survey database 
were contacted. Finally, to increase reach, the survey was also disseminated through 
the European Citizen Science Association (ECSA) newsletter and mailing list and 
respondents were asked to share it with colleagues and local networks via snowball 
sampling.

Survey questions and attribute values were developed using JRC metadata stand-
ards for citizen science projects (European Commission, Directorate-General for En-
vironment 2018) and the project metadata model of PPSR Core, a set of global, trans-
disciplinary data and metadata standards for Public Participation in Scientific Research 
(PPSR Core). The survey included 62 questions (Price-Jones et al. 2021), in nine sec-
tions: 1) Contact information of the respondent (a project coordinator); 2) General 
characterization of the project, including a brief summary, geographical scope, time 
scale, hosting entities, funding, etc.; 3) Information on project scope, including target 
audience, taxonomic and environmental scope, project aims, type of data collected, 
etc.; 4) Policy-related information, i.e., policy relevance and inclusion of species listed 
in the EU IAS Regulation; 5) Information on engagement, such as type of involvement 
of the general public in the design of the project, engagement methods and social me-
dia used, skills needed to participate and frequency of contributions; 6) Information 
on feedback and support provided to participants by the project, e.g., if the project 
provides materials for species identification, guidelines, training activities, information 
on how data from the project are used, feedback mechanisms and support; 7) Data 
quality and data management, namely validation mechanism for records, registration 
type, methods of recording, whether data are open and accessible to the general public, 
data form used to store data, data standards and data licence used, whether a public 
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data management plan was in place; 8) Performance indicators of projects, namely 
usage of smartphone applications, number of participants and number of records, 
whether learning is assessed, number and type of publications using data from the 
project; and 9) Notes and remarks.

Preprocessing

Only projects that simultaneously fulfilled the following criteria were included in the 
analyses: 1) a clearly citizen science-focused project; 2) alien species included in the 
main scope; and 3) projects developed in Europe (even if not exclusively). As such, 
national biodiversity networks and portals collecting data on all species were only con-
sidered if they had a clear alien species focus. Projects needed to have specific forms 
of public engagement related to alien species, so projects solely devoted to improving 
IAS policies but without a typical citizen science component (e.g., data collection us-
ing target groups, interaction with volunteers) were not considered. However, projects 
where data gathering was less relevant, but which had clear educational and outreach 
goals on IAS, were included.

Due to response rates below 100% for particular questions and the prevalence of 
responses “Unknown” or “Not applicable”, the number of projects that provided a defi-
nite response was determined and used for calculations of percentages for each question.

Statistical analysis

Exploratory analysis of project parameters

Of the nine survey sections, six asked for information about project parameters, or 
characteristics. These sections are: General characterisation of the project, Information 
on project scope, Policy-related information, Information on engagement, Informa-
tion on feedback and support, and Data quality and data management strategies. To 
explore the parameters of all surveyed projects, the frequency of each multiple choice 
or written answer was determined for each question within the above sections. Ad-
ditionally, we were interested in determining if an association existed between target 
audience and target taxonomic group, or between target audience and target environ-
ment. Fisher’s exact tests were conducted with a significance level of 0.05 to test for 
these associations.

Geographic differences in project scope

In these series of analyses, we were interested in whether there were geographic dif-
ferences in the distribution of projects, and whether project scope had a geographic 
component. For this, we divided Europe into five regions: Northern Europe, Eastern 
Europe, Southern Europe, Western Europe, and the United Kingdom and the Re-
public of Ireland (the UK and ROI). The UK is considered as a separate region with 
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the ROI due to an extensive history with citizen science (Silvertown 2009). These di-
visions are commonly used in ecology, with minor variability in the countries in each 
region (e.g., Bilton et al. 1998). To normalise the quantity of projects according to 
the different number of inhabitants per region, the number of projects was expressed 
per million inhabitants using population data from the United Nations (United 
Nations 2019). Project distribution maps were created using ESRI ArcGIS Pro 2.7. 
Then, for each of three project scope parameters (target taxon, target audience and 
environment type), a two-way chi square test was conducted to test for association 
with geographical region. The tests were carried out with a significance level of 0.05.

Impact of engagement, feedback and support on project performance

To test whether parameters which related to engagement, feedback and support had an 
effect on project performance, we selected 11 explanatory variables (project duration, four 
variables related to engagement, and six variables related to feedback/support) and defined 
three project performance indicators: the number of participants taking part in the project, 
the number of species records (observations) gathered by the project and the number of 
publications related to the project reported by the respondent (Table 1). Three cumulative 
link models (CLMs) were conducted in RStudio version 3.3.3 using the package “ordinal” 
(Christensen 2018) in R version 4.2.0 (R Core Team 2022) to determine if engagement, 
feedback/support and project duration had a significant effect on performance indicators. 
Each of the three tests used a different performance indicator - number of participants, 
records and publications - as a response variable. All models were carried out with a signifi-
cance level of 0.05. R code for these tests is published on Zenodo (Price-Jones et al. 2021).

Results

Exploratory analysis of selected project parameters

General characterisation of the project

In total, 129 projects/initiatives completed data for the survey and, of these, 103 fit-
ted the criteria for inclusion and were considered for analysis. Of the 26 that were 
excluded, 17 were not alien species-focused, seven had no specific forms of public 
engagement on alien species and two were duplicate entries.

The number of new projects has increased over the past fifteen years with the old-
est project recorded beginning in 2005 (Brown et al. 2008) while 21 began in 2019 
(Fig. 1). Most projects (76 of 103 projects) are still ongoing. A total of 42 countries 
were represented in the survey. A majority of projects (66%, 68 of the 103 respondents 
to this question) were run at the national level, and 85% (87/103) were active in a 
single country. However, one project, a survey of alien species of Union Concern on 
iNaturalist, was active in 38 countries. In four countries (Estonia, Malta, Montenegro, 
and North Macedonia) this represented the sole project.
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The type of organisation responsible for the projects varied between governmen-
tal (29%, 30/103) and non-governmental organisations (22%, 23/103), universities 
(28%, 29/103), public research organisations (22%, 23/103), and private companies, 
non-profit organisations and individual persons (12%, 12/103). Most projects were 
fully (54%, 56/103) or partially (19%, 20/103) funded, but 26% (27/103) reported 
having no funding. Governments were the largest source of funding, although only 
36% of projects (28/78) report governments as being their sole source of funding. 
Otherwise, funding was provided by public entities, the EU LIFE program, NGOs or 
private sources, or a combination of the above.

Table 1. Variables used in the Cumulative Link Models.

Explanatory variables Response variables
Project duration Number of participants
Project design (collaborative/contributory; engagement factor) Number of records
Use of social media (engagement factor) Number of publications
Level of skill/knowledge required (none/low/advanced; engagement factor)
Expected contribution frequency (one-off/irregular/regular; engagement factor)
Provision of guidelines (feedback and support factor)
Provision of training (feedback and support factor)
Provision of sightings map (feedback and support factor)
Provision of active informing (feedback and support factor)
Provision of feedback (feedback and support factor)
Provision of support (feedback and support factor)

Figure 1. Number of new citizen science projects per year on alien species in Europe according to re-
sponses to the survey.
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Project scope

Plants were the most common target taxonomic group (30%, 31/103; Fig. 2a), 
the general public was the most common target audience (89%, 92/103; Fig. 2b), 
and terrestrial habitats the most common environment considered in the pro-
jects (57%, 59/103). There was no association between target audience and taxon 
(p = 0.2779), but an association was observed between target audience and environ-
ment (p = 0.0049). Two trends in the data included the prevalence of terrestrial pro-
jects aimed at land managers, and freshwater and marine projects aimed at fishers. 
The marine environment was also the environment type most frequently involving 
scientists and students.

84% of projects (87/103) focused solely on alien species and 9% (9/103) focused 
partially on alien species; 7% (7/103) responded that alien species were not the main 
focus, yet alien species data were collected and received some emphasis. Most projects 
had multiple aims, the most common being mapping of alien species distribution 
(Fig. 2c). Most projects also collected more than one type of data, with species presence 
and/or abundance being the most common.

Policy-related information

75% of projects (59/79) claimed to have policy relevance, with 79% (77/97) includ-
ing species on the list of IAS of Union concern (EU Regulation 1143/2014), whether 
exclusively or partially.

Information on engagement

In terms of project design, 39% of projects (41/97) were categorised as collaborative 
(citizen scientist input was possible in project design) and 53% (56/97) as contributory 
(projects were designed only by scientists). The top three ways to engage citizens with 
the projects were through websites (83%, 83/99), social media (64%, 64/99) and live 
training (41%, 41/99). Newsletters, school engagement, exhibitions, bioblitzes and 
gaming were also common methods, each used by six or more projects. Of the projects 
that used social media and stated the platform, Facebook was the most popular plat-
form, used by 65% of projects (63/96), but Twitter, Instagram and YouTube were also 
used. Almost 95% of projects (94/99) responded that participants needed “None” or 
“Limited” prior skills or knowledge to participate. 

Information on feedback and support

The number of projects that provided species identification materials, guidelines, 
training, sighting maps, active informing, feedback and support is shown in Table 2. 
Of the 67% of projects (64/95) that offered training, 47% (45/95) offered group 
training, 31% (30/95) offered online training, and 7% (7/95) provided training 
through bioblitzes.
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Data quality and data management

The large majority (86%, 89/103) of the projects surveyed had validation systems in place, 
and 6% (6/103) had partially implemented validation systems. An additional 6% (6/103) 
of respondents indicated that the validation system was unknown to them and only 2% 

Figure 2. Percentage (indicated by numbers on radar plots) of projects that gave selected responses to 
project scope questions: a target taxon b target audience, and c stated project aim.

Table 2. Responses to survey questions concerning various feedback and support factors.

Factor Percentage of projects
Yes No Partial (if applicable)

Provision of species identification materials 76% (74/98) 7% (7/98) 17% (17/98)
Provision of guidelines 87% (85/98) 13% (13/98) –
Provision of training 67% (64/95) 33% (31/95) –
Provision of sightings map 86% (78/91) 14% (13/91) –
Provision of active informing 69% (64/93) 7% (7/93) 24% (22/93)
Provision of feedback 89% (71/80) 11% (9/80) –
Provision of support 93% (85/91) 7% (6/91) –
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(2/103) responded they did not have validation in place. Within the subset of projects 
implementing validation procedures, expert validation was most commonly used, by at 
least 93% (93/100) of projects. Validation was either performed solely by experts (77%, 
77/100), aided by automated systems (3%, 3/100) or peer validation (9%, 9/100), or 
a combined approach was used (3%, 3/100). Peer validation and automated validation 
without expert validation were only used by a minority of projects (2%, 2/100).

For data storage, projects used national repositories (38%, 34/89), hard drives (34%, 
30/89), GBIF (30%, 27/89) and institutional repositories (23%, 21/89). 58 projects of-
fered participants direct access to their own data. Excel (65%, 44/68) was the most com-
mon data form and Darwin Core (50%, 18/36) the most popular data standard. The license 
Creative Common Attribution (CC BY; 57%, 16/29) was the most common, followed by 
CC0 licence waiver (10%, 3/29) and Creative Commons Non-Commercial licence (7%, 
2/29). Finally, most projects did not draft a data management plan (73%, 40/55).

Project performance

The usage of applications, number of participants, number of records and number of 
publications all show a distribution of responses that peaked in lower numbers and fell 
off quickly at higher numbers (Fig. 3), but these values were often unknown or not ap-
plicable. Only 33% of projects (21/63) assessed learning of the participants. A similar 
number of projects produced scientific peer-reviewed publications (94%, 33/37) and 
science communication publications aimed at the general public (85%, 30/37). Most 
of these publications directly presented data from the project (47%, 24/51) or were 
descriptive in nature (43%, 22/51).

Geographic differences in project scope

According to responses to our survey, the UK had more alien species citizen science 
projects (21) than any other country, followed by Italy (13), Portugal (9) and France (9) 
(Fig. 4a). However, when project counts per region are normalised by population, North-
ern Europe has the highest ratio, followed by the UK and ROI, Southern Europe, Eastern 
Europe and Western Europe (Fig. 4b). There was no association between geographic 
region and the target audience (p = 0.51), taxon (p = 0.41) or environment (p = 0.16).

Engagement methods and performance

Project duration had a significant, positive impact on the three performance indica-
tors tested, i.e., number of participants (z = 2.78, df = 1, p = 0.0054), publications 
(z = 3.38, df = 1, p = 0.00073) and records (z = 3.01, df = 1, p = 0.0026). Projects 
that provided a map also outperformed projects that did not in number of participants 
(z = 2.13, df = 2, p = 0.033), publications (z = 2.77, df = 2, p = 0.0056) and records 
(z = 2.84, df = 2, p = 0.0045).
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Provision of training was positively related to the number of publications 
(z = 2.85, df = 1, p = 0.044), as was use of social media (z = 2.35, df = 1, p = 0.019) 
and provision of guidelines (z = 2.01, df = 1, p = 0.045). Projects that required ad-
vanced prior knowledge resulted in more publications than projects that required 
limited (z = -2.80, df = 2, p = 0.0052) or no (z = -2.74, df = 2, p = 0.0061) prior 
knowledge. The same result was seen in terms of number of records, with projects 
that required advanced prior knowledge performing better than projects that re-
quired limited (z = -2.47, df = 2, p = 0.014) or no (z = -2.02, df = 2, p = 0.043) prior 
knowledge.

Provision of feedback positively impacted the number of publications (z = 2.01, 
df = 1, p = 0.044) but negatively impacted the number of records (z = -2.01, df = 1, 
p = 0.044). Provision of support negatively impacted the number of publications 
(z = -2.59, f = 1, p = 0.0096).

Figure 3. Survey responses concerning project performance, participation and publication. a number of 
participants (n = 72) b number of records (n = 73) c number of publications (n = 62) and d percentage 
of usage of App (n = 17).
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Figure 4. Geographic distribution of projects: a number of projects by country and b number of projects 
per million inhabitants by region.
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Discussion

Project scope and regional variation

The dominance of national projects in our results is consistent with that observed for 
other research on management of biological invasions (Hulme et al. 2008). Several 
factors contribute to this tendency, including nationally-derived funding, differing de-
grees to which countries are exposed to or aware of alien species, species alien in one 
country being native to another, logistical convenience (Hulme et al. 2008) and une-
ven distribution of expertise (Hulme et al. 2009). However, international coordination 
is necessary to better protect native ecosystems from IAS (Perrings et al. 2010; Kat-
sanevakis et al. 2013), as reflected by international agreements, from the Convention 
on Biological Diversity (United Nations 1992) to EU Regulation 1143/2014. There 
was a small degree of international coordination evident in our dataset, with most 
multinational initiatives being active in six or fewer geographically clustered countries.

Most projects target the general public, which is logical given our inclusion cri-
teria. This strategy aligns with the philosophy of informing (Genovesi et al. 2015), 
engaging with and inspiring a passion for nature in as many participants as possible 
(Roy et al. 2015). Plants and insects are the most common target-taxa of projects, pos-
sibly because both are broad and speciose groups and are among the taxa containing 
the most invasive species with recorded ecological and/or economic impacts (Vilà et 
al. 2010; Haubrock et al. 2021). Furthermore, they can be easily accessible, with many 
urban species. The under-representation of groups such as birds is notable, and is likely 
a result of the concentration of data specific to these groups on large crowd-sourcing 
platforms that did not fit our criteria.

The prevalence of projects in the terrestrial environment similarly reflects conveni-
ence for the public, as reported for other citizen science projects (Aceves-Bueno et al. 
2017). It is also highlighted by the association we found between target audience and 
target environment.

The most common aim is mapping of alien species, and participants are often asked 
to submit species presence and/or abundance data. Species presence is easy to observe, re-
port and validate (Hyder et al. 2015), and works well in conjunction with mapping (e.g., 
Malek et al. 2018; Dissanayake et al. 2019; Kumar et al. 2019). Nonetheless, presence-
only data have limitations: for example, the lack of absence reporting and the assumption 
that species were not present because they were not observed (Johnson et al. 2020).

The region with the most recorded projects is the United Kingdom and the Re-
public of Ireland, reflecting a long history of citizen science in ecology (Silvertown 
2009). After this region, more projects in Western and Southern Europe may reflect 
a higher level of IAS awareness in these regions due to a relatively higher number of 
funded IAS projects (e.g., LIFE projects in Italy). On the other hand, a low number 
of projects, e.g., in the Netherlands and Belgium, may be explained by the presence 
of single, dominant national biodiversity portals not being included in our survey. 
For example, in Belgium, biodiversity recording is dominated by the general report-
ing portal www.waarnemingen.be which has a dedicated app and upon which early 
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warning tools for IAS are built (Vanderhoeven et al. 2015; Swinnen et al. 2018). 
Additionally, there is a possible language bias, if projects from non-English speaking 
countries were not reached or not motivated to participate in the survey, which was 
only available in English.

Data quality and management

Studies evaluating data quality and management in citizen science projects sometimes 
have contradictory conclusions (Crall et al. 2011). Overall, volunteer contributions 
have been regarded favourably by scientists, e.g., 73% of papers positively described 
in analysis by Aceves-Bueno et al. (2017). Various tangible benefits have been noted, 
such as increases in the predicted spatial distribution of IAS by models trained with 
data from citizen science (César de Sá et al. 2019). However, Aceves-Bueno et al. 
(2017) also concluded that differences between volunteer data and professional data 
were significant in 38.4% of projects. In addition, some projects use their data for 
removal or management of regulated IAS, and as such correct species identification is 
of utmost importance. The most prominent approaches to validate citizen science data 
are peer and expert validation, often aided by automatic filtering techniques (Balázs et 
al. 2021). This is clearly also the case for IAS citizen science in Europe (Adriaens et al. 
2021), with our results showing that most projects use expert validation.

Data generated by citizen science are often referred to as dark data: unreproducible, 
becoming more valuable over time, and at high risk of being lost (Costello and Wiec-
zorek 2014). The implementation of a well-defined data management plan (DMP) 
can be used to prevent such loss of data. Nonetheless, few of the surveyed projects 
claimed to have a DMP and our survey did not assess adherence to the DMP for pro-
jects that had one. Many citizen science projects are relatively small scale and probably 
lack experience and/or access to tools for data management planning (Schade et al. 
2017). Data management planning could improve the accessibility of data, an impor-
tant component of FAIR (Findability, Accessibility, Interoperability, and Reusability) 
data management (Wilkinson et al. 2016; Reyserhove et al. 2020).

Opening alien species data is important to unlock their full potential for science, 
policy and management (Groom et al. 2015, 2017a,b). However, although some pro-
jects deposit their data on national or institutional repositories, less than one third 
make them freely available on an open data repository, e.g., through GBIF publication. 
We also found that most alien species citizen science projects produced peer-reviewed 
papers, but these were not necessarily open access; however, most also produced sci-
entific communications aimed at the public. Reasons for avoiding open data may be 
multiple, including licensing issues, funding limitations, technical barriers or the pri-
vacy of the participants (Ganzevoort et al. 2017). Ganzevoort et al. (2017) found that 
half of the citizen scientists they surveyed believed that data collected by the citizen sci-
ence organisation was a public good, but only 12% supported unconditional use. The 
question of data ownership is complex and can be addressed in legal terms by choice of 
license. We found that 92% of projects that provided licence information had a licence 
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allowing public use. Overall, these parameters around data accessibility are consistent 
with the findings of Wiggins and Crowston (2011) and Schade and Tsinaraki (2016), 
indicating a willingness to provide access to data. 

Optimisation of engagement

We anticipated that higher levels of feedback, support and engagement would improve 
performance, e.g., the number of participants, records and publications, through the gen-
eration of commitment and empowerment. As expected, provision of maps, training and 
guidelines related positively to one or more of the performance indicators. Unexpectedly, 
provision of feedback related positively to the number of publications, and negatively to the 
number of records; provision of support also negatively related to the number of publica-
tions. While citizen scientists often claim that receiving feedback is important to their con-
tinued participation (Geoghegan et al. 2016; Anđelković et al. 2022), a reduced sample size 
and the fact that many projects are relatively new (17 started in 2017 and 21 in 2019), may 
have influenced the results. In addition, the number of publications may be influenced 
by several other factors such as the publishing dynamic of the project team, or the level of 
knowledge of the survey respondent on the publications stemming from the project. Also, 
the many missing values in the survey responses might partly explain some of these results.

Only 39% of the projects were designed collaboratively, thus in most cases citizens 
were contributing in a predetermined way (usually data collection). Even so, a priori fewer 
projects were expected to be collaborative (e.g., Pocock et al. 2017 analysed more than 
500 ecological and environmental citizen science projects and only 4% were collabora-
tive) and so we suspect that this question may have been misunderstood. We define a col-
laboratively-designed project as a project with citizen scientist participation in the initial 
conception of the project and all subsequent steps. However, respondents may have con-
sidered other roles, such as feedback from participants on project design, as collaboration.

Surveyed projects mostly required low levels of time commitment for learning and 
participation, possibly recognising that most citizen scientists are amateur observers 
(Bonney et al. 2016). However, from the authors’ own experience, even though many 
projects target the general public, in reality many of the participants do have some level 
of expertise in the taxonomic group they report. Another unexpected result was that 
projects with limited or no skill requirements were related with a significantly lower 
number of records and publications. Possibly, participants with advanced skill levels, 
having already invested the time in learning, have a stronger commitment to contrib-
uting. Nevertheless, encouraging anyone to participate is highly relevant to the goal 
of reconnecting people with nature (Devictor et al. 2010) and increasing the chances 
of prevention and early detection of IAS. Furthermore, if a contributor can both learn 
and teach (e.g., through peer validation), knowledge is transferred without the need 
for training or prior expertise. It should be noted, however, that the lessons that can be 
drawn from this result are limited by how the levels ‘none,’ ‘low’ and ‘advanced’ skills/
knowledge were not defined in our survey, and so may have been interpreted differ-
ently by different respondents.
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Although it depends on project goals, besides engaging participants, projects often 
encourage continued participation (Penner 2002). The positive relation between provi-
sion of maps, training and guidelines and some of the performance indicators suggest 
that these investments may encourage participation. It has been shown that publicly 
displayed maps allow recognition of citizen scientists’ efforts (Williams and DeSteno 
2008; Crowston and Prestopnik 2013).

Finally, the majority of projects used an internet-based engagement method, such 
as a website or social media, reflecting the ubiquity of these technologies in Europe 
(Kemp 2021).

Applications and recommendations

Several lessons can be drawn from the results of our survey. First, sustainability of 
projects is key to their performance in terms of the number of records they gather, 
participants they involve and publications derived from them. Second, many citizen 
science projects apparently have not yet opened their data. Open data publication 
maximises the use of the data in policy processes, such as their use by EASIN in the 
implementation of the EU IAS Regulation (Schade et al. 2019) and provides better 
return to citizen scientists on their contribution and value of their data.

One partial solution to openness and data management issues might be the draft-
ing of DMPs, which are missing in many projects, despite these facilitating better stor-
age, maintenance, and use of data. Although small projects may struggle to create their 
own, they may take advantage of existing plans, and strategies can be designed to make 
data openly accessible, for example on the platform GBIF. Few respondents provided 
information about their scientific outputs, and there is often no information on project 
web pages about where they publish their datasets.

To further improve outreach and onboarding of new citizen scientists, and sus-
tained participation, our results suggest that the provision of maps with sightings and 
the provision of training are important. Future work could also be undertaken to com-
pare the performance of different validation procedures and provide recommendations 
to new projects to improve data quality (Probert et al. 2022).

Our results show an increasing number of new alien species citizen science projects in 
the last few years that contribute to IAS mapping and policy implementation, but some 
regions still hold untapped potential for new citizen science initiatives related to alien 
species. Existing projects may be made accessible to new audiences through language 
translation or simplification, and through tailoring of aims and species lists to geographic 
regions (e.g., Invasive Alien Species in Europe application; Trichkova et al. 2021).

The UN’s SDGs provide an excellent model for how citizen science can be relevant 
to setting and achieving goals at a global level. Although SDGs were not initially de-
veloped with citizen science in mind, data gathered through citizen science can be used 
directly for feeding SDG indicators (Fritz et al. 2019; Bishop et al. 2020), can increase 
the temporal and spatial scale of data collection (Schade et al. 2019) and can engage 
people with science and the environment (Pocock et al. 2014). Nonetheless, Fraisl et 
al. (2020) noted poor alignment of citizen science initiatives with target 15.8 on IAS.
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Conclusions

The number of citizen science projects dedicated to alien species has been on the rise 
in Europe in the last decade, yet some regions in Europe still hold untapped potential 
for new initiatives. Citizen science initiatives often yield data on policy-relevant spe-
cies, including species of the list of IAS of Union concern, and the data generated by 
these projects are used for science and management. Despite this, many projects face 
sustainability problems and only a minority of the data finds its way to open data re-
positories. Future work could explore the added value of specific alien species projects 
as compared to general citizen science biodiversity reporting portals, as well as the 
actual relevance of citizen science data in decision making on IAS. Also, the value of 
alien species citizen science in terms of increased engagement, learning outcomes and 
environmental awareness, needs to be further explored. To further foster active alien 
species citizen science across the continent, we suggest that strategies could be devel-
oped i) to support regions where alien species citizen science is currently only emerg-
ing and ii) to strengthen the links between projects and entities around the EU IAS 
Regulation. One way to do so is to provide networking opportunities where projects 
can exchange experiences.
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Abstract
A significant challenge of global change is the human-mediated movement of pasture grasses and their 
subsequent impact on ecosystem processes when they become invasive. We must understand invasive grass 
ecology and their natural enemies in native and introduced ranges to mitigate these impacts. Guinea grass 
(Megathyrsus maximus) is a pantropically introduced pasture grass that escapes intended areas and invades 
native ecosystems – threatening biodiversity and ecosystem function. The success of invasive plants has of-
ten been attributed to ecological release from stressors, including natural enemies and resource availability. 
Our objective was to assess Guinea grass functional traits across three different habitat types in native and 
invaded ranges by documenting ungulate and arthropod abundance, diversity, and feeding guilds. Guinea 
grass functional traits were assessed in three habitat types: grassland, riparian, and woody thickets around 
nitrogen-fixing Prosopis glandulosa in its introduced range in Texas, USA, and Senegalia mellifera in its 
native range in Kenya. We characterized Guinea grass functional traits by measuring plant height, cover, 
biomass, root-to-shoot ratios, and reproductive traits. We then examined the phytophagous arthropod 
and ungulate abundance and feeding guild diversity across the three habitat types. We hypothesized that 
functional trait expression related to invasiveness would be associated with Guinea grass in its introduced 
range. Also, we hypothesized that the abundance and diversity of phytophagous arthropods and ungulates 
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would be lower in the invaded range. Finally, we hypothesized that Guinea grass functional traits would 
differ between the three habitat types, given the habitat types’ innate differences in resource availability. 
We found that Guinea grass was 2.5 times taller and 3.3 times more productive and covered 2.5 times 
more area in its invaded versus native ranges. Introduced Guinea grass had higher reproduction rates with 
2.5 times more reproductive tillers, while habitat type drove vegetative reproduction with 15 times more 
stoloniferous establishment in wooded and riparian sites than grasslands. Texan ungulate communities 
were less species-rich, less functionally diverse, and less abundant than the Kenyan ungulate community. 
The phytophagous arthropod diversity on plants was twice as high on Kenyan Guinea grass than on Texan 
Guinea grass. Total arthropod family richness was nearly double, with 15 families represented in Kenya 
and 8 in Texas. These results suggest that Guinea grass has escaped a rich assemblage of arthropods and 
ungulates and likely explains some of its spread in introduced ranges. This study demonstrates how the 
invasive success of Guinea grass can be understood in terms of its competitive ability and interaction with 
natural enemies in the introduced and native ranges and may inform future biological control.

Keywords
arthropod diversity, biological control, ecological stressor release, function, invasion, natural enemy, ungulate

Introduction

Introducing perennial grasses for rangeland improvement has led to the pantropi-
cal distribution of highly invasive grasses (Marshall et al. 2012; Rhodes et al. 2021). 
Alarmingly, the traits beneficial to higher livestock yields are associated with invasive-
ness (Jank et al. 2014) and lead to human-mediated dispersal (Parsons 1972; Pyšek 
and Richardson 2007). Dozens of hypotheses have successfully explained biological 
invasions, each with its level of support and interconnectedness (Catford et al. 2009; 
Jeschke et al. 2012). Two prevalent hypotheses relevant to invasive grasses are the En-
emy Release Hypothesis (Keane and Crawley 2002) and the Evolution of Increased 
Competitive Ability (Blossey and Notzold 1995). The mechanisms underlying these 
hypotheses are likely not mutually exclusive (Jeschke et al. 2012), and each mechanism 
leads to the expansion of realized niche spaces in invaded ranges. When released from 
biotic and abiotic factors that limit their productivity and reproductivity, nonnative 
species may become invasive (Cox and Ricklefs 1977; Torchin et al. 2003; Canavan et 
al. 2019). For example, the Enemy Release Hypothesis posits that specialist enemies 
will be absent from the new system and that generalists will prefer native plants (Keane 
and Crawley 2002). However, these hypotheses are often context-dependent, and gen-
eralities may not apply to particular species (Pyšek and Richardson 2007). Therefore, 
describing the mechanisms leading to invasion by focal organisms of management or 
agricultural interest is critical for understanding the invasion process and mitigating 
the negative consequences.

Life histories and functional traits are important indicators of plant success and 
often correlate with their invasiveness and dominance in a community (Cornwell and 
Ackerly 2010). Invasive species outcompete native plants for resources (Blossey and 
Notzold 1995; Davis et al. 2000) and win apparent competition by losing natural 
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enemies (Mlynarek et al. 2017). Several traits are associated with invasiveness: high re-
productive output, reproductive mode (sexual vs. asexual), tolerance to herbivory, and 
height. Plant height often predicts invasiveness (Pyšek and Richardson 2007) through 
its impact on resource competition, correlation with biomass, and higher competi-
tive ability to exploit resources (Canavan et al. 2019). Traits correlated to plant size 
are indicators of plant competition through their ability to disproportionately acquire 
resources such as light, water, and soil nutrients, which drive increased competitive 
ability and subsequent plant community composition (Lavorel et al. 2007; Dirks et al. 
2017). Reproductive traits like clonality, increased flowering quantity, and increased 
flowering duration are indicators of invasiveness (Cadotte et al. 2006). Resource avail-
ability can drive interspecific differences in plant responses to herbivores (Coley et al. 
1985). Likewise, intraspecific susceptibility to herbivores varies across resource avail-
ability (Fine et al. 2004). While a perennial grass in both its native and invaded range 
may have similar strategies, the release from natural enemies could alter these func-
tional traits.

Guinea grass (Megathyrsus maximus syn. Panicum maximum (Jacq.) B.K. Simon & 
S.W.L. Jacobs) is consistently ranked among the most ecologically damaging invasive 
plant species globally (Best 2005; Randall 2017; CABI 2022). Guinea grass was first 
introduced to South Texas in the 1950s and has spread rapidly since the 1970s across a 
semi-tropical savanna dominated by the nitrogen-fixing trees honey mesquite Prosopis 
glandulosa Torr (Zitzer et al. 1996; Best 2005). Tree-grass interactions in these savan-
nas include facilitation and competition for water and nutrient resources (Scholes and 
Archer 1997), and these primary associations mediate invasion at local scales (Colautti 
et al. 2006). Nitrogen-fixing trees promote improved nutrient availability, shade, and 
soil moisture (Zitzer et al. 1996; Scholes and Archer 1997) and facilitate Guinea grass 
invasion (Rhodes et al. 2022). Guinea grass is a tall-statured grass, often apomictic and 
polyploid, and is highly invasive pantropically (Kaushal et al. 2015; Canavan et al. 
2019; Lambertini 2019). Tall-statured invasive grasses generally produce culms over 
1.5 m in height and are noted for associating with invasiveness. They are commonly in-
vasive outside their range (Lambert et al. 2010) and characterized by monodominance, 
high productivity, and reproductive rates (Canavan et al. 2019). Clonality, high flower 
count, and flowering throughout the season offer flexible life-history traits for invading 
Guinea grass (Rhodes et al. 2022). Comparing functional traits between naturally oc-
curring invasive and native Guinea grass populations would improve our understand-
ing of its invasion.

This dichotomy of Guinea grass is its economic success and ecological damage, 
which can be attributed to several core traits; its ability to grow in variable precipi-
tation (400 mm – 1700 mm), high tolerance to herbivory (Sukhchain 2010), high 
reproductive rates (Rhodes et al. 2022) and strong competitive ability in its invaded 
range (Ho et al. 2016). Much of our current understanding of Guinea grass reproduc-
tion, production, and function is through its development as a pasture grass (Jank et 
al. 2014; Euclides et al. 2018; Maciel et al. 2018) or as a noxious weed (Alves and 
Xavier 1986; Best 2005; Ammondt and Litton 2012). However, few studies leverage 
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an understanding of Guinea grass characteristics and interactions with natural enemies 
and stressors to understand the success of Guinea grass as an invasive species. Given 
that resource availability is a driver of invasion processes (Davis et al. 2000; Hui et al. 
2016), understanding how resources alter Guinea grass production, reproduction, and 
interaction with the herbivore community is essential for mitigating Guinea grass inva-
sion and evaluating prospective biological control programs.

Invasive plants alter the structure and function of arthropod communities (Van 
der Colff et al. 2015). Generally, invasive plants reduce arthropod diversity and abun-
dance, leading to the collapse of trophic links (Herrera and Dudley 2003). However, 
the response of arthropod functional groups to invasive plants is mixed. Litt et al. 
(2014) found that abundance and taxonomic richness decreased in around half of the 
87 studies reviewed, with the most significant increases in detritivores in 67% of the 
studies and herbivorous arthropods reduced by 48%. Plant community phylogenetic, 
phytochemical, and species richness can all impact an insect’s ability to feed on plants 
(Salazar and Marquis 2022). Therefore, many phytophagous arthropods may fail when 
plant communities change to invasive dominants, which may promote invasion.

Ungulates may be used to manage invasive plants, improving ecological restora-
tion and maintenance outcomes with the added benefit of contributing to livestock 
yields (Frost and Launchbaugh 2003; Bailey et al. 2019). Grasses escaping from highly 
abundant and diverse ungulate communities will likely have higher productivity and 
reproductivity, competing well in invaded ranges. However, ungulates have differen-
tial impacts on plant species depending on their feeding guild and the physiology of 
the plant, such that the functional diversity of herbivores reduces plant establishment 
success (Rhodes et al. 2018). Targeted grazing of palatable grasses has shown promise 
for reducing the invasiveness of plants (Gaskin et al. 2021), but sustainable manage-
ment is expected to entail arthropod associates. Thus, characterizing the arthropod 
and ungulate diversity in the native range of an invasive grass plays a critical role in 
understanding the ecological importance of those arthropods and developing efficient 
biological control programs.

The primary objective of this project was to evaluate Guinea grass functional traits 
across three habitat types in the native and invaded ranges and document the arthro-
pod and ungulate herbivore community assemblages. To achieve this objective, we; first 
quantified Guinea grass functional traits and reproductive output across three habitat 
types. Second, we measured the richness and diversity of phytophagous arthropods and 
ungulate herbivores on Guinea grass in native ranges versus the invaded range. Third, 
we characterized these communities by their relative abundance and feeding guild di-
versity. Fourth, we developed a list of the arthropod community attached to Guinea 
grass to understand their impact. We hypothesized that functional trait expression re-
lated to invasiveness would be associated with Guinea grass in its introduced range. We 
hypothesized that functional traits would differ between the three habitat types, given 
the habitat types’ innate differences in resource availability. Finally, we hypothesized 
that the abundance and diversity of phytophagous arthropods and ungulates would be 
lower in the invaded range, consistent with the Enemy Release Hypothesiss.
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Methods

We established field sites to examine Guinea grass occurring naturally in two savanna 
systems; 1) the native range in Laikipia Province, Kenya, and 2) the invaded range in 
South Texas, where Guinea grass is spreading rapidly. Ten locations were selected in 
both Kenya and Texas. Each location had three habitat types: woody mottes (thickets), 
open grassland, and riparian zones. Three 1 × 1 m subplots were randomly established 
within each habitat type for 180 subplots. Mottes were under woody legumes with 
higher soil moisture and soil nitrogen. We selected two major tree species, each native 
to the study area; Senegalia mellifera (Benth.) Seigler & Ebinger, common in the red 
soils of Laikipia, and P. glandulosa in Texas a common species. The grassland sites for 
each grouping were approximately halfway between the thicket (motte) and riparian 
habitat types. Riparian areas were defined as the upland portion of ephemeral creeks 
that fed into the main waterway (Los Olmos Creek in Texas and Ewaso Ng’iro River 
in Kenya).

In Kenya, field sites were selected along the Ewaso Ng’iro River. West of the river 
is Mpala Research Centre, an active cattle ranch with approximately 3000 livestock 
grazing at low to moderate stocking intensities on 19,500 hectares, including Zebu/
Boran mix-breed of cattle, camel, goat, and sheep. Mottes were maintained naturally 
by large ungulate and fire disturbances. In Texas, the study was conducted at two 
ranches with active brush and cattle management activities in the semi-arid mesquite 
thorn tree savanna of the South Texas Plains ecoregion. A 1600-ha ranch pasture in 
Kenedy, Kleberg & Brooks Counties on Palobia loamy fine sand was brush-chained in 
the 1970s and then partly root-plowed in 1998 to form residual stands of P. glandulosa 
in a grassland matrix and a 1000-ha ranch pasture in Brooks County, on Padrones fine 
sand. Cattle regularly graze both sites and feed on Guinea grass. Stocking densities 
were generally low to moderate using resident longhorn cattle (Bos primigenius) and 
common stocker cattle (Bos taurus).

Guinea grass productivity, functional traits, and reproduction

Within each 1 × 1 m subplot, we measured Guinea grass height to the highest leaf and 
visually estimated the percent foliar cover at each site to understand how functional 
traits vary across habitat types and invaded vs. native range. We used the height as a 
functional indicator that provides a relative indicator of the competitive potential of 
Guinea grass in its native and invaded range across habitat types. We uprooted one 
Guinea grass clump from each subplot by tossing the quadrat and selecting the central 
individual to estimate productivity and resource allocation to above and belowground 
tissues (three in total from each site). The plants were cut to separate aboveground 
tissues (leaves, culms, and inflorescences) from the belowground tissues (roots and rhi-
zomes). Belowground tissue was soaked in water overnight and then washed over a 1 
mm sieve to remove soil and soil organic matter. The aboveground tissue was dried in a 
drying oven for 72 hours at 50 °C. Root clumps were broken up over a sieve to remove 
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the remaining soil. The above and belowground tissue was summed to calculate total 
biomass, and then root tissue biomass (mg) was divided by shoot biomass (mg) to 
calculate root to shoot ratio. Finally, in each of the three 1 m2 plots, the total numbers 
of seed heads and stolons were recorded. The mean of the three plots was then used in 
the analyses. Seedheads were defined as panicles with mature seeds, noted by the ease 
of dislodging seeds. Stolons were characterized by lateral shoots that had established a 
rooted node with at least five leaves and a height of 20 cm. These definitions ensured 
that the stolon had been successfully established.

Ungulate associates

Six camera trap locations along the south, central, and northern portions of Mpala 
Research Centre and ten camera trap locations were used at the Texas ranch. The cam-
era survey was conducted from January 2019 to June 2019 until the Guinea grass 
sampling was completed. At each study site, we placed a trail camera (HyperFire 2 
Professional Covert Camera Trap) (Reconyx, Holmen, WI, USA) to estimate relative 
use by ungulate species (O’Brien 2011) within an approximate 30 m detection range 
and 40° field of view. Cameras were set at very high sensitivity to capture three photos 
at five-second intervals with a five-minute rest period between triggers. Each ungulate 
that appeared at least once in the three-photo set was counted, and these counts were 
summed and divided by the number of active camera days. Counts of each ungulate 
species were scored and converted into an index of ungulates per camera day. Ungulate 
species were then grouped into feeding guilds based on their behavior and physiology 
to grazer, mixed-feeder, and browser, following Kingdon (2015) in Kenya or based on 
physiology following Hanley (1982) and Holechek et al. (1989) in Texas. These data 
represent general patterns of ungulate activity (ungulate camera−1 day−1) and are pre-
sented as descriptive data.

Arthropod associates

Three Guinea grass plants from each site were uprooted and transported back to the 
lab. Three culms and the associated roots from each grass clump were examined for 
arthropods under a microscope, the stem was dissected, and the leaf, inflorescence, 
culm, and roots. We assumed that arthropods still attached to the plant after this 
process were more likely to be associated with this plant rather than transient. Arthro-
pod abundance was estimated by recording the number of arthropods per gram of 
wet plant tissue measured for each morphospecies recognized by morphological differ-
ences. Specimens were collected, cataloged, and stored in ethanol in a 2 ml microtube. 
Each morphospecies was barcoded at the CO1 locus. A region of approximately 450 
bp targeting the CO1 locus was amplified with degenerate primers (ZBJ-ArtF1c, ZBJ-
ArtR2c (Alberdi et al. 2018), followed by Sanger sequence analysis. Sequence similar-
ity searches were conducted against the NCBI GenBank database to score the family 
taxonomic assignments. The family level of each morphospecies was used to estimate 
feeding guild assignments using a standard reference (Simpson 2013). Feeding guilds 
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were defined as: leaf mining, leaf chewing, stem boring, fruit boring, granivorous, 
sap-sucking, gallobionts, rhizophagous, detritivorous, and saprophagous. Arthropods 
with no association with phytophagous families were not used in the analysis but were 
submitted to GenBank.

Statistics

The height of the tallest culm, total biomass, foliar cover (%), root-to-shoot ratio, sto-
lon count, and reproductive tiller counts were analyzed using mixed-effects regressions. 
Arthropod morphospecies counts were also analyzed using a mixed-effects regression. 
For all regressions, the fixed effects were the habitat type and invasion status and their 
interaction. The heterogeneity of variance was assessed by visually assessing the distri-
bution of model residuals. Invasion status (native vs. invaded) was used as an identity 
variance structure to deal with variance heterogeneity and site as a random effect to ac-
count for spatial autocorrelation. Normality was assessed by visually inspecting a histo-
gram of model residuals and was analyzed as normally distributed data. Feeding guilds 
for ungulates and arthropods are reported as the raw averages with their standard error. 
Ungulate camera data is presented as descriptive, given that no direct correlation could 
be made between ungulate abundance and specific use of Guinea grass. All regression 
analyses were done in R (R Core Team 2021) using the nlme package for mixed-effects 
modeling (Pinheiro et al. 2021).

Results

Guinea grass productivity and functional traits

Guinea grass in its invaded range had productivity and functional traits consistent 
with a successful invader. Guinea grass in its invaded range was taller, had 3.3 times 
higher biomass per plant, covered 2.5 times more area, and had twice as much shoot 
production over root production (Fig. 1). Guinea grass height was 2.5 times taller in 
its invaded range (F(1,10)= 42, p < 0.001) and interacted with habitat (F(2,44) = 4.67, 
p = 0.014), such that Guinea grass growing in riparian zones of its native range was 
statistically similar to its invaded range (Fig. 1A). Similarly, Guinea grass plants had 
higher biomass production in its invaded range (F(1,10) = 78, p = < 0.001) and an inter-
active effect was driven by the low biomass in Kenyan grassland habitats (F(2,44) = 7.0, 
p = .002) (Fig. 1B). Anecdotally, Kenyan grassland Guinea grass had more evidence of 
grazing than other habitats. Foliar cover (%) was 2.5 times higher in the invaded range 
(F(1,10) = 14, p = 0.004) and the motte habitat type (F(1,44) = 12, p < 0.001). Further, 
invasion status had a significant interaction, driven by high cover in invaded mottes 
(F(1,10) = 30 p = < 0.001) (Fig. 1C). The root-to-shoot ratio in the invaded range was 
half that of the native range (F(1,10) = 7.3, p = 0.02) (Fig. 1D) but did not vary signifi-
cantly by habitat type, nor was there an interaction (F(1,42) = 0.99, and F(2,42) = 0.92). 
Guinea grass produced twice as much aboveground biomass in the invaded range.
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Reproduction – Seed heads and stolons

Seedborne reproduction by Guinea grass, measured by seedhead count, was nearly three 
times as abundant in the invaded range (F(1,10) = 14, p = 0.004). Still, it did not vary sig-
nificantly across habitat types or the interaction between native and invaded provenance 
and by habitat type (F1,42) = 1.3 and F2,42) = 0.6, respectively) (Fig. 2A). Stolon produc-
tion was no different in the invaded range compared to the native range, nor was there 
an interaction between habitat type or invasion status. However, stolon production dif-
fered significantly by habitat type, with the grassland habitat type having around 1/10th 
to 1/20th the mean number of stolons (Fig. 2B) compared to mottes or riparian sites.

Figure 1. Guinea grass’s morphological and physiological traits across three habitat types in native and 
invaded ranges. The morphological and physiological traits of Guinea grass are presented in four panels 
A height (cm) B Biomass dry weight (g) C percent foliar cover, and D root-to-shoot ratio. The bar’s colors 
represent the ephemeral riparian, grassland, and motte portions of the matrix. Habitat type is nested 
within invaded (Texas) or native range (Kenya). The bar heights are calculated from the model predic-
tions, and the error bars are the standard error.
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Ungulate associates

In Texas, we observed five ungulate species: Bos taurus Linnaeus, 1758, Odocoileus 
virginianus Zimmermann, 1780, Pecari tajacu Linnaeus, 1758, Sus scrofa Lin-
naeus, 1758, Boselaphus tragocamelus Pallas, 1766. According to their behavior and 
physiology, these species were classified into their respective feeding guilds, one 
grazer, three mixed feeders, and one browser (Hanley 1982; Holechek et al. 1989). 
In Kenya, we observed 18 ungulate species (in order of abundance): Bos taurus 
Linnaeus, 1758, Equus quagga Boddaert, 1785, Aepyceros melampus Lichtenstein, 
1812, Loxodonta africana Blumenbach, 1797, Giraffa camelopardalis reticulata De 
Winton, 1899, Equus quagga burchellii Gray, 1824, Syncerus caffer Sparrman, 1779, 
Equus grevyi Oustalet, 1882, Ovis aries Linnaeus, 1758, Madoqua guentheri Thom-
as, 1894, Kobus ellipsiprymnus Ogilby, 1833, Tragelaphus strepsiceros Pallas, 1766, 
Taurotragus oryx Pallas, 1766, Phacochoerus africanus Gmelin, 1788, Capra hircus 
Linnaeus, 1758, Nanger granti Brooke, 1872, Raphicerus campestris Thunberg, 
1811, and Hippopotamus amphibius Linnaeus, 1758. According to their behavior 
and physiology, nine grazers, six mixed-feeders, and four browsers were assigned 
to their respective feeding guilds (Kingdon 2015). The native range presented a 
similar abundance of grazers yet considerably more abundant mixed-feeders and 
browsers. Total ungulate relative abundance across feeding guilds was 1.5 (ungu-
late camera−1 day−1) in the native range versus 1.1 (ungulate camera−1 day−1) in the 
invaded range (Fig. 3).

Figure 2. Guinea grass’s reproductive output and mode across three habitat types in native and invaded 
ranges. The reproductive outputs by seedhead and stolon counts of Guinea grass are presented in two 
panels A seedhead count and B stolon count. The bar’s colors represent the ephemeral riparian, grassland, 
and motte (woody portion) for each vegetation type, which is nested within invaded (Texas) or native 
range (Kenya). The bar heights are calculated from the model predictions, and the error bars are the 
standard error.
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Arthropod associates

Guinea grass from Texas had less than half the phytophagous morphospecies of arthro-
pods, with an average of 1.01 morphospecies per sample. In contrast, Guinea grass samples 
from Kenya had 2.14 (F(1,10) = 12 p = 0.006). However, there was no significant association 
between habitat types or interaction between habitat type and invasion status (F(1,42) = 0.19, 
F(2,42) = 1.46, respectively) (Fig. 4). When standardized by the mass of sampled Guinea 
grass, there were on average 0.28 ± 0.06 morphospecies per gram of wet material in Kenya 
and 0.169 ± 0.03 morphospecies per gram in Texas. In Kenya, we described 27 unique 
morphospecies across 15 families whose members comprise nine feeding guilds: leaf min-
ing, leaf chewing, stem-boring, fruit-boring, granivorous, sap-sucking, gallobionts, rhizo-
phagous, detritivorous, saprophagous. Ten morphospecies from 8 families and six potential 
feeding guilds were identified in Texas. In Texas, three morphospecies of oribatid mites 
were the most abundant, and they primarily decompose organic material (Fig. 5) (Table 1).

Discussion

In South Texas, Guinea grass has pronounced functional and reproductive traits as-
sociated with invasiveness. Our results show that Guinea grass in South Texas was 
taller, dominated a larger area, produced more biomass (especially aboveground), and 

Figure 3. Ungulate feeding guild abundances in Texas and Kenya. Ungulate counts per camera day-1 are 
divided into feeding guilds and presented in their invaded (South Texas) and native (Kenya) range. The 
data are raw means and standard errors.
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Figure 4. Guinea grass-associated arthropod morphospecies in three habitat types in the invaded and 
native ranges. The bar’s colors represent the ephemeral riparian, grassland, and motte (woody) vegetation 
types. The habitats are nested within invaded (Texas) or native ranges (Kenya). The bar heights are calcu-
lated from the model predictions, and the error bars are the standard error.

Figure 5. The potential feeding guilds from the total morphospecies in native and invaded ranges. Panel 
A compares potential feeding guilds given a given family’s known feeding guild types. Panel B sums the 
total morphospecies count. The bar’s colors represent native (dark) or invaded (Texas). The bar heights are 
the total sum of morphospecies that potentially belong to a particular feeding guild.
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reproduced sexually at higher rates than in its native range. These differences likely 
have cascading impacts on Guinea grass’s competition with native species (Ammondt 
and Litton 2012; Ho et al. 2016; Espinosa-Garcia and Villasenor 2017; CABI 2022). 
Guinea grass’s release from ecological stressors and enemies has likely contributed to 
the highly successful expansion of Guinea grass in the three different habitat types in 
South Texas. In contrast, the three habitat types in Kenya corresponded to heterogene-
ous and lower productivity and reproduction capacity compared to the heterogeneity 
of its invaded range. Likewise, Guinea grass’s escape from abundant and functional 
diverse phytophagous arthropods and ungulates has likely contributed to its success 
across these variable environments. This study represents an essential step in describing 
differences in the breadth of Guinea grass’s natural enemies in its native and invaded 
ranges and the niches it can occupy, which improves our understanding of Guinea 
grass invasion.

The morphology and productivity of invasive plants are functional traits that can 
predict invasiveness (Pyšek and Richardson 2007). Greater height and biomass influ-
ence resource competition and invasiveness (Canavan et al. 2019), indicating faster 
growth rates, resource acquisition, and reproductive potential. Our results suggest that 
Guinea grass is becoming dominant in its invasive range by producing taller plants, 
higher biomass per plant, and higher foliar cover (Fig. 1) (Canavan et al. 2019). This 
productivity correlates to Guinea grass’s ability to compete for light and soil resources 
which have cascading effects on nutrient cycling and fire cycles (D’Antonio and Vi-
tousek 1992). Tall-statured grasses disproportionately outcompete and become invasive 
compared to short-statured grasses (Canavan et al. 2019). Reproductive output and 
mode are associated with the invasiveness of plants (Pyšek 1997; Pyšek and Richardson 

Table 1. Diversity of arthropod morphospecies collected from Guinea grass in Kenya and Texas.

Kenya  families Species count* Texas families Species count*
Agaonidae 1 Cecidomyiidae 1
Cecidomyiidae 3 Chloropidae 1
Chloropidae 6 Cicadellidae 1
Chrysomelidae 2 Haplozetidae 3
Crambidae 1 Mordellidae 1
Curculionidae 1 Nymphalidae 1
Geometridae 2 Oppiidae 1
Hydraenidae 1 Pyralidae 1
Lygaeidae 1
Noctuidae 2
Phlaeothripidae 1
Phycitinae 1
Pyralidae 3
Tenebrionidae 1
Tortricidae 1
Total 27 10

*Species count is the number of morphospecies in that family.
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2007). In Guinea grass, seed-borne and vegetative reproduction likely leads to an effec-
tive invasion across different habitat types and resource availability (Rhodes et al. 2022).

Vegetative reproduction is associated with a higher competitive ability (Pyšek 
1997), and the reproductive mode plays a critical role in sustaining local populations 
and dispersing propagules (Benson and Hartnett 2006; Simberloff 2009). Thus, re-
productive traits play an important role in plant community assembly and subsequent 
invasion (Dirks et al. 2017). Guinea grass’s propagule pressure and reproductive plas-
ticity are critical factors for its establishment in novel and resource-available habitat 
types in its expanding range (Rhodes et al. 2022). In an established perennial grass 
community, asexual reproduction can represent up to 99% of the population turnover, 
while sexually reproduced individuals can be near 1% (Benson and Hartnett 2006). 
The higher reproduction through seedheads in the invaded range and stoloniferous 
reproduction was important in mottes in the native and invaded range. Guinea grass 
will likely have more successful establishment events in the invaded range without 
significant herbivore pressure.

In savanna systems, woody vegetation and riparian patches integrate with a grass-
land matrix creating gradients of light environment, nutrient turnover, and water avail-
ability that have vital impacts on grass growth (Zitzer et al. 1996; Ludwig et al. 2004). 
The interaction between herbivores and resources significantly impacts community 
structure and plant production (Olff and Ritchie 1998; Fine et al. 2004; Wan et al. 
2014). Plant species in different habitat types may express variable intraspecific traits 
(Pyšek 1997; Cadotte and Lovett-Doust 2001). Phenotypic plasticity may improve 
outcomes for invasiveness, and grasses invading multiple habitat types often achieve 
similar negative impacts on each habitat, despite their different resource availability 
(Richards et al. 2006). Our study found that in its native range, Guinea grass had dif-
ferent morphometrics and reproductive characteristics across habitat types. In Kenya, 
Guinea grass height in riparian areas was similar to the height in habitat types of Texas 
(Fig. 1A). These differences are partly due to increased water resources in riparian 
environments and nutrients and shade in mottes (Zitzer et al. 1996) that improve out-
comes for germination and growth in the critical early stages of development (Rhodes 
et al. 2022).

Losing natural enemies can increase biomass compared to native populations 
(Torchin et al. 2003). Guinea grass’s escape from a comprehensive assemblage of natu-
ral enemies is correlated with these increases in primary production and reproductive 
capacity. Further, in this study, higher productivity translated into higher seedhead 
production, which could further accelerate the invasion of Guinea grass in South Texas 
savannas through enhanced dispersal and propagule pressure (Rhodes et al. 2022). 
The increase in productivity correlates to the lower number of arthropod herbivores 
in the invaded range, which is indicative of a reduction in natural enemies (Torchin et 
al. 2003; Lucero et al. 2020). Aggregated with this loss of phytophagous arthropods 
is the abundance and diversity of ungulate herbivores, which may contribute to lower 
productivity in the invaded range. The feeding guilds of both groups of organisms may 
differentially impact invasion success.
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The differences between Kenya and Texas’s arthropod and ungulate communi-
ties were stark. Several arthropod species encountered in Kenya are from feeding 
guilds known to tend toward specialization, including stem borers and mites (Rho-
des et al. 2021). While invasive species can acquire novel enemies in their invaded 
range (Torchin et al. 2003; Rhodes and St. Clair 2018), they do so to a lesser degree. 
Therefore, the acquisition of generalist herbivores in Texas has likely not replaced 
the top-down impact on Guinea grass dominance and height in its native range, 
similar to the general results of enemy release (Lucero et al. 2020). However, Ken-
yan Guinea grass was similar to Texas’s in resource-rich environments (riparian areas 
and mottes). This pattern may be due to increased tolerance to herbivory through 
resource availability (Coley et al. 1985) or growth-defense trade-offs (Lind et al. 
2013). In addition, we documented that the phytophagous arthropod community 
varies drastically between the native and invaded ranges. In the case of invasive 
species that are important for forage and livestock yields, breeding programs se-
lect to heighten resistance to pathogens (Savidan et al. 1989; Maciel et al. 2018). 
Together, the arthropod and ungulate communities likely restrict Guinea grass to 
high-resource habitats and represent a barrier to its spread in Kenya. Yet, when re-
leased from these enemies, Guinea grass spreads well in a broader ecological niche 
in South Texas.

Utilizing natural enemies has formed the basis for classic biological control. The 
potential for classic biological control has been known for decades (Dodd 1940) as a 
self-sustaining management practice. However, invasive species management is also 
context-dependent, and a single organism may not be sufficient to contain an invasive 
organism. Therefore, more recent biological control programs often include a function-
ally diverse introduction of natural enemies, grasses such as Arundo donax (Goolsby et 
al. 2011; Goolsby et al. 2016), or control of invasive ants (Porter and Gilbert 2004). 
A renewed interest in controlling invasive grasses through biological control may lead 
to substantive improvements in the mitigation of grass invasion (Sutton et al. 2019).

Conclusion

This study represents an essential step in describing the productivity and reproduc-
tion of Guinea grass in three resource environments and its association with natural 
enemies in its native and invaded ranges. Guinea grass achieved high productivity and 
reproductivity across the range of habitat types in its invaded range when released 
from native enemies. However, in its native range, when subjected to natural enemies, 
the potential of Guinea grass was significantly reduced. In addition, the diversity of 
specialist and generalist arthropods in Kenya is high compared to the few generalist 
arthropods in Texas. This information improves our understanding of opportunities 
to develop impactful and sustainable biological control agents (Sutton et al. 2019). 
Further, since release from a single enemy may not drive increased invasiveness, using a 
suite of organisms across feeding guilds may be more appropriate in biological control 
(Porter and Gilbert 2004; Goolsby et al. 2011; Goolsby et al. 2016).
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Grasses are a critical group of organisms that make up most food crops and are trans-
located for pasture development, yet are also among the most pervasive invaders (Linder 
et al. 2018; Sutton et al. 2019). Given these two competing interests, an important goal 
is to search for sustainable biological control specific to the problematic grass species 
(Rhodes et al. 2021). Understanding how Guinea grass’s ecology and biology differ in its 
native and introduced range may open opportunities for directed management. A trou-
bling predicament is an enormous effort spent controlling Guinea grass as a weed and 
a similar effort developing Guinea grass as a pasture grass, encouraging invasive traits 
(Rhodes et al. 2021). Guinea grass represents an economically valuable forage species for 
livestock globally (Jank et al. 2014) yet often escapes to degrade ecosystem function and 
diversity. While traditional means of controlling invasive grasses may not be effective at 
landscape scales (Rhodes et al. 2021), a renewed focus on biological control for grasses 
could prove critical for controlling invasive grasses globally (Sutton et al. 2019).
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Abstract
In the context of global change, the integration of non-native tree (NNT) species into European forestry is 
increasingly being discussed. The ecological consequences of increasing use or spread of NNTs in European 
forests are highly uncertain, as the scientific evidence is either constraint to results from case studies with 
limited spatial extent, or concerns global assessments that lack focus on European NNTs. For either case, 
generalisations on European NNTs are challenging to draw. Here we compile data on the impacts of seven 
important NNTs (Acacia dealbata, Ailanthus altissima, Eucalyptus globulus, Prunus serotina, Pseudotsuga 
menziesii, Quercus rubra, Robinia pseudoacacia) on physical and chemical soil properties and diversity 
attributes in Europe, and summarise commonalities and differences. From a total of 103 publications 
considered, studies on diversity attributes were overall more frequent than studies on soil properties. The 
effects on soil properties varied greatly among tree species and depended on the respective soil property. 
Overall, increasing (45%) and decreasing (45%) impacts on soil occurred with similar frequency. In 
contrast, decreasing impacts on biodiversity were much more frequent (66%) than increasing ones (24%). 
Species phylogenetically distant from European tree species, such as Acacia dealbata, Eucalyptus globulus 
and Ailanthus altissima, showed the strongest decreasing impacts on biodiversity. Our results suggest that 
forest managers should be cautious in using NNTs, as a majority of NNT stands host fewer species when 
compared with native tree species or ecosystems, likely reflected in changes in biotic interactions and 
ecosystem functions. The high variability of impacts suggests that individual NNTs should be assessed 
separately, but NNTs that lack European relatives should be used with particular caution.

Keywords
biodiversity, biogeography, forest management, pairwise stand comparisons, soil impacts

Introduction

Many non-native tree (NNT) species were introduced to Europe, particularly after the 
16th century (Brundu and Richardson 2016). Some of these species have been deliber-
ately favoured across Europe through cultivation, mostly because of the different goods 
and services they provide to societies (Castro-Díez et al. 2019; Brundu et al. 2020; 
Pötzelsberger et al. 2020a; Castro-Díez et al. 2021). After their initial introductions, 
some of the NNTs have spread without further human intervention, profiting from 
suitable soil and climate, competitive superiority and/or habitat disturbance, eventually 
becoming naturalised, or even invasive (Dodet and Collet 2012). NNTs in Europe in-
clude species that are planted for timber (e.g. Eucalyptus globulus, Robinia pseudoacacia, 
Pseudotsuga menziesii, Picea sitchensis; Brundu and Richardson 2016; Brus et al. 2019; 
Spiecker et al. 2019; Øyen and Nygaard 2020) or once were used for ornamental pur-
poses and have spread since (e.g. Ailanthus altissima and Acacia dealbata). Overall, NNTs 
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cover an area of approximately 8.54 million ha, of which R. pseudoacacia (2.44 million 
ha) and E. globulus (1.46 million ha) are the most abundant (Fig. 1), corresponding to 
about 4% of the forest cover in Europe (Brus et al. 2019). This overall percentage hides 
considerable disparities among European regions and countries. For example, the most 
abundant tree species in Portugal (E. globulus), Hungary (R. pseudoacacia) and the UK 
(P. sitchensis) are non-native, while in most other European countries NNTs have a mi-
nor importance compared to native tree species (Hasenauer et al. 2016).

The pros and cons of economically valuable NNTs is a topic of lively debate because 
of the possible detrimental impacts on the ecosystems that may result from the expansion 
of these species (Campagnaro et al. 2018; Castro-Díez et al. 2019; Pötzelsberger et al. 
2020b; Wagner et al. 2021; Wohlgemuth et al. 2021). In addition, NNTs are increasingly 
discussed in the frame of global change (Brundu and Richardson 2016) and the conse-
quences of climate change on biological invasions and adequate management practices 
(e.g. Walther et al. 2009). Because of this concern, a large and diverse body of legislation 
has been created in many European countries, aiming at regulating the establishment 
of NNTs (Pötzelsberger et al. 2020b). One of the most important pieces of legislation 
is Regulation (EU) No 1143/2014, the core of which is a list of invasive alien species of 
concern to the EU, including some NNTs (e.g. A. altissima and Acacia saligna). Among 
other provisions, the regulation refers the obligation of the different EU Member States to 
have in place effective management measures for invasive alien species of EU concern that 
are widespread. In addition, guidelines on the management of NNTs have been proposed 
by several authors, aiming at minimising their possible detrimental impacts (Brundu and 
Richardson 2016; Sitzia et al. 2016; Campagnaro et al. 2018; Brundu et al. 2020).

Among the ecological impacts commonly attributed to NNTs, those related to 
soil and biodiversity are feasible to measure, functionally important and therefore par-
ticularly attractive for research (Hulme et al. 2013). The impacts of NNTs on soil 
properties can have long-term ecological consequences given the importance of soil as 
a basis for ecosystem functioning. Among the impacts on soil properties and processes 
most frequently attributed to NNTs are those related to changes in nitrogen content 
(Castro-Díez et al. 2009) and other nutrients (Medina-Villar et al. 2016), decomposi-
tion rate of organic matter (Godoy et al. 2010), pH (Cremer and Prietzel 2017) and 
organic carbon (Jackson et al. 2002; Zerva et al. 2005). Soil changes induced by NNTs 
may be viewed as either beneficial or detrimental, depending on the perspective. For 
example, an increase in soil nitrogen originated by a leguminous species may be con-
sidered beneficial from a farmer’s perspective, but detrimental from a conservationist’s 
perspective. It may be detrimental if it alters ecosystem functions and processes of a 
site or preventing the survival of species naturally-adapted to nutrient-poor soils such 
as sand dune species (Huston and Smith 1987). However, it may be beneficial if we 
consider the improvement of soil fertility, for example when rehabilitating mined areas 
(Dutta and Agrawal 2003; Vlachodimos et al. 2013; Yuan et al. 2018) or improving 
the conditions for nitrophilous weed species (Yelenik et al. 2004). As to biodiversity, 
there is certainly a solid argument for the detrimental impacts of NNTs in situations 
where they reduce richness and diversity of native taxa, or the abundance of native 
animal or plant populations. A large body of literature has been produced on the 
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impacts of European NNT species on biodiversity, ranging from microbes (Krevš and 
Kučinskienė 2017) to plant communities (Chabrerie et al. 2007), invertebrates (Goss-
ner 2016) or birds (Calviño-Cancela 2013).

A large number of papers on the impacts of NNTs has accumulated steadily during 
the previous century and more rapidly after the launching of the Millennium Eco-
system Assessment (Hassan et al. 2005). Researchers have been particularly keen in 
conducting comparisons between ecosystems populated by NNTs and native vegeta-
tion (NV; mostly native tree (NT) species or native treeless or open ecosystems (OE)), 
using similar site and climate conditions, to quantify the impact on specific ecosystem 
properties. Such studies are highly valuable as they often generate robust results based 
on sound statistical designs. However, the impact of NNTs can be highly context-
dependent (Castro-Díez et al. 2019; Sapsford et al. 2020; Castro-Díez et al. 2021), and 
may vary, e.g. according to the management history of the studied stands, the soil and 
climate characteristics of the sites, or to the NV to which it is compared. European-
wide or global assessments have so far focused on the impact of NNTs on ecosystem 
services (Castro-Díez et al. 2019), on the impact of mainly invasive plant species on 
communities and ecosystems (Pyšek et al. 2012), or on the impact of five major NNTs 
in Natura 2000 sites in Europe (Campagnaro et al. 2018). Nevertheless, a standardised 
analysis on the impact of NNTs on soil properties and biodiversity based on the exist-
ing literature is lacking.

Figure 1. Current forest area cover of 18 selected NNTs in Europe and year since first introduction (based 
on Sanz-Elorza et al. 2004; Hasenauer et al. 2016; Badalamenti et al. 2018; Brus et al. 2019). The surface of 
each square is proportional to the surface covered by each NNT in Europe. The coordinates correspond to 
the centroid of the square. For NNTs with insufficient information, the symbol ‘+’ is used.
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To fill this knowledge gap, here we select seven important NNTs and compile data 
from a large body of literature on their impacts on soil and biodiversity in Europe, 
to summarise their commonalities and differences. Specifically, in this study we aim 
to: (a) assess the relative importance of the different NNTs and their impacts based 
on published papers, dissertations and reports; (b) assess the impacts of NNTs on 
soil properties and diversity attributes of different taxa in forests of Europe, based on 
pairwise comparisons against NV; (c) analyse the commonalities and differences in 
the impacts of selected NNTs; and (d) discuss the factors that may explain similar or 
contrasting responses based on available information on NNT traits, biogeography 
and management.

Materials and methods

NNT selection and workflow

This study was initiated in the frame of the COST Action Non-Native Tree Species 
for European Forests – Experiences, Risks and Opportunities (FP 1403; 2014–18). 
From the more than 150 NNTs growing in European forests and forestry trials (Brus 
et al. 2019), we initially selected the 18 most important ones (Table 1), with their 
importance assessed according to their forest area cover (if available), and the presence 
in numerous European countries (Europe defined geographically, but excluding Russia 
and including Turkey), and/or their rapid spread. We assumed that for the species with 
these three characteristics, there are likely to be more studies and publications on the 
impacts. A species is defined as being non-native to Europe if its native range is wholly 
outside of Europe. Thus, tree species native to Europe but planted outside of their 
regional distributional range, such as Pinus nigra, Larix decidua or Picea abies were not 
considered as being non-native even when planted outside of their native range.

The workflow was divided into three phases. In the first phase, we searched the Web 
of Science (WOS) using the name of the NNT species (e.g. Prunus serotina; see Table 1; 
Fig. 2) as search string. The search covered all papers published until August 2021. Pub-
lications retrieved from the search were filtered in order to only retain those featuring 
pairwise comparisons of NNTs vs. NV regarding effects on physical and chemical soil 
properties and diversity attributes (abundance, species richness, diversity) of different 
taxonomic groups studied in European countries. We extended the comparisons with 
NTs to non-forest ecosystems (OE), as long as they represented a reference for natural-
ness in the study area. In this phase, four species (Acacia longifolia, A. saligna, Eucalyptus 
camaldulensis and Populus × canadensis) were excluded from further examination due to 
the low number of studies (n < 20). To increase the number of studies, we extended the 
search in the second phase to (i) scientific literature with no restriction on language, and 
(ii) PhD and MSc theses, or other studies published in non-WOS journals or books. 
Then, the statistical design of pairwise comparisons (NNTs vs. NV) of the selected stud-
ies was checked, and the results were examined for analysis of statistical significance, be 
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it based on tests, figures with error bars, data tables allowing for calculating, e.g. t-tests, 
or reporting significance. Because of the great variety of indicators used in different 
studies for assessing differences in soil properties and diversity attributes, the parameters 
were aggregated, according to Tables 2, 3. Three other species (Fraxinus pennsylvanica, 
Abies grandis and Pinus contorta var. latifolia) were excluded from the analysis because of 
the low numbers of soil properties or taxa groups concerning these species.

In the third phase, we focused on NNTs having >150 comparisons (cases), where 
a comparison of NNTs vs. NV regarding one soil property or one species group is one 
case. As a result, Acer negundo (n = 21), P. sitchensis (n = 23), Pinus radiata (n = 2) and 
Pinus strobus (n = 8) were excluded, leaving seven species: A. dealbata, R. pseudoacacia, 
Quercus rubra, E. globulus, P. serotina, A. altissima and P. menziesii. For the final seven 
NNTs selected from the 18 focal ones, a total of 103 scientific publications (Suppl. 
material 1: table S1, fig. 2) with pairwise comparisons regarding soil properties and 
diversity attributes were included in the analysis. The number of papers found for 
the NNTs positively correlates with the area cover, with most studies concerning 
R. pseudocacia (n = 32), P. menziesii (n = 27) and E. globulus (n = 22) (Suppl. material 
1: fig. S1). For three species the number of publications was too low (P. sitchensis, n = 4; 
P. radiata, n = 1; and P. strobus, n = 1), even though these species are among the most 
widely planted NNTs in Europe.

Table 1. Non-native tree species (NNTs) in Europe considered for literature searches (phase 1), the num-
ber of European countries where the species is present (Hasenauer et al. 2016; Brus et al. 2019; gbif.org), 
total area cover (if indicated, otherwise NA), and selection for final comparisons in regard to a sufficient 
number of pairwise comparisons. Only NNTs that reached the end of phase 3 had a sufficient number of 
papers on their impacts.

Family Species Origin Presence in European countries Considered in 
study phaseCountries # Area [ha]

Broadleaves
Fabaceae Acacia dealbata Australia 5 NA 3
Fabaceae Acacia longifolia Australia 5 NA 1
Fabaceae Acacia saligna Australia 10 NA 1
Fabaceae Robinia pseudoacacia North America 29 2.437.600 3
Fagaceae Quercus rubra North America 24 345.333 3
Myrtaceae Eucalyptus camaldulensis Australia 4 20.000 1
Myrtaceae Eucalyptus globulus Australia 6 1.458.000 3
Oleaceae Fraxinus pennsylvanica North America 10 NA 2
Rosaceae Prunus serotina N or C America 14 NA 3
Salicaceaae Populus × canadensis 14 162.274 1
Sapindaceae Acer negundo N or C America 16 4.724 2
Simaroubaceae Ailanthus altissima Asia 18 7.142 3

Conifers
Pinaceae Abies grandis North America 11 10.459 2
Pinaceae Picea sitchensis North America 13 1.160.400 2
Pinaceae Pinus radiata North America 3 257.000 2
Pinaceae Pinus contorta var. latifolia North America 11 736.000 2
Pinaceae Pinus strobus North America 19 70.382 2
Pinaceae Pseudotsuga menziesii North America 32 830.707 3
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Data analysis

Aggregated soil properties and diversity attributes were counted according to increas-
ing (+1), neutral (0) or decreasing (-1) effects (p < 0.05) for the final seven NNTs. The 
presence of an NNT was considered to have an increasing or decreasing effect if the 
average values of an attribute reported for NNT stands/individuals were significantly 
higher or lower when compared with NV stands/individuals. The terms increasing and 
decreasing relate to the direction of change rather than any judgement about whether 
the effect on the ecosystem is beneficial/detrimental. While for diversity attributes, 
increasing effects translate to an increase of abundance- or diversity related attributes, 
increasing effects with respect to soil properties can be, for some examples, interpreted 
as having an adverse effect on an ecosystem. For example, an increase in C:N ratio 
indicates a reduction of N availability, e.g. reduced soil activity.

Due to the great variety of soil properties and diversity attributes used in the stud-
ies, comparable traits were aggregated. Cases of increasing, decreasing and neutral ef-
fects were counted and used to display differences among NNTs. The numbers then 
served for transformations to percentages. As these balances reflect all cases found for 

Figure 2. Flowchart of the selection of publications and non-native tree species (NNT). Studies on the 
effects of NNTs in European forests on soil properties and diversity attributes of different taxonomic 
groups were considered.
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soil properties and diversity attributes, irrespective of whether these cases refer to simi-
lar soil properties or closely related taxonomic groups in a specific reference, possible 
nested cases may lead to biased results. Therefore, averages of cases per aggregated 
soil property and diversity attribute were also calculated reference-wise and balances 
were re-calculated accordingly. For example, Buchholz et al. (2015) compared differ-
ent insect taxonomic groups regarding abundance, species richness and beta-diversity 
in R. pseudoacacia and Betula pendula stands in the city of Berlin, Germany. From 17 
cases, four were significantly decreasing (-1), and in 13 cases no significant differences 
were found (0). For this reference, the average effect on insects was calculated as -0.24 
(-4/17). Three other references reported all decreasing effects of R. pseudoacacia on 
insects (1× in Reif et al. 2016, 1× in Hejda et al. 2017, and 2× in Kadlec et al. 2018). 
Averaging for all cases affecting insects, the total effect of R. pseudoacacia was calculated 
as -0.38 (-8/21) for this diversity attribute. In contrast, if the average effect on insects 
was calculated separately for the four references (-0.24, -1, -1, -1), and then the average 
total effect was calculated, then the total effect was -0.81 (-3.24/4).

To summarise our results of the effects of the final seven NNTs on soil properties 
and diversity attributes, we used a Principal Components Analysis (PCA). Effect scores 
for each NNT are based on total averages. Only the effects with data available for all 
NNTs were considered in this analysis. All analyses and graphs were developed using 
the statistical software R version 4.1.3 (R Development Core Team, 2022) and the 
packages dplyr, ggplot2, rgdal and raster.

Data availability

The data underpinning the analysis reported in this paper are deposited at https://doi.
org/10.16904/envidat.350.

Table 2. Most frequently analysed soil properties collected from 103 papers, aggregated and by original 
description, including number of cases (No); for a complete list of all properties mentioned in the refer-
ences, see Suppl. material 1: table S1.

Soil properties, 
aggregated

Soil properties, original No

N N, N floor, N foliar, N litter, N mineral, N soil, N stock, N topsoil, N topsoil stock, N total, N 
total floor, N total topsoil, NH4+, NH4+ topsoil, NH4+, NO2-, NO3-, NO3- topsoil, NO3-/NH4+

223

pH pH floor, pH A, pH B, pH H2O, pH-H2O floor, pH H2O topsoil, pH KCl, pH KCL floor, pH 
KCL litter, pH KCL topsoil, pH L, pH litter, pH soil, pH topsoil

149

C:N C:N, C:N A, C:N B, C:N floor, C:N foliar, C:N litter, C:N organic, C:N soil, C:N topsoil 93
Ca Ca+, Ca+ floor, Ca+ litter, Ca+ soil, Ca+ topsoil, Ca2+, Ca2+ exchangeable 70
K K, K available, K floor, K topsoil, K topsoil available, K total floor, K soil, K total topsoil, K+, 

K+ floor, K2O
67

Mg Mg, Mg floor, Mg soil, Mg total floor, Mg total topsoil, Mg2+, Mg2+ floor, MgO 60
P P, P available, P available topsoil, P exchangeable, P foliar, P total, P total floor, P total topsoil, P 

total, P2O2, P2O3, P2O4, P2O5, P2O6, P2O7, PO4

60

CEC Cation exchange capacity: CEC, CEC floor, CEC litter, CEC topsoil 58
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Results

The majority of the selected studies were conducted in Central Europe and the West-
ern Mediterranean region, while studies on NNTs in the British Isles, North and East 
Europe (e.g. P. sitchensis or A. negundo) were excluded because of the low numbers of 
cases (Fig. 3). Among the NNTs, P. menziesii (n = 615), R. pseudoacacia (n = 391) and 
A. dealbata (n = 360) accumulated most cases, followed by P. serotina (n = 315), Q. 
rubra (n = 230), E. globulus (n = 207) and A. altissima (n = 158).

In general, the different NNTs were compared with the NV that was dominant 
in each study region (Suppl. material 1: table S3). For A. dealbata and E. globulus, 
Mediterranean pine (e.g. Pinus pinaster) and oak species (e.g. Quercus ilex and Q. suber) 
but also Mediterranean shrubland types were used for the comparisons. Ailanthus altissima 
was mostly studied in floodplains characterised by the presence of poplar (Populus spp.) 
species. For P. serotina and Q. rubra, both growing mostly in Central Europe, Pinus 

Table 3. Most frequent taxa groups (aggregated) from 103 papers, with original taxa groups, diversity 
attributes, and number of cases (No).

Coarse taxa 
group

Taxa groups mentioned in the references Biodiversity measures No

Vascular 
plants

Garden natives, geophytes, hemicryptophytes, nemoral plant species, ni-
trophilous species, rare plant species, road natives, shrubs, small herbs, tall 
herbs, therophytes, tree regeneration, trees, vascular plants, wood natives

Abundance, biomass, 
cover, alpha-, beta-, 
gamma- diversity

720

Microorgan-
isms

Ammonification, ammonification rate, acid phosphotase (AP) activity, 
bacteria, beta-glucosidase (BG) activity, decomposition, fungi, enzyme 

activity, glycine aminopeptidase (GAP) activity, geometric mean of enzy-
matic activities (GMEA), microbes, mineralisation, mineralisation rate, 

N mineralisation, nitrification rate, soil species

Abundance, activity 
rates, alpha-diversity

229

Insects Blattodea; Coleoptera: taxonomic: Carabidae, Staphylinidae, Scolytidae, 
functional: phytophagous, xylophagous, zoophagous, aphidophagous, 

mycetophagous, copro-/sapro-/necrophagous, omniphagous, saproxylic; 
Dermaptera; Diptera: Brachycera (all, Syrphidae), Nematocera; 

Hemiptera: Sternorhyncha – Aphidina, Psyllidae; Auchenorryncha; 
Heteroptera; Hymenoptera: Formicidae, others; Lepidoptera (all, 

moths, Heterocera, larvae); Neuroptera; Psocoptera; Raphidioptera; 
Thysanoptera; holometabolic larvae; other insects or not further 

distinguished

Abundance, biomass, 
alpha-, beta-, gamma- 

diversity

193

Other arthro-
pods

Arachnida: Acari (Acaridida, Actinedida, Gamasina, Oribatidae: 
Gymnonota, Macropylina, Poronota), Araneae, Opiliones; Collembola 
(Entomobryomorpha, Poduromorpha, Symphypleona); Myriapoda: 
Chilopoda, Diplopoda; Isopoda; Entognatha: Protura Functional 

arthropod groups: aerial, micro-/macro, mycetophagous, polyphagous, 
saprophagous, soil-dwelling

Abundance, biomass, 
alpha-, beta-diversity

165

Bryophytes Bryophytes Abundance, alpha-, 
beta-diversity

78

Birds Bird species Abundance, alpha-
diversity

70

Mammals Bats, carnivores, mammals Abundance 24
Lichens Lichens Abundance, alpha-

diversity
17
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sylvestris, oak species (Quercus spp.) and Fagus sylvatica were mostly the native references. 
For P. menziesii, the native references were mostly Picea abies and F. sylvatica, and for 
R. pseudoacacia the native references were mostly pine and oak species.

Soil properties

From 780 soil property comparisons collected for the seven NNTs, the aggregated 
properties N (n = 223), pH (n = 152), and C:N (n = 93) were the most frequently con-
sidered properties in the studies (Fig. 4, Suppl. material 1: table S2). Except for cases 
regarding P. menziesii, the other soil properties received little attention, in particular 
cation exchange capacity (CEC), Mg, K, P and Ca.

The number of cases per species and per soil property was uneven (Fig. 4). Among 
the NNTs, the most studied was P. menziesii with the highest number of overall soil 
property case studies (n=364), followed by A. dealbata (n=135) and R. pseudoacacia 
(n=108). The lowest number of cases was found for Q. rubra (n=32). Of all soil prop-
erty cases considered, 16.9% were decreasing, 61.5% neutral, and 21.5% increas-
ing. Out of 56 possible combinations of eight aggregated soil properties for each of 
the seven NNTs, the literature review retrieved information on 49 combinations. Of 
these, impacts were decreasing in 19 cases (39%), neutral in eight (16%) and increas-
ing in 22 (45%).

Figure 3. Geographic distribution of studies with pairwise comparisons between tree species non-native 
to Europe (NNTs; countries considered for this study in grey) and native vegetation (NV), and number of 
cases for each of the seven NNTs with in total sufficiently high numbers of cases (>150).
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The following clear trends could be observed: A. dealbata increased nitrogen and 
phosphorus and decreased pH in soils. C:N ratio decreased, e.g. soil activity became 
higher, in stands of P. serotina and R. pseudoacacia. In many cases ‘no changes’ was the 
most common outcome per species and soil property; in particular, this was observed 
for A. altissima for nitrogen and pH, P. menziesii for nitrogen, pH, C:N, calcium, po-
tassium, magnesium and CEC, and R. pseudoacacia for pH and, to some extent, also 
for nitrogen.

Diversity attributes

Of all cases considered, the occurrence of NNTs was recorded as having a decreasing 
effect in 22.4% of cases, a neutral effect in 65.4% of cases, and an increasing effect in 
12.1% of cases.

The number of cases per species and per diversity attribute was more even than 
for soil properties (Fig. 5). The highest numbers of cases were recorded for R. pseu-
doacacia (n=283), P. serotina (n=269) and P. menziesii (n=251); whereas the lowest 
numbers of cases were recorded for E. globulus (n=156) and A. altissima (n=114). The 
category vascular plants was the most frequently studied taxonomic group (n=720), 
while several other groups were rarely studied (birds, bryophytes, mammals, lichens). 
Most decreasing effects were reported for E. globulus and – to a considerable extent – 
also for A. altissima. While in a majority of cases, P. serotina presented increasing effect 
balances, R. pseudoacacia had one increasing effect out of seven combinations, P. men-
ziesii two increasing effects out of five combinations, and A. dealbata two increasing 
effects out of six combinations. In contrast to the reviewed effects on soil properties, 
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Figure 4. Proportion of cases with significant increasing (green), significant decreasing (red) or neutral 
(grey; non-significant) effects of the seven tree species non-native to Europe (NNTs) on soil properties 
(aggregations listed in Table 2) found for each NNT in comparison to stands of native vegetation (NV). 
Numbers of cases are shown next to the NNTs names, below the soil properties and above the bars. In-
creasing, decreasing and neutral effects were based on statistical significance (p<0.05).
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the consistency of the effects on taxa groups was greater. Acacia dealbata, A. altissima, 
E. globulus and Q. rubra had clearly decreasing effect balances on vascular plant species 
diversity when compared to native counterparts.

Out of 56 possible combinations, the literature review retrieved information on 
38. Out of these balances of NNTs occurrences, 25 (65.8%) had a decreasing effect, 9 
(23.7%) an increasing effect, and 4 (10.5%) a neutral effect.

Effects of diversity attributes were finally compared between the two approaches 
of averaging cases (Fig. 6). Averages using only one value for a taxa group per reference 
(grey bars) corresponded quite well with averages over all diversity attributes, e.g. taxa 
groups per NNT (black bars). Only in a few cases, such as vascular plants and bryo-
phytes on P. serotina and lichens on R. pseudoacacia, did the use of subordinate groups 
contrast with the averages per reference.

Consistently available soil properties and diversity attributes were used to analyse 
the different effects of NNTs by Principal Components Analysis (PCA). While cases 
for all NNTs were available for the soil variables N, P, C:N ratio and pH, three taxa 
groups (insects, other arthropods and vascular plants) served for comparisons of all 
NNTs (Suppl. material 1: fig. S2). In the soil biplot, E. globulus and Q. rubra tended to 
increase C:N ratio, e.g. decreased soil activity, and increased pH in the case of Q. rubra. 
In the opposite direction, A. dealbata, R. pseudoacacia and P. serotina corresponded to 
increased N- and P-contents as well as decreased C:N ratio, indicating increased soil 
activity. Equally, the presence of NNTs (except for Q. rubra and A. altissima) tended to 
decrease pH. While P. menziesii seemed to slightly decrease soil activity (e.g. increase 
C:N) and slightly deplete N and P, A. altissima corresponded to an increased P content 
in soils.
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Figure 5. Proportion of cases with increasing (green), decreasing (red) or non-significant (grey) effects of 
tree species non-native to Europe (NNTs) on diversity attributes (abundance, species richness or diversity) 
of different taxonomic groups in comparison to native vegetation (NV). Numbers of cases are shown next 
to the NNTs names, below the diversity attributes and above the bars. Increasing, decreasing and neutral 
effects were based on statistical significance (p < 0.05).
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In contrast to the soil biplot, the biodiversity biplot resulted in complex patterns 
of taxa groups and NNTs that are mainly driven by the strongest signals of diversity 
× species interactions and distorting weaker signals (Suppl. material 1: fig. S2). While 
A. altissima and A. dealbata clearly decreased vascular plant diversity, most NNTs de-
creased both insect and arthropod diversity.

Discussion

Most studied NNTs and most studied impacts

The number of comparisons between tree species non-native to Europe (NNTs) and 
native vegetation (NV) are an indicator of the effort that has been invested by research-
ers in the study of different impacts of these NNTs on native ecosystems. This effort 
may give us information on the importance of each combination of species impact 
for the scientific community (e.g. Pyšek et al. 2020). Our analyses demonstrate that 
the most abundant studies found on pairwise comparisons between NNTs and NV 
matched the widespread NNTs P. menziesii, R. pseudoacacia, E. globulus and Q. rubra, 
but also three NNTs (A. altissima, A. dealbata and P. serotina) with comparatively small 
area cover. In contrast, although the conifers P. sitchensis, P. strobus and P. contorta 
var. latifolia have been quite widely planted, there were too few studies with pairwise 
comparisons to be considered in our analyses. Most likely, the reason for the disparity 
between the area occupied and the number of studies (or comparisons) is the invasive 
status of A. altissima, A. dealbata and P. serotina in several countries, the spread of these 
species and their impact on native ecosystems during the last decades. Many papers 
dealing with these species mention their invasiveness in the respective introduction 
sections, serving as a justification for the study. On the other hand, for the four most 
studied species (P. menziesii, R. pseudoacacia, E. globulus and Q. rubra) there is no 

Figure 6. Averaged effects (increasing=1, decreasing= -1, none=0) of tree species non-native to Europe 
(NNTs) on the most frequently mentioned taxonomic groups. Grey bars indicate averaged effects using all 
cases (e.g. subordinate groups) found in the references; black bars indicate average values of one value for 
each reference and taxonomic group (e.g. subordinate groups are averaged per reference).
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apparent relationship between the area occupied by each species and the number of 
cases. For example, P. menziesii, which is an economically important species in terms 
of timber production particularly in France and Germany, is by far the most studied 
species in our database with 615 cases but it occupies only one third of the area of 
R. pseudoacacia (Brus et al. 2019), with 391 cases.

According to our database, the number of comparisons between NNTs and NV 
was higher for diversity in taxonomic groups than for soil properties. There may be 
various reasons for this. Researchers can assess a large number of taxa groups in the 
same study, sometimes using the same plot, as is the case for plant studies. On the 
other hand, there is a much larger number of taxa to be studied than soil properties. 
Within the universe of different soil properties, soil nitrogen, pH and C:N, were the 
most studied, probably because of their ecophysiological relevance for plants and eco-
systems, but also because their assessment is relatively easy affordable. As for taxonomic 
groups, the variation in the abundance of vascular plants was more studied than the 
variation of all other groups. Methodological reasons, including high costs for sort-
ing and identifying species-rich groups such as insects can explain this imbalance. In 
contrast, mammals and lichens were the least studied groups of our selection, with the 
lowest number of cases and the lowest number of NNTs. The difficulties associated 
with mammal censuses at the scale most NNTs were planted is probably the main 
reason for the dearth of studies. As for lichens, only a few available studies point to an 
underrepresentation in such comparisons of NNTs and NV, a phenomenon that may 
produce bias in the interpretation of NNT impacts (Hulme et al. 2013).

Impacts of NNTs on soil properties

Our results show inconsistent impacts on soil properties. Most studies show no 
significant effects on soil properties, indicating that in many conditions, other 
intrinsic local factors, namely parent bedrock, soil type or topography may be more 
important than the tree species. However, some soil impacts seem to be strongly related 
to particular tree species. This is the case of nitrogen, which is increased by the two 
Fabaceae species (A. dealbata and R. pseudoacacia). This is in line with the findings by 
Castro‐Díez et al. (2019) who found a strong phylogenetic signal in the effect of NNT 
on soil fertility mostly because of N-fixing species. However, soil fertility comes at the 
cost of soil acidification as a direct or indirect consequence of nitrogen fixation (Tang 
et al. 1999).

We would expect fast-growing species, such as E. globulus, to produce an increasing 
effect on nitrogen content due to increased productivity, which could contribute to 
increase the organic matter by stronger root growth and increased litter input (Evans 
2009). However, this was not the case in the studies assessed here. In fact, the short-
rotation silviculture (Tomé et al. 2021), and the slow litter decomposition (e.g. Pozo 
et al. 1998) in E. globulus stands, probably leads to lower soil nitrogen content and a 
concomitant increase in C:N (Castro-Díez et al. 2012; Mallen-Cooper et al. 2022).
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Impacts of NNT on biodiversity attributes

The different taxonomic groups were, in a majority of cases negatively impacted by 
the studied NNTs when compared with the status of local NV. However, there are 
remarkable exceptions among the eight taxonomic groups examined and among the 
seven NNTs. With respect to microorganisms, for instance, there were two times more 
studies showing an increasing rather than a decreasing biodiversity. Most of these studies 
refer to A. dealbata. The results for this NNT may be linked to the results found for soil. 
The higher nutrient concentration found in most comparisons translates into a higher 
microbial activity, as found for example by Souza-Alonso et al. (2014). Bryophytes were 
also increasingly impacted, particularly by P. menziesii. Apparently, in this case the moist 
environment provided by closed and dense canopies of P. menziesii stands are likely to cause 
an increase of bryophytes, while the less shade-tolerant vascular plants declined (Finch 
and Szumelda 2007). Furthermore, several NNTs had no effect on biodiversity attributes 
of different taxonomic groups, e.g. regarding vascular plants under R. pseudoacacia (Sitzia 
et al. 2012; Vítková et al. 2017) and P. serotina (Chabrerie et al. 2010).

As for vascular plants, the most studied taxonomic group, different reasons may 
explain the increasing or decreasing biodiversity responses to NNTs, found in our 
review. A. dealbata, A. altissima and E. globulus were associated with marked detrimental 
impacts on plant diversity and abundance. In the case of A. dealbata, the reasons for 
the decrease have been related to light competition (Lorenzo et al. 2012), allelopathic 
effects (Lorenzo and Rodríguez-Echeverría, 2012), and changes in soil nutrients and 
microbial composition (Rodríguez-Echeverría et al. 2013). Similar reasons were referred 
to the decreasing plant diversity in stands of A. altissima, namely direct competition and 
allelopathic effects (Motard et al. 2015). The reasons behind the decreasing biodiversity 
response to E. globulus, may be related to intensive management practices. Eucalyptus 
globulus stands are usually coppiced every 10–12 years along three rotations, and the 
understory is often removed (Tomé et al. 2021). These frequent disturbances may 
contribute to the decrease of plant diversity (Lomba et al. 2011; Vaz et al. 2019). Other 
authors, however, point to intrinsic characteristics of E. globulus that may be associated 
to the impact on plant diversity, including the amount of light that reaches the soil, 
preventing the establishment of shade-tolerant species or the lack of seed-dispersing 
birds (Calviño-Cancela 2013). Allelopathy, which inhibits germination and root growth 
of understory plants, has been referred to by many authors (e.g. Souto et al. 2001; 
Becerra et al. 2018), while a more recent study did not find evidence of allelopathic 
effects of E. globulus on Californian native species (Nelson et al. 2021). This latter 
work suggests that other mechanisms, such as changes in osmotic potential and water 
or light acquisition, may better explain the suppression of understory in E. globulus 
plantations. As for P. menziesii, the reasons for lowered plant diversity and abundance 
are normally related with the dense cover of plantations before thinning, strongly 
shading the ground (Augusto et al. 2002; Finch and Szumelda 2007). In contrast, 
according to Budde (2006) and Podrázský et al. (2014), species richness and abundance 
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can be increased in comparison to native stands of P. sylvestris, P. abies, F. sylvatica and 
Quercus spp., which obviously strongly depends on management intervention applied 
to P. menziesii stands aimed to support continuous growth and equally increase light 
transmission. Comparisons of R. pseudoacacia stands with NV resulted mostly in non-
significant effects, i.e. vascular plant diversity did not differ in the paired stands. There 
were, however, more cases with increasing than decreasing responses of biodiversity, e.g. 
Buchholz et al. (2015). Examples with reduced biodiversity highlight the dominance 
of nitrophilous species in R. pseudoacacia stands in contrast to herbaceous vegetation in 
native forests (Benesperi et al. 2012), or the lack of native plant species adapted to low 
pH and nitrogen levels in favour of exotic and ubiquituous species in R. pseudoacacia 
plantations (Piwczyński et al. 2016). The fact that an increase in nitrogen was observed 
in only half of the cases for R. pseudoacacia vs. NV may explain why this NNT does not 
seem to have a general cascade effect on vascular plant diversity.

The higher numbers of increasing vs. decreasing biodiversity responses to P. serotina 
are surprising and reflect the context of the studies considered in the analyses. For 
P. serotina, many increasing cases originate from two studies by Dyderski and Jagodziński 
(2021a, 2021b), in which several diversity attributes are listed. Most of them refer to 
P. serotina growing in Pinus sylvestris stands or plantations and were compared mostly 
with dense and species-poor Fagus sylvatica stands. In contrast, the paper-balanced 
score in Fig. 6 (in black; only one average value per taxonomic group per paper), results 
in a distinct decreasing response in vascular plant diversity. This corresponds with many 
studies that report a reduction in light levels caused by the presence of P. serotina (e.g. 
Starfinger et al. 2003; Chabrerie et al. 2010; Dyderski and Jagodziński 2019).

In summary, it is challenging to disentangle the different factors responsible for 
a certain impact and to ascertain which factors are more important when it comes 
to cultivated NNTs (Augusto et al. 2002; Tomé et al. 2021). Similarly to E. globulus, 
plantations of other NNTs are often intensively managed in relatively short rotations 
to maximise timber production, which results in specific disturbance and light avail-
ability regimes across the cultivation cycle (Augusto et al. 2002). These disturbance 
regimes may include pruning, thinning, understory removal and a clear cut at the end 
of a rotation. Therefore, cultivation history needs to be considered to better understand 
the long-term impacts of NNTs on biodiversity (e.g. Carneiro et al. 2008). However, 
the control for management influence, allowing its separation from the intrinsic species 
characteristics, is not included in most studies that compared NNTs and NV. The dis-
cussion on this topic becomes even more problematic with cultivated NNTs that spread 
spontaneously and mix with both native and non-native species, such as in the case for 
E. globulus in the Iberian Peninsula (Tomé et al. 2021) and R. pseudoacacia in Central 
Europe (Vítková et al. 2017). More sound conclusions can be drawn from those species 
that are currently not cultivated and which are considered noxious weeds by national 
legislations, such as A. altissima or A. dealbata (Pötzelsberger et al. 2020b). Given their 
invasive behaviour, there is a strong probability that most stands have been naturally-re-
generated and that no management operations have influenced the impacts they cause.
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According to our results, the NNTs that cause the strongest impact on bio-
diversity are those that are phylogenetically distant from European plant species. 
This is in line with other studies showing the importance of congeneric plant spe-
cies in the establishment and survival of other living organisms that are part of the 
ecosystem (Harvey et al. 2012; Spafford et al. 2013). A. dealbata, E. globulus and 
A. altissima are associated with the lowest biodiversity in comparison to NV. While, 
as previously stated, the role of management should be taken into account in the 
case of E. globulus, this role is not a significant factor in A. dealbata and A. altissima. 
Therefore, one possible explanation is the lack of eco-evolutionary history with lo-
cal native species, making it more difficult to establish ecological interactions, such 
as pollination, herbivory, seed dispersal and entire food webs, in particular when 
the planted area is small and thus interactions with NV are rare. Nonetheless, there 
are cases of strong ecological integration of NNTs, such as the case reported for the 
pollination of E. globulus in Galicia, Spain (Calviño-Cancela and Neumann 2015). 
However, this might occur at the expense of reproductive success and maintenance 
of native plant populations (Arceo‐Gómez and Ashman 2016). The development 
of these NNT-based novel ecosystems should therefore be taken into consideration 
when assessing and analysing the impact of NNTs on native species (Hobbs et al. 
2006). Besides intrinsic factors of NNTs related to the phylogenetic relatedness 
(e.g. secondary plant compounds) also structural properties (bark, canopy archi-
tecture) as well as co-introductions of associated species can be important in some 
cases as shown for P. menziesii (Gossner et al. 2005; Gossner and Ammer 2006; 
Gossner 2016).

Conclusions

Our review provides an overview of current knowledge of the effects of NNTs on 
selected soil properties and diversity attributes and thus a general basis for the discus-
sion on planting and favouring of NNTs in Europe in the face of global change. It 
shows that despite its relevance, information on the ecological impacts of NNTs is still 
limited for most species. Our results for seven NNTs with sufficient data suggest that 
overall impacts on soil properties are low, and in some cases NNTs may even increase 
soil fertility. However, nutrient enrichment that facilitates the spreading of ruderal or 
expansive species needs to be carefully assessed, especially in naturally nutrient-poor 
environments that are particularly important for biodiversity conservation. Significant 
negative impacts on biodiversity–in particular on vascular plants, insects, and other ar-
thropods–are observed more frequently and suggest a cautious use of NNTs, especially 
for species that have no close relatives in Europe. In addition to these general trends, 
our results suggest a strong context-dependency of impacts, especially with respect to 
focal taxa mainly occurring in different regions and structural properties of the man-
aged stands.
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Abstract
In recent years, Lake Constance has experienced an invasion and domination of three-spined stickleback 
(Gasterosteus aculeatus) in the pelagic zone, which has coincided with a decline in the native whitefish 
(Coregonus wartmanni) population. Similar massive invasions of sticklebacks into pelagic zones have been 
recognized also in marine areas or small lakes worldwide. However, their diet overlaps with native species 
is rarely evaluated, especially in the winter season, which often presents a bottleneck for fish survival. In 
this study, we compared the diet of pelagic sticklebacks with the diet of the substantially larger native 
whitefish in different seasons, to evaluate the threat of the recent stickleback invasion on whitefish popula-
tions. By monthly sampling of zooplankton and both fish species diets, we could demonstrate that stick-
lebacks select similar prey throughout most of the year and consume more prey than whitefish during the 
winter. With relations between prey availability and prey selection, interspecific and intraspecific seasonal 
diet variability and indices like a prey-specific index of relative importance, we discuss the importance of 
zooplankton species traits and abundance for whitefish and stickleback predation. This study shows that 
sticklebacks, despite their small size, represent a serious potential diet competitor to native planktivorous 
fish. Sticklebacks quickly adapt to new environments, and thus we advocate precautions regarding their 
introduction into similar lakes as Lake Constance, as this could cause irreversible ecological changes.
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Introduction

The spread of invasive species can cause irreversible changes in ecosystems because it of-
ten affects many biological organisational levels, from genes to ecosystems (Ellender and 
Weyl 2014). Native species with an analogous ecological role can be especially affected if 
the invader is superior in resource utilisation (Dick et al. 2017). Dietary overlap is an im-
portant factor that can be used to predict the likelihood of competition when resources 
are limited (Sale 1974). Furthermore, understanding seasonal changes in the abundance 
of prey and the selection of prey by predators is fundamental for understanding the in-
teractions between native and invasive species as well as energy transfer within ecosystems 
(Baxter et al. 2004). Therefore, studying the diets of invaders in situ and comparing them 
with natives is valuable for assessing possible ecological consequences.

Lake Constance is facing a new fish invasion, and besides a pilot study (Bretzel et 
al. 2021), no study to date has investigated the seasonal diet of the invader – the three-
spined stickleback (Gasterosteus aculeatus Linnaeus, 1758; henceforth referred to as 
“stickleback”). Sticklebacks were first reported in the lake in the 1950s (Muckle 1972; 
Roch et al. 2018); however, for decades, their presence was limited to the littoral zone. 
Then, in 2012/2013, sticklebacks suddenly invaded the pelagic zone in high numbers 
(~2300 per ha) (Rösch et al. 2018; Eckmann and Engesser 2019). In September 2014, 
they represented more than 95% of the number and 25% of the biomass of all pelagic 
fish (Alexander and Vonlanthen 2016). Except for the Baltic Sea, which has brackish 
water, sticklebacks rarely appear in the pelagic zone in such abundance (Jakubavičiute 
et al. 2016). The impact of sticklebacks on freshwater zooplankton, which is by far 
the most important invertebrate food in the pelagic zone, is rarely investigated and 
mostly restricted to smaller shallow lakes (Campbell 1991; Sanchez-Gonzales et al. 
2001; Jakobsen et al. 2003). Furthermore, the effects of increased predation pressure 
from sticklebacks on the diet of whitefish (Coregonus wartmanni Bloch, 1784), which 
was historically and until recently a keystone pelagic fish in Lake Constance (Eckmann 
and Rösch 1998) has not yet been studied.

Although Lake Constance is among the most studied lakes globally, the diet of white-
fish was analysed only sporadically. The first study was done almost 100 years ago during 
the initial oligotrophic state of the lake (Auerbach et al. 1924; Elster 1944), while during 
the eutrophic state of the lake only two sampling campaigns of whitefish diet were made 
(Hartmann 1983; Becker and Eckmann 1992; Eckmann et al. 2002). Afterwards, the 
lake underwent re-oligotrophication, which decreased the yield of whitefish (Baer et al. 
2016). In parallel with the invasion of sticklebacks, whitefish yield additionally declined 
and whitefish growth was further reduced (Rösch et al. 2018). Probably, these reductions 
are related to increased competition for food caused by the stickleback invasion; how-
ever, functional studies are lacking. Additionally, during the invasion, the zooplankton 
community underwent significant changes, e.g. a sudden increase in the numbers of a 
small daphniid, Daphnia cucullata (IGKB 2020), whose role in fish diets is unknown.

The final sizes of sticklebacks and whitefish greatly differ (Kottelat and Freyhof 
2007). According to Kleiber’s law (Kleiber 1947), larger whitefish are expected to 
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consume more food per individual but less per biomass than smaller sticklebacks. As 
both fish species also differ in their spawning and juvenile growing seasons (Kottelat 
and Freyhof 2007), differences in their feeding behaviours and diet preferences might 
be more pronounced during certain seasons. As body size plays an important role in 
overwintering feeding strategies in some species (van Deurs et al. 2011), differences 
between both fish species could result in their predation differences in winter. Except 
for young and small fish, which are limited by their gape size (Hartmann 1983; Bran-
strator and Lehman 1996; Makrakis et al. 2008), zooplanktivorous fish generally select 
larger, more conspicuous, and more abundant prey (Lazzaro 1987; Gliwicz and Pija-
nowska 1989). Laboratory data show that already 2-cm-long sticklebacks can consume 
prey in the same size range as larger and older first-year-of-life (0+) whitefish (Ogorelec 
et al. 2022). However, whitefish and sticklebacks have different sizes, morphologies, 
and feeding strategies, and thus their predation success on various types of zooplank-
ton may differ in situ. Sticklebacks are small fish and considered feeding generalists, 
consuming a wide range of littoral and pelagic food (Wootton 1984). By contrast, 
the pelagic whitefish is a specialised zooplankton feeder with morphological and be-
havioural adaptations for effective zooplanktivory (Lazzaro 1987) and can selectively 
pick large quantities of the larger zooplankton species, e.g. Bythotrephes longimanus 
(Eckmann et al. 2002). Therefore, they might feed differently and more selectively 
than sticklebacks.

To better understand the diets and feeding relations of whitefish and sticklebacks 
in situ, we conducted a 1-year seasonal diet study, sampling fish using gillnetting and 
trawling, and assessing their stomach content. We aimed to assess 1) whether stick-
lebacks consume more zooplankton biomass per body weight than whitefish, 2) diet 
differences depending on prey availability and season, 3) whether zooplanktivorous 
whitefish are more selective than generalist sticklebacks, and 4) the implications of the 
zooplankton consumption of sticklebacks on whitefish.

Methods

Study site

Upper Lake Constance is located in the south of Germany and represents the main 
basin of Lake Constance. It is a lake with an area of 476 km2 and an average depth 
of 101 m. With increased human population and eutrophication, the concentration 
of phosphorus peaked at around 90 μg/L in the late 1970s. Afterwards, building 
wastewater treatments and the phosphorus ban in detergents started to show effects on 
phosphorus concentration, which gradually decreased and in the 2000s approached 
values recorded in the early 1950s (below 10 μg/L). Nowadays, the lake is oligotrophic, 
average chlorophyll-a concentrations are around 2–3 μg/L, diatoms are the dominating 
algae, and the density of zooplankton is low (dry weight in the upper 20 m = 80 μg/L) 
(IGKB 2018). The lake contains around 30 fish species, among which only whitefish, 
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sticklebacks, perch (Perca fluviatilis Linnaeus, 1758), lake trout (Salmo trutta Linnaeus, 
1758), arctic char (Salvelinus cf. umbla Linnaeus, 1758), and deepwater char (Salvelinus 
profundus Schillinger, 1901) occupy the pelagic zone in the adult stage of life (Eckmann 
et al. 2006; Alexander and Vonlanthen 2016).

Sampling

From April 2017 to May 2018, monthly fishing and zooplankton sampling took place 
in the pelagic zone of Upper Lake Constance. Gillnet fishing for whitefish was per-
formed with 7-m-high net panels of different lengths and mesh sizes (14, 17, 20, 26, 
32, 36, 38, and 40 mm) combined into one 420-m-long fleet. The net panels were set 
up 2 h before sunset and picked up 1.5 h after sunset, resulting in only 3–4 h of fish-
ing, which prevented significant digestion of fish stomach content. As whitefish depth 
distribution is temperature dependent, mean fishing depth is changing with the sea-
son (Thomas et al. 2010). Surface water temperature during the study period in Lake 
Constance ranged from 5.1 °C in February 2018 to 22.9 °C in August 2017, when 
the thermocline extended from 10 to 15 m depth (IGKB 2018, 2020). Therefore, 
the depth at which nets were set ranged from 5–12 m in May to 32–39 m in Janu-
ary to ensure a sufficient number of samples. Caught fish were handled according to 
the German Animal Protection Law (§ 4) and the ordinance on slaughter and killing 
of animals (Tierschutzschlachtverordnung § 13). Immediately afterwards, they were 
put on ice and transported to the laboratory, where they were weighed (to the nearest 
0.01 g and 1 g for sticklebacks and whitefish, respectively), measured (to the nearest 
1 mm), and sexed. Stomachs (oesophagus to pylorus) were preserved in 70% EtOH for 
subsequent content analysis. In parallel to whitefish fishing, zooplankton was sampled. 
A standard Clarke Bumpus sampler with a 16-cm-wide opening and net mesh of 100 
µm was used at different depths (0–10, 10–20, 20–30, 30–40, and 40–60 m), and 
then all depths were pooled together to obtain an average density for the entire water 
column (0–60 m). Zooplankton strongly migrates around dusk, and thus sampling 
was performed twice: immediately after setting up the gillnets and just before picking 
them up, i.e. before and after sunset (May and July 2017 were without day samples due 
to issues with the net). The average densities of both (day and night) samplings were 
used for further analysis.

Sticklebacks were caught by trawling with a 3-m-high and 2-m-wide trawl with a 
mesh size of 6 mm. The mesh size of the codend was 4 mm. Trawling was conducted 
after sunset at depths of 0–3, 3–6, 9–12, 15–18, and 21–24 m; the process is described 
in detail by Gugele et al. (2020). Caught fish were killed with an overdose of clove oil 
and put into 70% EtOH for stomach (oesophagus to pylorus) content analysis. To en-
sure comparable data between whitefish and sticklebacks, we aimed to catch both fish 
species on similar dates. However, due to technical difficulties and weather conditions, 
sampling dates for both fish species differ by an interval of 0–15 days. For comparing 
fish diets for each month, the dates July 31, 2017, and November 2, 2017, were de-
noted as August and October, respectively.
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Zooplankton identification

Samples of zooplankton from the lake and stomachs were divided for identification 
and counted into aliquots of at least 300 individuals using a sedimentation tube 
with two equal chambers at its bottom. Eight zooplankton taxa were identified: 
Eudiaptomus gracilis Sars, 1862, Cyclopoida Burmeister, 1834, Bosmina spp. 
Baird, 1845, Daphnia cucullata Sars, 1862, Daphnia longispina O. F. Müller, 
1776, Daphnia galeata Sars, 1864, Leptodora kindtii Focke, 1844, and Bythotrephes 
longimanus Leydig, 1860. Other taxa, including Diaphanosoma brachyurum Liévin, 
1848 and flying insects or benthic invertebrates, represented less than 0.2% of the 
stomach content and were thus excluded from the analysis. Damaged zooplankton 
from stomachs was identified from the remaining fragments as described by Stich 
and Maier (2006). Data regarding zooplankton species-specific average sizes 
were obtained from routine zooplankton sampling of the Limnological Institute, 
University of Konstanz, from May 2017 to April 2018 to complete one full year. If 
size measurements of certain species were missing (B. longimanus and L. kindtii), our 
measurements from the lake samples were used. In both cases, body measurements 
were done on animals, fixed with 4% formaldehyde (routine sampling) or with 70% 
EtOH (our measurements).

Data analysis: consumed zooplankton biomass and predator selectivity

Zooplankton dry weight was calculated from species-specific body length, and the 
dry weight correlations were obtained from multiple authors to gather information 
for all zooplankton species (Geller 1989; Hälbich 1997; Michaloudi 2005; Bledzki 
and Rybak 2016). From the counted zooplankton from each fish stomach and the 
average dry weight of each zooplankton species, the total consumed zooplankton dry 
weight was calculated for each fish. Dividing this value with fish wet weight yielded 
the prey:predator ratio (mg/g). The difference in consumed zooplankton dry weight 
and the prey:predator ratio was compared with the non-parametric Wilcoxon-Mann-
Whitney test for two periods during which both fish were present: May 2017 to Sep-
tember 2017 and October 2017 to January 2018.

Fish selectivity for zooplankton species was expressed as the Chesson Index, 
which considers not only the percentage of prey in the stomach but also in the envi-
ronment (Chesson 1978): αi = (ri / pi) / (Σ

m
i=1 ri / pi); where ri = proportion of food 

item i in the stomach, pi = proportion of food item i in the environment, m = num-
ber of food items in the environment. In our case, m was considered the average 
number of every zooplankton species per m3 in the entire sampling depth profile 
(0–60 m) and was calculated from the average values of the first (day) and second 
(night) samplings. Values that were equal to zero (i.e. no prey species present) were 
excluded from the Chesson Index calculation. The index values vary between 0 and 
1, where α > 1 / m indicates a preference, and α < 1 / m indicates avoidance of prey 
species by the predator.
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Seasonal Bray-Curtis similarities

Non-metric multidimensional scaling (NMDS) ordination plots based on Bray-
Curtis similarities was used to identify seasonal changes in the diet of stickle-
backs and whitefish. All analyses were conducted in PRIMER (v.7.0.13, PRIM-
ER-e, Quest Research Limited, Albany, New Zealand). Stomach content data was 
fourth-root transformed and averaged for each time point (sampling month), and 
a Bray-Curtis resemblance matrix was created. Time points with less than five 
individuals were omitted from the analysis. Subsequently, NMDS was performed 
with 1000 repeats (Kruskal fit scheme = 1, minimum stress = 0.01; Clarke and 
Warwick 2001).

In order to compare the seasonal patterns of the diet composition between the 
two fish species, stomach content data of five individuals were pooled (for each species 
and time point) and subsequently standardized (by total) to improve comparability 
between the two species. Pooling of five individuals was done to decrease the number 
of zero values in each category of prey species (Hourston et al. 2004). An overview of 
the number of replicates for each time point, season, and species after pooling is avail-
able in Suppl. material 1: table S2. The data was then transformed (square-root), and a 
Bray-Curtis resemblance matrix was created. Next, averages were bootstrapped based 
on species and season (n = 33 bootstraps per group, minimum rho = 0.99, bootstrap 
regions = 95%) and plotted in an NMDS orientation plot (1000 repeats, Kruskal fit 
scheme = 1, minimum stress = 0.01). Analysis of similarities (ANOSIM) was used to 
test for significant differences between the diets of whitefish and sticklebacks in each 
season (one-way, 999 permutations; Clarke 1993). If ANOSIM revealed statistically 
significant differences between sticklebacks and whitefish in a season, a similarity per-
centages procedure (SIMPER) was used to identify the contribution of individual 
prey species to the differences between the two fish species (one-way, 70% cut-off; 
Clarke 1993).

As both adult and first-year-of-life (0+) sticklebacks were sampled in July and 
September of 2017, permutational multivariate analysis of variance (PERMANO-
VA; Anderson 2001) was used to examine whether the stomach content differed 
between the two age groups. A Bray-Curtis resemblance matrix (Clarke et al. 2006) 
was created from the dataset (n = 15 adults, n = 22 0+ fish), and PERMANOVA 
(two-way, 999 permutations, sums of squares: type III (partial), unrestricted per-
mutation of raw data) was conducted, taking into account the factors “age”, “time 
point”, and their interaction (“age × time point”). The month of August was ex-
cluded from the analysis as only 0+ sticklebacks were caught. In case of statistically 
significant differences between 0+ and adult sticklebacks, the analysis of seasonal 
changes in diet and patterns between sticklebacks and whitefish was repeated ex-
cluding 0+ sticklebacks. For this purpose, stomach content data of four individuals 
were pooled (for each fish species and sampling point), standardized (by total), and 
analysed as described above.
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Beta regression and prey-specific index of relative importance

The dependence of the relative abundance in the stomach on log10 transformed rela-
tive abundance in situ was analysed for each fish and zooplankton species using beta 
regression, which is an appropriate regression method when dependent variables range 
between 0 and 1 (Cribari-Neto and Zeileis 2010). To avoid pseudoreplication, beta 
regression was performed with median relative abundances of each zooplankton spe-
cies for each fish species sample on each sampling date. As for NMDS, beta regression 
analysis was performed with and without 0+ sticklebacks (Fig. 5, Suppl. material 1: fig. 
S2, respectively).

The importance of each prey taxa for the predator diets was expressed with the prey-
specific index of relative importance (%PSIRI). It is similar to the commonly used in-
dex of relative importance, which uses occurrence, numerical abundance, and biomass 
of each prey taxon in predator diets, and provides a balance between all three parameters 
in calculating the index metric (Cortés 1997; Liao et al. 2001). However, %PSIRI 
is a recommended replacement due to less erroneous behaviour and more balanced 
treatment of prey quantity measures (Brown et al. 2012): %PSIRI = %FOi * (%PWi 
+ %PNi) / 2; where %FOi = frequency of occurrence (present/not present in stomachs), 
%PWi = prey-specific weight, and %PNi = prey-specific number in the predator’s diet. 
PWi = Σ %Wi / ni and PNi = Σ %Ni / ni; where %Wi = prey i weight (relative to all 
prey weight in an individual stomach), %Ni = prey i number (relative to all prey num-
ber in an individual stomach), and ni = number of stomachs containing prey i.

Data were analysed and plotted with statistical software R (R Core Team 2018), 
using the packages tidyverse (Wickham et al. 2019), lubridate (Grolemund and Wick-
ham 2011), Rmisc (Hope 2013), rstatix (Kassambara 2021), ggpubr (Kassambara 
2020), and betareg (Cribari-Neto and Zeileis 2010). Bray-Curtis similarities and all 
related analyses and plotting were done with PRIMER v.7.0.13 and JMP Pro 15.2.1 
(SAS Institute).

Data availability

The raw data are available via Zenodo at https://doi.org/10.5281/zenodo.6523369 
(after 1.1.2023).

Results

We analysed the stomach contents of 221 whitefish and 144 sticklebacks obtained 
from monthly fishing in the pelagic zone of Upper Lake Constance between April 
2017 and May 2018. Caught whitefish were 180–461 mm long (42–898 g), and stick-
lebacks were 20–81 mm long (0.05–7.3 g). From July to September, we identified two 
size groups (0+ and 1+ and older) of sticklebacks. The group of smaller sticklebacks 



Žiga Ogorelec et al.  /  NeoBiota 78: 71–97 (2022)78

(0+) measured 20–30 mm in length in July, increased in size through summer, and 
merged with the group of older sticklebacks in the very beginning of November. The 
contribution of this group (0+) to all sampled sticklebacks was 55% in July, 100% in 
August, and 68% in September (Fig. 1A, Suppl. material 1: table S1). Diets could be 
compared from May 2017 to January 2018, when both fish species were caught in 
sufficient quantities, i.e. at least 16 each, except for May and January, when only five 
sticklebacks were caught (see Suppl. material 1: table S1). Both fish species foraged 
almost exclusively on pelagic zooplankton. Only 18 and 15 whitefish’ and sticklebacks’ 
stomachs, respectively, contained other prey (e.g. Diptera imago, Chironomidae pu-
pae, roe) and from these only 4 and 8 whitefish’ and sticklebacks’ stomachs, respec-
tively, contained prey items typical for the littoral or benthic zone (e.g. Chironomidae 
larvae or Gammarus sp.). Only two sticklebacks’ stomachs contained larger amounts 
(n = 11 and n = 74) of this type of food.

Consumed prey biomass

From May to September, whitefish had a significantly higher total dry weight con-
sumption per fish than sticklebacks (whitefish, n = 80; sticklebacks, n = 100, median 
difference = 12.0 mg, W = 385, p < 0.0001). However, from October to January, 
sticklebacks surpassed whitefish in zooplankton consumption (whitefish, n = 64; stick-
lebacks, n = 76, median difference = 1.03 mg, W = 3687, p < 0.0001) (Fig. 1B). 
In terms of dry weight consumption per weight of fish, sticklebacks consumed more 
in both mentioned periods (whitefish, n = 80; sticklebacks, n = 100, median differ-
ence = 1.02 mg/g, W=6912, p < 0.0001, and whitefish, n = 64; sticklebacks, n = 76, 
median difference = 0.53 mg/g, W= 4596, p < 0.0001 respectively) (Fig. 1C).

Interspecific and intraspecific seasonal diet variability

The smallest crustacean zooplankton in the lake was Bosmina spp., followed by co-
pepods, daphniids and both predatory zooplankton species (Fig. 2A). The lowest 
dry weight had cyclopoid copepods and the highest had B. longimanus (Fig. 2B). 
Small zooplankton had the highest relative abundance, especially copepods, which 
dominated throughout most of the season (Fig. 2C). However, when larger prey was 
available their contribution to the fish diet was low. Zooplankton contribution to 
the diet of each fish individual differed, resulting in high interspecific and intraspe-
cific variability in whitefish and stickleback diets throughout the year (Fig. 2D, E). 
Both fish diets followed the trend of absolute abundance of zooplankton species. In 
May 2017, they consumed mostly Bosmina spp., which was by far the most abun-
dant species in this month. In summer, they consumed larger and more diverse prey 
like B. longimanus, L. kindtii and D. longispina. In winter, when other prey was less 
abundant, they relied mostly on copepods and D. longispina (Fig. 3A). From May 
2017 to January 2018, the selection of B. longimanus strongly prevailed in both fish 
(Fig. 3B).
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The results of NMDS indicate seasonal changes in the diets of sticklebacks and 
whitefish (Fig 4A, B). The stress values of the NMDS ordination plots were 0.1 and 
0.09 for sticklebacks and whitefish, respectively. The seasonal changes in the diets of 
both fish species were compared with bootstrapped averages (Fig. 4C). The stress value 
of the NMDS ordination plot was 0.14. ANOSIM revealed statistically significant dif-

Figure 1. Seasonal changes of whitefish and sticklebacks between 2017 and 2018. Fish mass (empty dots 
represent sticklebacks that can be identified as a separate, 0+ group; A), zooplankton dry weight (DW) 
consumption (average ± 1 SD; B) and zooplankton DW consumption per gram of fish wet weight (WW) 
(average ± 1 SD; C). Note that sticklebacks were caught from May until January and that in (A), (C) 
values for April are missing due to missing measurements of whitefish weight. Large SD values in some 
months are due to small sample numbers, non-feeding, or a mixture of 0+ and 1+ fish in the case of July 
sticklebacks (see Suppl. material 1: table S1).
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ferences between species (R = 0.549, P = 0.001). Comparing diets of sticklebacks and 
whitefish per season with the posthoc tests revealed statistically significant differences 
in summer and winter (see Suppl. material 1: table S3). However, when 0+ sticklebacks 
were excluded from the analysis, statistical differences remained only in winter (see 
Suppl. material 1: fig. S1). The similarity percentages procedure revealed an average 

Figure 2. Crustacean zooplankton taxa of Lake Constance and their contribution to fish diets. Zoo-
plankton average body size (A), dry weight (B), seasonal composition (depth: 0-60 m; C) and seasonal 
contribution to diet of individual whitefish (D) and sticklebacks (E). Empty slots represent missing data 
(fish not caught or fish with empty stomachs).
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Figure 3. Zooplankton consumption by whitefish and sticklebacks. Seasonal zooplankton consumption 
(A) and Chesson’s prey selectivity index from May 2017 to January 2018 (B). Lines with black squares 
represent average zooplankton density (N/m3) in the lake (depth: 0–60 m). The period in which our 
samples contained both fish species is delimited by dashed vertical lines. Zooplankton is ordered from the 
smallest to the largest species. Chesson’s Index values above and below the red line (a = 1/m) represent 
preference and avoidance, respectively, for each zooplankton species over the compared period.
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dissimilarity between sticklebacks and whitefish of 46.97%. Cyclopoida and D. long-
ispina contributed most to the dissimilarity, with 20.81% and 18.73%, respectively 
(see Suppl. material 1: table S4). Likewise we found statistically significant differences 
in diet composition between the two age groups of sticklebacks (df = 1, pseudo F = 
6.5429, p = 0.001), the two time points (df = 1, pseudo F = 9.8253, p = 0.001), and 
their interactions (df = 1, pseudo F = 4.5848, p = 0.001).

Feeding on large or abundant prey

Fish intensively preyed on large zooplankton species (D. longispina, B. longimanus, 
and L. kindtii) already at low relative abundances, whereas they consumed smaller 
zooplankton species only when these species were the most dominant prey (Figs 2, 5). 

Figure 4. Seasonal changes in the number of consumed prey species for sticklebacks and whitefish in 
Lake Constance. Non-metric multidimensional scaling (NMDS) ordination plots for whitefish (A) and 
stickleback (B) data based on Bray-Curtis similarities. An NMDS ordination plot of bootstrapped aver-
ages for both species (C). Vectors indicate the direction and strength of individual prey species on orienta-
tion (Pearson correlation).
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The consumption of all species, except E. gracilis, cyclopoid copepods and D. galeata, 
increased with increasing relative densities of the species in situ. Bosmina spp. was sig-
nificantly more consumed by sticklebacks than by whitefish. A significant interaction 
between fish species and relative zooplankton density was observed for D. longispina 
and L. kindtii due to strong increases in diet with increasing relative abundances of 
these zooplankters for whitefish, but not for sticklebacks (Fig. 5, Suppl. material 1: 
table S5).

The importance of various prey species in fish diets

Prey-specific indices of relative importance (%PSIRI) (Fig. 6) indicate that D. galeata 
was never important in the fish diets (%PSIRI always < 0.5%). D. cucullata was 
(except in September) more important prey for sticklebacks than for whitefish, whereas 
Bosmina spp. was very important for both fish species in May (%PSIRI > 58%), and 
for sticklebacks also during summer (%PSIRI > 21% until the August). Cyclopoid 
copepods had the highest %PSIRI values for both fish species in November and 

Figure 5. Relationships between the percentages of zooplankton species in diets versus in situ for white-
fish and sticklebacks. Small dots represent the diet contributions in individual fish, and large dots repre-
sent the median diet contribution at the various sampling dates. The lines show the fits from beta regres-
sion based on the median diet contributions.
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December (%PSIRI between 17% and 77%), whereas E. gracilis had the highest 
%PSIRI values for whitefish in December (%PSIRI = 38%) and for sticklebacks in 
September (%PSIRI = 31%). Among all zooplankton species, D. longispina had the 
most persistent %PSIRI values for all seasons (%PSIRI always > 1%) and was especially 
important prey for whitefish in winter (%PSIRI up to 95%). L. kindtii had high 
%PSIRI values only for whitefish in some summer and autumn months (%PSIRI up to 
57%). The most important prey for both fish species from May 2017 to January 2018 
was B. longimanus (with an average %PSIRI values in this period of 27% for whitefish 
and 23% for sticklebacks). Throughout this period, average %PSIRI values above 10% 
were observed for D. longispina for both fish species, Bosmina spp. and Cyclopoida 
for sticklebacks, and L. kindtii for whitefish. The importance of D. longispina strongly 

Figure 6. The seasonal prey-specific index of relative importance (%PSIRI) for each zooplankton species 
in whitefish and sticklebacks. The period in which our samples contained both fish species is delimited by 
dashed vertical lines. Zooplankton species are ordered from the smallest to the largest species.
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increased (%PSIRI = 40%) when the entire year was considered (May 2017 to April 
2018; data available only for whitefish) instead of the compared period (see Suppl. 
material 1: table S6).

During the compared period (May 2017 to January 2018), both large predatory 
species (B. longimanus and L. kindtii), Bosmina spp., and Cyclopoida appeared 
in approximately equal numbers and occurrences in the whitefish diet, whereas 
D. longispina dominated in numeric contribution and B. longimanus in biomass 
contribution (see Suppl. material 1: fig. S3A). In the stickleback diet, B. longimanus 
contributed the most in biomass, whereas Cyclopoida contributed the most in number 
(see Suppl. material 1: fig. S3B).

Discussion

Invasive species often present a threat to native species because of competition for the 
same food resources. This study demonstrates that invasive sticklebacks, which weigh 
100-fold less than native whitefish, had a higher food consumption per body weight 
and even consumed more food per individual fish in some autumn and winter months. 
Despite many morphological, behavioural, and size differences between the two fish 
species, the number of consumed prey species overlapped during most of the year and 
differed only in winter; in summer, their diets differed only when 0+ sticklebacks were 
included in the analysis. Moreover, similar zooplankton species were of high impor-
tance for both fish species, with rare, large, and conspicuous B. longimanus being the 
most preferred and important prey. This could lead to food competition, especially for 
highly selected prey items during periods of limited resources.

Consumed prey biomass

As assumed according to Kleiber’s law, sticklebacks had higher consumption per body 
weight than whitefish. Surprisingly, in late autumn and winter, sticklebacks consumed 
even more zooplankton per individual. To the best of our knowledge, our study is the 
first one to demonstrate that in the winter season, small fish consumed more food 
than the large cold-water fish species. During this time, zooplankton density generally 
dropped, large zooplankton species, e.g. L. kindtii and B. longimanus, disappeared and 
adult whitefish consumed less prey. With lower temperatures, body metabolism drops, 
and many fish species reduce their feeding activities (Johnston and Dunn 1987). Dur-
ing longer periods of hibernation or low food intake, larger and fatter organisms have 
an advantage over smaller organisms because of their higher ratio between reserve size 
and basal metabolism (Ultsch 1989; van Deurs et al. 2011). However, regardless of 
size, fish mortality is lower if they acquire food during winter (Thompson et al. 1991; 
Heermann et al. 2009; Geissinger et al. 2021), especially for cold-water fish species, 
which are adapted to be active at low temperatures (Sullivan 1986). Whitefish are cold-
water fish species (Kottelat and Freyhof 2007) that also actively feed during winter if 
there is enough food (Hayden et al. 2022).
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Winter anorexia was shown mostly for fish for which the risk of predation is high. 
In such cases, fish prefer to reduce their activity and hide, unless they risk death from 
starvation (Farley et al. 2011; van Deurs et al. 2011). In the pelagic zone of Lake 
Constance, piscivorous fish are rare (Alexander and Vonlanthen 2016). Thus, feed-
ing is predicted to be a more successful strategy, provided more energy is gained from 
prey than is spent to catch prey. As shown in an aquaria study, small fish feed on small 
zooplankton at higher rates than large fish (Ogorelec et al. 2022). It is unclear whether 
larger fish have lower catching abilities or ignore small prey due to the relatively smaller 
energy income per small zooplankter.

Interspecific and intraspecific seasonal diet variability

Besides relatively high amounts of consumed prey in certain months, sticklebacks also 
consumed similar prey species as whitefish throughout most of the year. Winter was 
an exception, during which whitefish relied on larger available prey (D. longispina and 
E. gracilis) or stopped feeding (see above), whereas sticklebacks continued to consume 
a large amount of smaller but more abundant cyclopoid copepods. Differences in sum-
mer were only observed when the predominant 0+ sticklebacks were included in the 
analysis: although these sticklebacks also preferred large zooplankton, they consumed 
a lower proportion of large zooplankton than adults (e.g. from July to September, 
B. longimanus represented 33% and 4% of prey abundance in the diets of adult and 
0+ sticklebacks, respectively). Of note, 0+ whitefish were not present in our samples 
due to their efficient avoidance of gillnetting (Sandlund and Næsje 1989) and trawl-
ing. However, they have similar feeding rates as those of 0+ sticklebacks (Ogorelec et 
al. 2022), which suggests that including 0+ whitefish in the analysis would decrease, 
rather than increase observed dietary differences between species.

The interspecific differences might have been obscured because of certain meth-
odological and biological issues. i) The intraspecific diet variability was high, which is 
in line with reports on zooplankton patchiness (Wiebe 1971) and fish specialisation 
on a few prey species that visually match the fish searching image concept (Lazzaro 
1987). The small sample numbers in some months thus might have resulted in poor 
representations of the entire population. ii) Although fish sampling was planned to 
occur on as similar dates as possible, dates differed by up to 15 days because of lack 
of manpower and poor weather conditions. Especially in springtime, zooplankton 
composition can change within this time frame (Seebens et al. 2013), most likely af-
fecting fish diets. iii) Finally, gillnet depths were selected according to the preferences 
of harder-to-catch whitefish, whereas trawling for sticklebacks always occurred at the 
same depths. To account for the high variability within species and between sampling 
dates and efficiencies, monthly data were grouped into seasons. Assessing the depths 
of occurrence and their relation to prey selection was beyond the scope of this study, 
however, as both fish species occupy similar water column depths (Thomas et al. 2010; 
Gugele et al. 2020), the difference in fish diets between species should not be affected 
much by depth and temperature.
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Feeding on large or abundant prey

Despite their large size differences, both fish species equally favoured large and con-
spicuous zooplankton, especially B. longimanus. This species is among the most pre-
ferred prey by whitefish both in Lake Constance (Becker and Eckmann 1992) and in 
other pre-Alpine and Alpine lakes (Mookerji et al. 1998; Gerdeaux et al. 2002; Müller 
et al. 2007). Although many authors have reported that small fish avoid B. longimanus 
because of its spine (Barnhisel 1991; Barnhisel and Harvey 1995; Jarnagin et al. 2000), 
we observed that B. longimanus was not only consumed by sticklebacks longer than 
25 mm but was also their most preferred prey (this preference further increased with 
increasing fish size). Although L. kindtii had the largest body size among the sampled 
zooplankton, it was not the most selected, probably due to its transparency and, con-
sequently, low conspicuousness. By contrast, the most selected species, B. longimanus, 
has a large and conspicuous eye, which is important for attracting fish (Lazzaro 1987).

Although large prey was positively selected, it was not the most abundant (especially 
predatory L. kindtii and B. longimanus) and therefore not necessarily the most consumed. 
In the spring of 2017, when densities of other zooplankton taxa were much lower, fish 
consumed high amounts of Bosmina spp., even though it was the smallest crustacean 
zooplankton species in the lake. In this year, densities of Bosmina spp. were exception-
ally high (almost as high as the maximum observed during eutrophic conditions; Straile 
and Geller 1998), but already next year their numbers were lower in the lake and in the 
fish diets. Similar results of whitefish preying on Bosmina spp. were also found in Lake 
Lucerne (Mookerji et al. 1998). Other studies also showed that predation on smaller 
zooplankton is high only when the abundance of larger, and thus preferred, zooplankton 
is low (Ivlev 1961; Lazzaro 1987). When prey appears at very high densities, the energy 
and time required for searching for prey are significantly reduced (Holling 1959). The 
profitability of prey is its energy value subtracted by the predator’s energy requirements 
to find and consume prey per time unit (Sinervo 2007). Thus, the abundance of Bos-
mina spp. might compensate for its presumably low energy value by reducing the energy 
required for searching. Furthermore, Bosmina spp. is not as evasive as copepods, thus 
predators have a higher attack efficiency and lower handling time (Lazzaro 1987).

The importance of various prey species in fish diets

Although B. longimanus represented less than 0.1% of the number of all zooplankton in 
the lake, it was the most important prey and contributed the highest biomass to the diets 
of both fish species from late spring to autumn. It was absent in colder months, and thus 
its importance in the annual whitefish diet was surpassed by D. longispina, which was the 
largest zooplankton species during winter. Among zooplankton, Daphnia is one of the most 
important and most selected prey items for fish because of its abundance, size, nutritional 
value, and low evasiveness (Lazzaro 1987). In our study, this high importance was indicated 
only for larger D. longispina, but not for D. cucullata, even though the latter has become 
the most abundant cladoceran since 2016 (IGKB 2020). Likewise in a mesocosm study, 
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both, whitefish and sticklebacks strongly suppressed D. longispina, whereas D. cucullata 
was less affected by fish predation (Ogorelec et al. 2021). In general, D. cucullata is less 
prone to fish predation because of its smaller size and narrower body (Gliwicz 2001). Even 
though it did not migrate and was present mostly in the epilimnion, which should make 
it more vulnerable to fish predation compared to migratory D. longispina, it contributed 
more to the whitefish diet only in September, when its density was 25-fold higher than that 
of D. longispina. The third daphniid species in our samples, D. galeata, was not present in 
Lake Constance in pre-eutrophic times (Auerbach et al. 1924); however later, in eutrophic 
times, it became very abundant in the lake and important in the whitefish diet (Becker and 
Eckmann 1992). Our study was performed during the oligotrophic state of the lake and 
revealed a low abundance and importance of D. galeata for fish, indicating the reversibility 
of its role (which became insignificant again) after re-oligotrophication.

Bosmina spp. and cyclopoid copepods were of high importance in fish diets in 
spring and autumn, respectively. Although they had the lowest mass among crustacean 
zooplankton (Fig. 2B), their occurrence and numbers were high in fish diets (see Suppl. 
material 1: fig. S3) when other prey was mostly absent, which resulted in high %PSIRI 
values for those months. Although larger and also very abundant, E. gracilis was not 
an important prey item, which is probably linked to its evasiveness (Lazzaro 1987). Its 
low contribution to fish diets was also observed in many other lakes (Mookerji et al. 
1998; Mehner et al. 2008). The higher consumption of L. kindtii by whitefish than by 
sticklebacks could be due to different foraging strategies. Whereas sticklebacks use the 
hover search strategy, whitefish rely more on the swim search strategy (Ogorelec et al. 
2022), which enables searching through a larger volume of water and (in the case of si-
nusoidal swimming) can help detect prey due to changing light conditions that increase 
the contrasts (and shadows) of inconspicuous prey, e.g. L. kindtii (Jarolim et al. 2010).

The effects of sticklebacks on zooplankton and planktivorous fish

Comparing our study with previous findings regarding whitefish in Lake Constance 
in eutrophic times and without sticklebacks in the pelagic zone (Becker and Eckmann 
1992) indicates that the whitefish diet has declined quantitatively (decreased numbers 
of zooplankton in stomachs) and qualitatively (smaller zooplankton species in stom-
achs). As whitefish growth is most strongly related to standing stock biomass followed 
by phosphorus concentrations (Thomas and Eckmann 2007), both a new food com-
petitor and re-oligotrophication can decrease whitefish growth (Deweber et al. 2022). 
Similar diets do not directly indicate competition; when resources are abundant, di-
ets may overlap to any degree without competition for resources. However, when re-
sources are limited, diet similarity and competition can be directly related (Sale 1974), 
which is most probably the case in oligotrophic Lake Constance.

An aquarium experimental study demonstrated no differences in the feeding rates 
between co-occurring sticklebacks and 0+ whitefish, whereas similar-sized sticklebacks 
had larger feeding rates than those of whitefish (Ogorelec et al. 2022). However, these 
findings cannot account for the advantage of the swim-search strategy of whitefish 
when not spatially limited. In the field, at least large whitefish seem to have some 
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advantage, as they can search through larger volumes of water, have a larger stomach 
capacity, and can thus consume higher numbers of large zooplankton species when 
they are abundant. However, when food becomes scarcer (in late autumn and winter), 
the competition presumably increases. Studies from Lake Constance have shown that 
in the eutrophic and oligotrophic state of the lake, most whitefish fed abundantly also 
during winter (Auerbach et al. 1924; Becker and Eckmann 1992). However, our cur-
rent study has shown that now, after the stickleback invasion, many whitefish (up to 
50%; see Suppl. material 1: table S1) had empty stomachs during winter.

In contrast to (pre-eutrophic) studies of whitefish (Auerbach et al. 1924) and re-
cent studies of sticklebacks (Roch et al. 2018), our study did not find any fish larvae 
in the diets of either fish. This suggests that fish larvae might only be important prey 
for sticklebacks in the littoral zone or on specific occasions, e.g. during whitefish larvae 
stocking (Roch et al. 2018). Due to rapid evolution, sticklebacks may now diverge 
into groups occupying littoral, pelagic or profundal habitats (Hudson et al. 2021), 
albeit, up to now only subtle genetic differences between individuals occupying dif-
ferent habitats were observed (Dahms et al. 2022). Our study showed that the pelagic 
sticklebacks have already specialised in feeding on zooplankton. All sticklebacks were 
caught offshore (>100 m water depth), and the proportion of fish that had any littoral/
benthic prey in their stomachs was low (5.5%).

High numbers of sticklebacks (Alexander and Vonlanthen 2016), and their high 
biomass consumption throughout most of the year are very likely exerting strong 
effects on the zooplankton community. In contrast to whitefish, whose multiple 
generations inhabit the pelagic zone throughout the entire year (Eckmann et al. 2007; 
DeWeber et al. 2021), sticklebacks shift habitat in May, migrating to the littoral zone 
to spawn (Gugele et al. 2020). This might reduce the predation pressure on pelagic 
zooplankton in a lake dominated by sticklebacks during this period. However, in 
summer, adult sticklebacks returned to the pelagic zone together with large numbers of 
rapidly growing 0+ sticklebacks. Therefore, predation on large zooplankton increased, 
especially in September when sticklebacks tend to appear in vast densities (Gugele 
et al. 2020) and, according to our data, consume high amounts of zooplankton. In 
winter, when zooplankton densities in the lake were low, stickleback consumption 
remained high and thus presumably strongly affected zooplankton community 
abundance and structure. Stickleback invasion is thus the most probable reason for 
recent zooplankton changes, especially the increased proportion of small zooplankton 
species, e.g. D. cucullata (IGKB 2020).

To date, few reports have investigated sticklebacks invading the pelagic zone and 
interacting with other pelagic fish or zooplankton. The exception is the Baltic Sea, where 
numerous studies tried to reveal the causes and consequences of stickleback increase 
(Olin et al. 2022). One study showed that sticklebacks are potential competitors for her-
ring and sprat due to similar diets and prey selection (Jakubavičiute et al. 2016), whereas 
others showed that sticklebacks suppress native fish by preying on their larvae (Ljunggren 
et al. 2010; Byström et al. 2015; Eklöf et al. 2020). This is in accordance with the findings 
of Roch et al. (2018) and our current study for Lake Constance, which together dem-
onstrate that sticklebacks most likely suppress whitefish populations and force predator 
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shifts by consuming prey and juveniles of native predators. Due to the rapid colonisation 
of new areas and the invasiveness of sticklebacks (Fang et al. 2018; Hudson et al. 2021), 
this small fish could present a large threat to indigenous aquatic species.

Conclusions

This study has contributed to our understanding of the diets of both whitefish and 
sticklebacks, and has provided insights into the interplay between both small and large 
as well as native and invasive fish species. It has shown that sticklebacks successfully fed 
all year round, also in winter, when some whitefish stopped feeding. Owing to their 
small size, sticklebacks also have lower absolute metabolic demands than whitefish, 
and thus their energy acquisition in winter is distinctively higher. Further bioenergetics 
research is needed to evaluate whether larger fish are less successful in capturing small 
and evasive zooplankton or whether they ignore this prey due to negative profitability. 
Such information could provide important insights into global invasions of small pe-
lagic fish species. When 0+ sticklebacks and the winter season were excluded, no sea-
sonal differences in the number of consumed prey species were observed. Furthermore, 
our findings do not indicate that specialised whitefish are more selective predators 
than sticklebacks. Similar prey preference and importance, especially for conspicu-
ous B.  longimanus and other large prey, indicate a high probability of interspecific 
competition between both fish species. The high numbers and effective and persistent 
feeding of invasive sticklebacks, as indicated in this study, affect not only whitefish 
populations, but presumably also zooplankton communities. This may explain the 
appearance and numerical dominance of small and less preferred zooplankton spe-
cies, e.g. D. cucullata, and the reduced growth and yield of whitefish after the invasion 
of sticklebacks. As Lake Constance is similar to many other pre-Alpine lakes in this 
region, potential invasions of pelagic stickleback populations could cause drastic and 
irreversible changes in the food webs and ecosystem functioning of such lakes.
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Supplementary material 1

Supplementary data
Authors: Žiga Ogorelec, Alexander Brinker, Dietmar Straile
Data type: docx file
Explanation note: table S1. Number of sampled fish and fish with empty stomachs 

for each month. In May 2017, sticklebacks were caught on two occasions: 3 
sticklebacks on the 10th and 2 sticklebacks on the 30th of May. Sticklebacks were 
also classified into a separate first-year-of-life (0+) group according to their sizes. 
table S2. Number of replicates for each sampling time point after pooling five 
samples for sticklebacks and whitefish. table S3. Differences between whitefish 
and stickleback diets in each season. table S4. The contribution of individual 
prey species to the differences between stickleback and whitefish diets (similarity 
percentages procedure; one-way, 70% cut-off). table S5. Results of beta regression 
relating relative zooplankton consumption to relative zooplankton density, fish 
species, and the interaction between relative density and fish species (see Fig. 5). 
table S6. Summary of the prey-specific index of relative importance (%PSIRI) for 
both fish predators for the compared period (May 2017 to January 2018). Asterisks 
represent calculations made for whitefish for the entire year (May 2017 to April 
2018). figure S1. Seasonal changes in the diets of sticklebacks (excluding 0+) and 
whitefish in Lake Constance. figure S2. Whitefish and stickleback (excluding 0+ 
fish) relative consumption of zooplankton species depending on the proportional 
density of zooplankton species. figure S3. Annual averages of the three parameters 
(% occurrence, body weight and relative abundance (% number)) of the prey-
specific index of relative importance for A) whitefish and B) sticklebacks.

Copyright notice: This dataset is made available under the Open Database License 
(http://opendatacommons.org/licenses/odbl/1.0/). The Open Database License 
(ODbL) is a license agreement intended to allow users to freely share, modify, and 
use this Dataset while maintaining this same freedom for others, provided that the 
original source and author(s) are credited.

Link: https://doi.org/10.3897/neobiota.78.86788.suppl1
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Abstract
The Asian tiger mosquito (Aedes albopictus) arrived in the USA in the 1980’s and rapidly spread through-
out eastern USA within a decade. The predicted northern edge of its overwintering distribution on the 
East Coast of the USA roughly falls across New York, Connecticut, and Massachusetts, where the species 
has been recorded as early as 2000. It is unclear whether Ae. albopictus populations have become estab-
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lished and survive the cold winters in these areas or are recolonized every year. We genotyped and analyzed 
populations of Ae. albopictus from the northeast USA using 15 microsatellite markers and compared 
them with other populations across the country and to representatives of the major global genetic clades 
to investigate their connectivity and stability. Founder effects or bottlenecks were rare at the northern 
range of the Ae. albopictus distribution in the northeastern USA, with populations displaying high levels 
of genetic diversity and connectivity along the East Coast. There is no evidence of population turnover in 
Connecticut during the course of three consecutive years, with consistent genetic structure throughout 
this period. Overall, these results support the presence of established populations of Ae. albopictus in New 
York, Connecticut, and Massachusetts, successfully overwintering and migrating in large numbers. Given 
the stability and interconnectedness of these populations, Ae. albopictus has the potential to continue to 
proliferate and expand its range northward under mean warming conditions of climate change. Efforts to 
control Ae. albopictus in these areas should thus focus on vector suppression rather than eradication strate-
gies, as local populations have become firmly established and are expected to reemerge every summer.

Keywords
Asian tiger mosquito, colonization, container-breeder, invasion genetics, propagule pressure, range expansion

Introduction

The Asian tiger mosquito (Aedes albopictus) is a highly invasive species that spread 
from its native range in East Asia to more than 50 countries on every continent, except 
Antarctica, during the last 40 years (Sprenger and Wuithiranyagool 1986; Kraemer et 
al. 2015). The global range expansion and success of this species has been propelled 
largely by human migration, transportation, and global commerce. Ae. albopictus lays 
desiccation-resistant eggs and develops in artificial water-holding containers, which fa-
cilitate its dispersal and establishment in urban and suburban environments (Sprenger 
and Reiter 1987; Hawley et al. 1987; Parker et al. 2020). Although Ae. albopictus 
feeds opportunistically on a wide range of species (Niebylski et al. 1994; Delatte et al. 
2010) it can be an aggressive human biter and a vector of emergent human arboviruses 
including dengue, chikungunya, and Zika viruses (Metselaar et al. 1980; Gratz 2004; 
Paupy et al. 2012; Gloria-Soria et al. 2021). This raises the concern that the risk of 
these arboviruses will increase as this species proliferates and expands its geograph-
ic range, as observed in the Indian Ocean Islands, Italy, France, Japan, and Hawaii 
(Paupy et al. 2009; Grandadam et al. 2011; Rezza 2012).

In the continental USA, Ae. albopictus has been detected in 40 states, since the first 
population was discovered in Houston Texas in 1985 (Sprenger and Wuithiranyagool 
1986; Hahn et al. 2017). However, many of these state records could represent tran-
sient seasonal introductions rather than established populations. Aedes albopictus has 
become established in southern California and much of the eastern half of the country 
(Linthicum et al. 2003; Kraemer et al. 2015), with populations continuing to move 
northward. The northern boundary for overwintering populations has been suggested 
to be at the isotherm of the coldest month mean temperature of 0 °C based on its 
distribution in Asia (Nawrocki and Hawley 1987) or isotherms with mean annual 
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temperatures above 11 °C (Kobayashi et al. 2002). This corresponds roughly to south-
ern New England and New York, where Ae. albopictus populations emerge annually, 
with the boundary expected to shift north due to a warming climate (Rochlin et al. 
2013). Ae. albopictus was first detected in New York (NY) in 2000, in New York City 
and neighboring Long Island counties in 2003, and is currently spreading north into 
the Hudson Valley (Kulasekera et al. 2001; Rochlin et al. 2013; Hahn et al. 2016; 
Kache et al. 2020). In Connecticut (CT), this species was first detected in 2003 and 
then in 2006 (Andreadis et al. 2005; Andreadis 2009; Armstrong et al. 2017), and has 
been reported every year since 2010 during continuous statewide mosquito surveil-
lance (Armstrong et al. 2017). Collections occur primarily along the southern margin 
of CT and successful overwintering of a local population was documented in 2013, 
during one of the four winters sampled (Armstrong et al. 2017).

We performed population genetic analyses on Ae. albopictus collected from NY, CT, 
and Massachusetts (MA), and compared them to established populations from other 
USA states and countries to better understand the process of mosquito colonization at 
the northern expansion front. Collections include mosquitoes sampled from 23 loca-
tions along the USA eastern seaboard from Florida to MA, one population from Cali-
fornia and temporal collections at four locations in CT spanning three consecutive years. 
In addition, we include collections from Thailand, Japan, and Brazil as representatives of 
the major global genetic clusters identified in this species (Kotsakiozi et al. 2017). Here, 
we characterize the genetic diversity and genetic structure of Ae. albopictus populations 
in the Northeast USA, and evaluate the stability of populations in CT as representatives 
of the northern edge of Ae. albopictus distribution in the USA East Coast; seeking to un-
derstand the patterns of Ae. albopictus range expansion and establishment in the country. 
Based on classic invasion theory (Nei et al. 1975; Sakai et al. 2001), we predict low diver-
sity at the northeastern invasion front (CT, NY, MA) relative to the south and the native 
range, with diversity in the Northeast declining gradually with latitude and evidence of 
recent bottlenecks consequence of founder events. Furthermore, if these populations 
have become established we expect stability in their genetic structure over multiple years.

Methods

Collections

A total of 1,342 Ae. albopictus mosquitoes were sent to the Connecticut Agricultural 
Experiment Station from Departments of Public Health, Mosquito Abatement Dis-
tricts, and collaborators. All individuals were received as adults directly from the field, 
with the exception of four sampling sites that were collected as larvae. Larvae from 
Tappan, NY were reared and underwent one generation in the laboratory, larvae from 
Fire Island and Spring Valley (NY) underwent 6 generations. Vero Beach samples came 
from field-collected larvae subsequently reared to adulthood. Samples were received 
as adults in ethanol and silica gel, with the exception of those of Thailand, Japan, 
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and Brazil which were obtained as DNA aliquots. The samples included 24 locations 
within the USA (Table 1, Fig. 1 and Suppl. material 1). Temporal samples were col-
lected from Connecticut at four locations every year for three years, with the exception 
of Norwalk, for which only two years were collected.

DNA extraction and microsatellite genotyping

Individual mosquitoes were homogenized with a sterile plastic pestle and DNA was 
extracted following the Qiagen (Hilden, Germany) protocol for purifying total DNA 
from insects with the Qiagen DNeasy Blood and Tissue Kit (Hilden, Germany), with 
an additional RNAse A step. Samples were stored at –20 °C until further use. Mosqui-
toes from Connecticut, which had previously been homogenized in 1 ml of PBS-G me-
dia (phosphate buffered saline, 30% heat-inactivated rabbit serum, 0.5% gelatin), were 
processed following the manufacturers protocol for electrically homogenized samples.

Mosquitoes were genotyped at 15 microsatellite loci, including locus A9 from Por-
retta et al. (2006), 11 loci from Beebe et al. (2013), and three new loci developed 
for this study (Suppl. material 2). The AG10, AG01, and AG07 loci were identified 
during a screen for candidate trinucleotide microsatellite markers using QDD v.3.1. 
(Meglécz et al. 2014) on Ae. albopictus genomic data from Palatini et al. (2020). These 
new loci successfully genotyped across USA populations in a pilot study and were 
polymorphic across individuals and populations tested (unpublished data). Polymer-
ase chain reactions (PCR) were conducted as loci combinations (Suppl. material 2) 
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Figure 1. Aedes albopictus collection map. Populations of the northeastern USA (NE) are labeled with 
numbers, corresponding to their ID in Table 1. Outgroups included in this study, representing known 
genetic clusters are shown in the world map insert in the bottom right corner.
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in 10 μl reactions using the Type-it Microsatellite PCR Master Mix (Qiagen; Hilden, 
Germany) and 200 nM of each forward and reverse primer pairs. Thermocycler con-
ditions were: 95 °C × 5’, 5 touch-down cycles reducing the annealing temperature 
every cycle by 2 °C from 60 °C to 52 °C (95 °C × 30", Tm × 30", 72 °C × 30"), 25× 
(95 °C × 30", 50 °C × 30", 72 °C × 30"), and 60 °C× 30’ for all loci combos, except for 
loci set #2 (tri25/AG10), for which we used GoTaq DNA polymerase from Promega 
(Madison, USA). Primer concentrations were the same for the GoTaq reaction with 
the thermocycler conditions 95 °C × 2’, 5 touch-down cycles reducing Tm every cycle 

Table 1. Population information and genetic diversity based on 15 microsatellite loci.

ID Location Year N Ho Hs Gis AR
1 Bridgeport, CT, USA 2018 48 0.531 0.664 0.119 5.52
1 Bridgeport, CT, USA 2019 35 0.551 0.657 0.199 5.16
1 Bridgeport, CT, USA 2020 47 0.536 0.642 0.162 5.38
2 Milford, CT, USA 2018 48 0.551 0.667 0.165 5.01
3 New Haven, CT, USA 2018 48 0.591 0.673 0.174 5.07
4 Norwalk, CT, USA 2018 48 0.567 0.678 0.122 5.32
4 Norwalk, CT, USA 2020 46 0.518 0.655 0.164 5.04
5 Stamford, CT, USA 2020 48 0.494 0.637 0.21 4.99
6 Stratford, CT, USA 2018 48 0.573 0.657 0.224 4.95
6 Stratford, CT, USA 2019 18 0.506 0.637 0.128 4.83
6 Stratford, CT, USA 2020 48 0.532 0.646 0.205 4.17
7 West Haven, CT, USA 2018 46 0.564 0.649 0.177 4.92
7 West Haven, CT, USA 2019 39 0.545 0.645 0.132 5.25
7 West Haven, CT, USA 2020 46 0.527 0.662 0.156 5.25
8 Lincoln, DE, USA 2015 25 0.532 0.613 0.204 5.49
9 Washington, DC, USA 2018 47 0.513 0.645 0.132 4.70
10 Riverdale, MD, USA 2015 28 0.494 0.610 0.206 5.20
11 New Bedford, MA, USA 2018 39 0.523 0.633 0.038 5.29
12 Mercer, NJ, USA 2018 48 0.511 0.666 0.191 4.77
13 Tappan, NY, USA * 2018 41 0.531 0.641 0.175 4.85
14 Fire Island, NY, USA * 2018 48 0.537 0.657 0.232 5.18
15 Selden, NY, USA 2019 26 0.556 0.669 0.173 4.40
16 Riverhead, NY, USA 2019 45 0.570 0.684 0.182 4.56
17 Bayview, NY, USA 2019 34 0.530 0.647 0.169 5.46
18 Babylon, NY, USA 2018 46 0.555 0.649 0.168 5.62
19 Spring Valley, NY, USA* 2018 28 0.485 0.597 0.180 4.80
20 Harrisburg, PA, USA 2015 25 0.496 0.655 0.145 5.16
21 Philadelphia, PA, USA 2018 48 0.535 0.625 0.188 4.01
22 Fairfax, VA, USA 2018 46 0.499 0.625 0.243 5.04
- Vero Beach, FL, USA 2018 24 0.658 0.684 0.145 4.95
- San Gabriel, CA, USA 2018 47 0.593 0.673 0.201 6.88
- Manaus, Brazil 2017/18 22 0.459 0.622 0.262 4.88
- Tokyo, Japan 2017/18 42 0.542 0.647 0.162 4.96
- Chanthaburi, Thailand 2016 20 0.651 0.740 0.121 7.23

ID: location identifier in Fig. 1. Locations beyond the focus area are shown in the insert of Fig. 1 and were not assigned 
an ID; N: number of individuals; Ho: observed heterozygosity; Hs: expected heterozygosity; Gis: Inbreeding Coeffi-
cient; AR: estimated by rarefaction (N = 30 genes). *underwent 1–6 generations in laboratory.
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by 2 °C from 61 °C to 53 °C (95 °C × 45", Tm × 30", 72 °C × 30"), 25× (95 °C × 45", 
51 °C × 30", 72 °C × 30"), and 72 °C × 20’.

The resulting products were processed for fragment analysis at the DNA Analysis 
Facility at Science Hill at Yale University, using GS 500 Liz internal size standard 
(Applied Biosystems, Waltham MA, USA). Microsatellite alleles were scored using Ge-
neious 11.1.4 (Biomatters Ltd) microsatellite plugin (http://www.geneious.com) using 
the bins and panels in Suppl. material 3.

Raw allele frequencies are available at VectorBase (www.vectorbase.org), Popula-
tion Biology Project ID: VBP0000814.

Genetic diversity

Loci were analyzed for within-population deviations from Hardy-Weinberg equilibrium 
(HWE) using the Weir and Cockerham (1984) exact test as implemented in Genepop v. 
4.7.5 (Raymond and Rousset 1995; Rousset 2008). Null allele frequencies and linkage 
disequilibrium among pairs of loci (LD) were also estimated with this software. HWE and 
LD tests were run with 10,000 dememorizations, 1000 batches, and 10,000 iterations per 
batch. Average observed (Ho) and expected (He) heterozygosities, and inbreeding coeffi-
cients (Gis) were estimated for each population in GenoDive 3.04 (Meirmans 2020). Al-
lelic richness (AR) was calculated in HP-RARE (Kalinowski 2005), which uses rarefaction 
to correct for unequal sample sizes (N = 30 genes). Bonferroni correction was applied to 
the appropriate results to account for multiple testing. A regression analysis in R v. 3.2.2. 
(R Core Team 2018) was used to evaluate if genetic diversity changed with latitude.

Changes in recent population size were evaluated using Bottleneck v. 1.2.02 (Cor-
nuet and Luikart 1997) under the Infinite Allele Model (IAM) (Maruyama and Fuerst 
1985) and the two-phase model (TPM) with a proportion of SMM in the TPM = 0.00 
and a variance of the geometric distribution for TPM = 0.36, as recommended by the 
authors when dealing with microsatellite markers (Cornuet and Luikart 1997). The 
Wilcoxon sign-rank test (Luikart et al. 1998) was used to determine significance, after 
Bonferroni multiple test correction.

Effective population size (Ne) was calculated for the temporal collections in CT us-
ing NeEstimator (Do et al. 2014) with the Waples (1989) method and three options for 
computing the standardized variance in allele frequency, F [Fe (Nei and Tajima 1981); Fk 
(Pollak 1983); and Fs (Jorde and Ryman 2007)]; assuming 3 generations per year. Ne was 
also estimated from these populations using a single population sample (as opposed to 
sampling a population multiple times) with the bias-corrected version of the LD method 
from Waples and Do (2008). Average Ne was estimated using arithmetic and harmonic 
mean to account for the effect of outliers. Two-sample Ne estimates are known to be 
robust to overlapping generations and can deal with lower levels of polymorphisms (Lui-
kart et al. 2010), but may be affected by changes in allele frequencies occurring during 
the time lapsed; while single-sample methods are not affected by gene flow and drift but 
may be biased by overlapping generations and are unable to distinguish from infinite 
population sizes when not enough polymorphisms are present (Saarman et al. 2017).
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Kinship within collections was assessed in ML-Relate (Kalinowski et al. 2006), 
which uses maximum likelihood estimates of relatedness to discriminate between four 
common pedigree relationships: unrelated (U), half-siblings (HS), full-siblings (FS), 
and parent-offspring (PO). The program tests every population for an excess in het-
erozygosity relative to the observed allelic diversity.

Population structure

Bayesian clustering analysis was conducted in STRUCTURE v. 2.3 (Pritchard et al. 
2000). STRUCTURE identifies genetic clusters and assigns individuals to these clusters 
with no a priori information of sample location. The most likely number of clusters 
(K) was determined by conducting 20 independent runs from each K = 1 to 8 for the 
complete dataset, K = 1 to 11 for Japan + America, K = 1 to 10 for the states at the 
northeastern invasion front (NY, CT, MA), and K = 1 to 11 for the CT temporal dataset. 
Each run assumed an admixture model and correlated allele frequencies using a burn-in 
value of 100,000 iterations followed by 500,000 repetitions. The optimal number of K 
clusters was determined following the guidelines of Prichard et al. (Pritchard et al. 2000) 
and the Delta K method (Evanno et al. 2005), as implemented by STRUCTURE HAR-
VESTER (Earl and vonHoldt 2012). Results were plotted with the program CLUMPAK 
(Kopelman et al. 2015) and DISTRUCT v.1.1 (Rosenberg 2004). Discriminant analysis 
of Principal Components (DAPC) were conducted on allele frequencies using the ADE-
GENET package (Jombart 2008) in R v. 3.2.2. (R Core Team 2018) from the same 
datasets analyzed with STRUCTURE, both using pre-defined populations and with the 
find.clusters command to identify genetic clusters without a-priori information.

Molecular Analysis of Variance was performed in Genodive 3.04 (Meirmans 2020) 
with 1000 permutations. Pairwise genetic distances (Fst’) were calculated in the same 
software. A geographic distance matrix was produced from geographic coordinates in 
the Geographic distance matrix generator v. 1.2.3. (Ersts 2016). Correlation between 
genetic and geographic distance (isolation by distance; IBD) was evaluated for all popu-
lations in the Northeast, along I-95 interstate corridor from Virginia (VA) to CT, and 
across the northeastern invasion front (NY, CT, MA), using a Mantel test and 9999 per-
mutations in the Ade4 package (Dray and Dufour 2007) within R (R Core Team 2018).

Results

Genetic diversity

We genotyped a total of 1,342 individual Ae. albopictus mosquitoes from 27 geographic 
locations at 15 microsatellite loci, for an average of 40 individuals per location (Fig. 1, Ta-
ble 1). Seventy-nine of the 508 possible population-by-locus comparisons (15.55%) devi-
ate from HWE (p < 0.05) after sequential Bonferroni correction. Putative null alleles were 
inferred at all loci, except for tri20, with average frequencies across populations between 
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0.02 – 0.22. Linkage disequilibrium is significant in 37 out of the 3,585 locus-by-locus 
tests (1.03%) after multiple test correction, consistent with the loci being independent.

There is an average of 13.8 ± 6.46 alleles per locus, ranging from 8 to 31, with a 
mean allele richness (AR) across populations of AR = 5.13 ± 0.61 (ranging from 4.01 
to 7.23; Suppl. material 4). Average observed heterozygosity (Ho) is 0.54 ± 0.42, with 
a lowest value of 0.46 and a highest of 0.66 observed in Brazil and Florida, respectively 
(Table 1). The average inbreeding coefficient (Gis) across populations is 0.17 ± 0.04, 
with a maximum value of 0.26 in Brazil and a minimum of 0.04 in Florida (Table 1). 
Regression analysis to establish if genetic diversity decays at the invasion front (higher 
latitudes) indicates that latitude explains a small part of the variation in Ho (adjusted 
R2 = 0.13, F(1,27), p = 0.03; Suppl. material 9: fig. S1A), with Ho increasing with 
latitude rather than decreasing. Latitude does not correlate with changes in AR (ad-
justed R2 = 0.04, F(1,27), p = 0.15; Suppl. material 9: fig. S1B). Genetic diversity at the 
northern front of the invasion (CT, NY, MA) is no different from that from Japan and 
Thailand (Ho: t1.02 = - 1.0411, p = 0.4843; AR: t1.01 = - 0.9218, p = 0.5248).

Only four populations have evidence of a recent bottleneck. Bottlenecks were in-
ferred for Fire Island and Spring Valley (NY), Mercer County (NJ), and Norwalk 
(CT), under both the Infinite Allele Model (IAM) (Maruyama and Fuerst 1985) and 
the two-phase model (TPM) using the Wilcoxon sign-rank test (Cornuet and Luikart 
1997) after a Bonferroni multiple test correction (Suppl. material 5). Among them, 
Fire Island and Spring Valley had been maintained in the laboratory for six generations 
prior to genotyping, which may explain the bottleneck signature (Table 1).

Local estimates of effective population size across CT using the two-sample method 
on temporal collections (see Methods) yield mean values of Ne = 94.97 (harmonic mean) 
and Ne = 121.21 (arithmetic mean), ranging from 37.70 to 317.10 (Suppl. material 10: 
fig. S2A). Single-sample estimations based on LD yield a harmonic mean of Ne = 126.84 
and an arithmetic mean of Ne = 2,337.50, ranging from 47.40 to 23,830 (Suppl. mate-
rial 10: fig. S2B); with the highest value estimated for West Haven (2020) as an outlier.

Analysis of kinship determined that, on average, 1.97% of the pairwise relation-
ships within a population involved first degree pairs (Parent-offspring and full sibling; 
Suppl. material 6). Tappan NY, Spring Valley NY, and Vero Beach FL have the highest 
percentage of first-degree pairwise relationships (>5%). Removing first-degree relatives 
from these populations did not have a major impact in the genetic diversity estimates 
(tHo(4) = 0, p = 1; tGis(4) = 0, p = 1; tAR(3.98) = -0.2964, p = 0.7817), inference of bottle-
necks, or the population structure analysis (data not shown).

Population structure

The optimal number of genetic groups inferred from the complete dataset is K = 3, 
based on Bayesian clustering analysis and the Delta K method (Evanno et al. 2005). 
The first cluster consists of Florida, California, Brazil, and Thailand while different 
degrees of admixture between the second and third cluster are observed throughout the 
rest of the populations analyzed, including Japan and the northeastern USA (Fig. 2A). 
This grouping is consistent with the DAPC using predefined populations, except that 
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in the DAPC plot Florida is placed within the cluster that includes the northeastern 
USA (Fig. 2B). No clear genetic structure was detected within the genetic cluster that 
included Japan and eastern North America, despite a suggested K = 3 using the Delta 
K method (Suppl. material 11). Incipient population structure is suggested by the clus-
tering analysis of the populations at the northeastern invasion front, with Fire Island 
and Bayview (NY) showing certain differentiation at K = 3 (Suppl. material 12).

Analysis of Molecular Variance (AMOVA) on the complete dataset indicates that 
most of the variation can be explained at the individual level, with a lower contribution 
from the population level (Table 2).
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Figure 2. Population structure on the complete Aedes albopictus dataset based on 15 microsatellite mark-
ers A STRUCTURE plot with each individual represented by a vertical bar. The height of each bar is the 
probability of assignment to each of K = 3 genetic clusters (indicated by different colors) B discriminant 
analysis of principal components (DAPC).



Andrea Gloria-Soria et al.  /  NeoBiota 78: 99–127 (2022)108

We then tested for isolation by distance (IBD) throughout the northeastern USA 
(Virginia, District of Columbia, New Jersey, NY, CT, and MA) to determine whether 
genetic distance (Fst) was correlated with geographic distance (Km) and found no 
correlation (Mantel statistic = -0.0406, p = 0.4368; Suppl. materials 7, 13). Likewise, 
there was no IBD in populations located along the I-95 corridor from Virginia to CT 
(Mantel statistic = 0.088, p = 0.295; Suppl. material 7 and Suppl. material 13), or at 
the northeastern invasion front: CT, NY, MA (Mantel statistic = 0.382, p = 0.072; 
Suppl. material 7 and Fig. 3A). However, strong IBD was detected when only NY and 
CT were analyzed (Mantel statistic = 0.727, p = 0.000; Suppl. material 7 and Fig. 3B).

Temporal stability

Bayesian clustering analysis and DAPC across all Connecticut populations indicate 
weak population structure in CT (Suppl. material 14). Analysis of the temporal series 
indicates that these population clusters prevail over multiple years, suggesting the devel-
opment of local populations (Fig. 4). In contrast, there is no support for temporal struc-
ture by year of collection (Fig. 4). This result agrees with the AMOVA, with variation 
mostly explained at the individual and population level rather than by year of collection 

Table 2. Analysis of Molecular Variance on all populations genotyped for 15 microsatellite loci.

Source of Variation Nested in % var F-stat F-value Std.Dev. P-value
Within Individual – 0.792 F_it 0.208 0.049 –
Among Individual Population 0.160 F_is 0.168 0.050 0.001
Among Population – 0.047 F_st 0.047 0.004 0.001
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Figure 3. Geographic genetic differentiation (IBD: isolation by distance) across A New York, Connecti-
cut, and Massachusetts; and B New York and Connecticut. Genetic distance is given as the linearized Fst 
[Fst/(1/Fst)] and geographic distance is provided in kilometers (Km). Statistical significance was evaluated 
using a Mantel test, yielding a significant positive slope only when Massachusetts is excluded (p = 0.072 
and p < 0.000 in A and B, respectively).
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(Table 3; AMOVATime_Points p = 0.901). When DAPC was used to infer genetic clusters 
without population priors, three genetic clusters were inferred (Suppl. material 15). 
However, these clusters include individuals from all collection points and years (Suppl. 
material 8), with very few individuals assigned to a third cluster, in agreement with the 
incipient differentiation suggested by the Bayesian clustering analyses.

Figure 4. Population structure on Aedes albopictus samples from the Connecticut temporal series based 
on 15 microsatellite markers A STRUCTURE plot with each individual represented by a vertical bar. The 
height of each bar is the probability of assignment to each of K = 3 genetic clusters (indicated by different 
colors) B discriminant analysis of principal components (DAPC). Partially overlapping genetic clusters 
can be distinguished, grouping temporal collections from the same location.

No
rw
al
k_
CT
_2
01
8

No
rw
al
k_
CT
_2
02
0

Br
id
ge
po
rt_
CT
_2
01
8

Br
id
ge
po
rt_
CT
_2
01
9

Br
id
ge
po
rt_
CT
_2
02
0

St
ra
tfo
rd
_C
T_
20
18

St
ra
tfo
rd
_C
T_
20
19

St
ra
tfo
rd
_C
T_
20
20

W
es
t_
Ha
ve
n_
CT
_2
01
8

W
es
t_
Ha
ve
n_
CT
_2
01
9

W
es
t_
Ha
ve
n_
CT
_2
02
0

BBrr eedgedgedii eeidid oooopoopppopoppooppppppppeedgedgeii eed ooeeeepe oooooooppppppppoooooooopopopopopopopopopopopopopopopppppppppppppppppopopopopopopoppppppppppppppppppppppoppopppppooooooooooooooo 9 9999990112012010101999999999999999999T 2T 2 9999999922222 999999999TTTT 2020T 222222TTTii eedgedgeeedd ee 2020T 22222TTTooooooooopopopopopopopoooooooo

NN 

_20182018_2_22_22_2222_______________2____TCTCTCTCTCTCTCCCTCTTCTTCCCCCCCCCCCCCCCCCTCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCC_C_C___CC___CC_____________C_CCCCCCCCCCCCCCCTTTTTTTTTTTTTTTTTTTTTTTTTTTTTTTTTTCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCC________n_n_nnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnen_ennnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnn_nnnnn_n_nnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnn________________ ______

991919999901019199991101012020200000001199999999199191999991199990101011120202222_2_2222222__2222222222_TTTT____202000__TTCTCCCCTTCCTTCCT_T_TTCTTTn_n_en_Cen CCCn CCCCCCn_Cnnn CTCnn_Cnn CCCCCCnnnn TCTCCCCCCCTT_TTTT_____
20202020202022202 00202002022222022222202202202202020202002020202202 020220220202220200200202020020222____TT__TTTTTTT______TTCCCCCCCCCCCCCCC_C___ T 2T 2TTCTCCTCCCCTTCTCCCCC 22TTTCCCCCCCCCCCC __CCCCCCCC _____CCCCCC __TCCCCCCCCCCCCCCCCCCCCCCT 2TTTTCTCCTTTCCCC 22TTTCCCCCCCCCCCCCCCCCCCCCCC________ TTT 2222TTTTTCCCCCTCTCTCTCCCCTTTTTTTT 222TTTTTTTTTTTTTCCCCTTCTCTTTTTTTTTTTTCTCTTTTTCCTTTTTT 2222TTTTCCCCCTTTTTTTTTTTTTTTC________CCCCCCCCTTT 22TTTTTTTCCCCCCCCTCCCCCCTTTTTTTTTTTTCCCCCCCCCCCCCCCCCCCCCCTTTCCCCTTTCCTTTTTCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCCC____________________nnenenennnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnn_nn_n_n_n_n_nnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnnn____________________ 22222222222222222

DA eigenvalues

A

B



Andrea Gloria-Soria et al.  /  NeoBiota 78: 99–127 (2022)110

Discussion

We find that Ae. albopictus from the northeastern USA are related to Ae. albopictus 
from Japan and harbor high genetic diversity with limited geographic structure. This 
suggests regional gene flow and a northward invasion driven by a combination of mul-
tiple local and long-distance dispersal events that has led to the establishment of north-
ern populations overwintering locally.

Discarded tires are preferred breeding sites for container-inhabiting Aedes mos-
quitoes (Yee 2008) and likely explain how this species entered the country. The USA 
began importing used tires from Japan in 1968, and by the mid-1970’s most used tires 
were imported from countries where Ae. albopictus was native, mostly from Japan and 
Taiwan (Sprenger and Reiter 1987). Our results agree with previous work showing that 
eastern USA populations most likely originated from northern (temperate) East Asia, 
based on historical records, phenotypic traits (photoperiod sensitivity and cold-hardi-
ness), and genetic markers (Hawley et al. 1987; Kambhampati et al. 1991; Kotsakiozi 
et al. 2017). We also find that the population in southern California is genetically dis-
tinct from those occupying eastern USA, consistent with reports of an introduction of 
Chinese origin in 2001 and 2011 (Linthicum et al. 2003, Zhong et al. 2013).

Shortly after its initial detection in Texas in 1985 (Moore 1999, Hahn et al 2016), 
Ae. albopictus rapidly spread throughout much of eastern USA. Currently the states 
of CT, MA, and NY represent the northern limit of the distribution. Classic invasive 
population genetics predicts that populations at the invasion front would have reduced 
genetic diversity, consequence of founder effects during the colonization process (Nei 
et al. 1975; Sakai et al. 2001). We find high genetic diversity (Ho) at the Ae. albopictus 
northern invasion front, equivalent to that in the native range: Japan and Thailand. 
Furthermore, evidence of recent bottlenecks (founder effects) was restricted to the two 
collections from New York that spent 6 generations in the laboratory (Spring Val-
ley and Fire Island), and Mercer County (NJ), and Norwalk (CT). Since bottlenecks 
are common after laboratory colonization (Gloria-Soria et al. 2019), the bottlenecks 
detected in Spring Valley and Fire Island are likely the result of the colonization pro-
cess. A growing number of studies have now demonstrated that the genetic diver-
sity patterns following an invasion event are complex and depend on the size of the 
propagule (number of individuals invading), frequency of introductions, number of 
sources, admixture events, or a combination of these (Lockwood et al 2005; Dlugosch 

Table 3. Analysis of Molecular Variance on temporal samples from Connecticut genotyped for 15 mi-
crosatellite loci.

Source of Variation Nested in %var F-stat F-value Std.Dev. P-value
Within Individual –  0.801 F_it  0.199 0.044 –
Among Individual Population  0.183 F_is  0.186 0.044 0.001
Among Population Series_A  0.018 F_sc  0.018 0.004 0.001
Among Time points – -0.002 F_ct -0.002 0.002 0.901
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and Parker 2008; Facon et al. 2008; Handley et al. 2011; Bock et al. 2015; Jaspers et 
al. 2021). Different invasion scenarios may result in lower, equal, or higher genetic di-
versity metrics in the non-native range relative to the native range (Jaspers et al. 2021). 
High Ho values at the invasive range of Ae. albopictus have also been reported by others 
using allozymes (Black et al. 1988), microsatellites (Manni et al. 2017), and genome-
wide single nucleotide polymorphisms [SNPs] (Kotsakiozi et al. 2017). The observed 
genetic diversity in the northeastern USA could be explained by expanding propagules 
that are subjected to drift and then merge (admixture), or by constant input of alleles 
that restore the original diversity levels and could possibly exceed them (Lockwood et 
al. 2005; Facon et al. 2008). In Ae. japonicus, another Asian container-breeding mos-
quito that invaded the USA, merging of two genetic groups was reported in Pennsylva-
nia between 1999/2000 and 2004/2005 and resulted in the loss of the original intro-
duction bottleneck signature and high levels of genetic diversity (Fonseca et al. 2010).

The heterozygosity values observed in Ae. albopictus in the Northeast USA are equiv-
alent to those observed in Ae. aegypti in the USA (t17.7 = 1.027, p = 0.318; Gloria-Soria 
et al. 2016). Despite this similarity, estimates of inbreeding are an order of magnitude 
larger in Ae. albopictus than in Ae. aegypti (Gloria-Soria et al. 2016). High Ae. albopictus 
inbreeding values have been previously reported in the USA using allozymes (Black et al. 
1988) and in populations outside Ae. albopictus native range with microsatellites (Beebe 
et al. 2013), and may reflect the local breeding structure of this container mosquito 
(Black et al. 1988). Alternatively, the increase in homozygosity relative to the expected 
Hardy-Weinberg equilibrium diagnostic of inbreeding may also be the result of a Wahl-
und effect or the presence of null alleles, and distinguishing among those mechanisms 
is not trivial (Barros et al. 2020). We detected putative null alleles at low frequencies 
(0.02 – 0.22) at all but one of the 15 loci used in this study. Microsatellite null alleles are 
frequent in insects (Chapuis and Estoup 2007), and in Ae. albopictus (Beebe et al. 2013; 
Manni et al. 2017). Studies have shown that at low frequencies (< 0.20), the presence of 
null alleles does not affect analyses of genetic diversity and population structure (Dakin 
and Avise 2004; Chapuis and Estoup 2007; Wei et al. 2019). In 2017 De Meeûs (2018) 
proposed a statistical test to differentiate the null alleles from a Wahlund effect, based 
on correlations among F-statistics. Null alleles are expected to increase both Fis and 
Fst, creating a strong positive correlation, while a Wahlund effect will move the values 
in the opposite direction and generate weak or no correlation. We find no correlation 
between Gis and Gst (equivalent to Fis and Fst), indicating that either a Wahlund effect 
or inbreeding (or both), are most likely responsible for the observed heterozygote deficits 
rather than null alleles (R2 = 0.024, F(1-13) = 0.328, p = 0.577). A Wahlund effect arises 
when genotype proportions are calculated from samples that include individuals belong-
ing to genetically differentiated groups in time or space, for example, subpopulations or 
cohorts (De Meeûs 2018). It is thus possible that the diversity pattern we observe is the 
result of substructure within Ae. albopictus collections that goes undetected due to the 
scale of this work. The latter will be consistent with the small neighborhood size esti-
mated for Ae. albopictus in Connecticut (Ne ~ 100), which is overall lower than those es-
timated from wild Ae. aegypti using 12 microsatellite markers by Saarman et al. (2017).
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At the regional scale, Ae. albopictus in the northeastern USA is genetically homo-
geneous. This lack of population structure is congruent with the findings of Kotsakiozi 
et al. (2017) using ~58,000 genome-wide SNP and likely reflects the demographic 
features of these species, rather than a lack of marker resolution. One possibility is that 
being a relatively new invasion there has not been enough time for detectable genetic 
differentiation to arise. However, fine scale structure is evident in Ae. aegypti from 
California just two years after breeding populations were first detected (Gloria-Soria 
et al. 2014; Pless et al. 2017). The absence of population structure in Ae. albopictus 
may be better explained by the invasion history of Ae. albopictus, spreading faster than 
Ae. aegypti in North America due to its biology and propagule size, and the high con-
nectivity within the region. Consistent with this hypothesis, we detect isolation by 
distance along CT and NY that does not extend to MA or the rest of the East Coast. 
This is probably a consequence of the proximity of CT and NY, with gene-flow pre-
dominantly occurring via neighboring populations through natural and human-aided 
dispersal (Handley et al. 2011; Medley et al. 2015). Geographic differentiation within 
this area is observed and suggests that these populations may already be established and 
had sufficient time to differentiate.

In Connecticut, Ae. albopictus has been recorded every year since 2010 (Armstrong 
et al. 2017) but it has not been determined whether these populations are present year-
round or are reintroduced annually. Unlike its congener Ae. aegypti, Ae. albopictus is 
capable of diapausing at the egg stage (Armbruster 2016) and overwintering has been 
reported in CT after mild winters (Armstrong et al. 2017). If CT was recolonized from 
the south every year, we would expect that collections from one year will be more simi-
lar to each other than between years. We did not find evidence of temporal structure in 
these collections but rather a weak spatial signature across years, consistent with over-
wintering. However, at this point we cannot exclude the possibility that these popula-
tions are recolonized by a large influx of individuals from the same sources every year.

Conclusions

The overall absence of bottlenecks, lack of genetic structure, patterns of isolation 
by distance, and temporal stability at the northeastern invasive front suggest that 
Ae. albopictus populations in the northeastern USA may already be established as 
overwintering populations. Furthermore, the high levels of genetic diversity, signatures 
of inbreeding and small neighborhood sizes suggest that Ae. albopictus populations 
in the northeast USA experience high propagule pressure, probably as the result of 
multiple, diverse, and frequent invasion sources from southeastern USA populations 
and possibly from abroad. We suggest that Ae. albopictus in eastern USA behave as a 
metapopulation, in which genetic variation is consistently introduced to the area via 
human-aided dispersal, and where local genetic drift and selection lead to differentiated 
small breeding units interconnected across space and time, with admixture through 
secondary contact further increasing variability.
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Kinship analysis
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Explanation note: Latitude of each northeastern USA Aedes albopictus location plot-

ted against A its observed heterozygosity (Ho) and B allelic richness estimated by 
rarefaction (N = 30). Linear regression in R v. 3.2.2. (R Core Team 2018) indicates 
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Copyright notice: This dataset is made available under the Open Database License 
(http://opendatacommons.org/licenses/odbl/1.0/). The Open Database License 
(ODbL) is a license agreement intended to allow users to freely share, modify, and 
use this Dataset while maintaining this same freedom for others, provided that the 
original source and author(s) are credited.

Link: https://doi.org/10.3897/neobiota.78.84986.suppl9
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Supplementary material 10

Estimates of effective population size based of Connecticut populations obtained 
with NeEstimator (Do et al. 2014)
Authors: Andrea Gloria-Soria, Talya Shragai, Alexander T. Ciota, Todd B. Duval, Barry 
W. Alto, Ademir J. Martins, Kathleen M. Westby, Kim A. Medley, Isik Unlu, Scott R. 
Campbell, Malgorzata Kawalkowski, Yoshio Tsuda, Yukiko Higa, Nicholas Indelicato, 
Paul T. Leisnham, Adalgisa Caccone, Philip M. Armstrong
Data type: figure (pdf file)
Explanation note: Estimates of effective population size based of Connecticut popula-

tions obtained with NeEstimator (Do et al. 2014) using A population pairs using 
the two-sample Waples (1989) method and three options for computing the stand-
ardized variance in allele frequency, F [Fe (Nei and Tajima 1981); Fk (Pollak 1983); 
and Fs (Jorde and Ryman 2007)]; and B a single population sample using the bias-
corrected version of the linkage disequilibrium method Waples and Do (2008). 
Mean effective population size estimates (Ne), 95% confidence intervals (CI) are 
displayed by locality. The average Ne across all estimates is displayed with a dashed 
(harmonic mean) and dotted (arithmetic mean) horizontal lines. Note that the 
arithmetic mean of B is missing as it falls outside the plotted area (Ne = 2,337.5).

Copyright notice: This dataset is made available under the Open Database License 
(http://opendatacommons.org/licenses/odbl/1.0/). The Open Database License 
(ODbL) is a license agreement intended to allow users to freely share, modify, and 
use this Dataset while maintaining this same freedom for others, provided that the 
original source and author(s) are credited.

Link: https://doi.org/10.3897/neobiota.78.84986.suppl10
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Supplementary material 11

Population structure of Aedes albopictus from the United States and Japan based 
on 15 microsatellite markers
Authors: Andrea Gloria-Soria, Talya Shragai, Alexander T. Ciota, Todd B. Duval, Barry 
W. Alto, Ademir J. Martins, Kathleen M. Westby, Kim A. Medley, Isik Unlu, Scott R. 
Campbell, Malgorzata Kawalkowski, Yoshio Tsuda, Yukiko Higa, Nicholas Indelicato, 
Paul T. Leisnham, Adalgisa Caccone, Philip M. Armstrong
Data type: figure (pdf file)
Explanation note: A STRUCTURE plot with each individual represented by a verti-

cal bar. The height of each bar is the probability of assignment to each of K = 3 
genetic clusters (indicated by different colors). B Discriminant analysis of principal 
components (DAPC).

Copyright notice: This dataset is made available under the Open Database License 
(http://opendatacommons.org/licenses/odbl/1.0/). The Open Database License 
(ODbL) is a license agreement intended to allow users to freely share, modify, and 
use this Dataset while maintaining this same freedom for others, provided that the 
original source and author(s) are credited.

Link: https://doi.org/10.3897/neobiota.78.84986.suppl11

Supplementary material 12

Population structure of Aedes albopictus at the United States northeastern invasion 
front (New York, Connecticut, Massachusetts) based on 15 microsatellite markers
Authors: Andrea Gloria-Soria, Talya Shragai, Alexander T. Ciota, Todd B. Duval, Barry 
W. Alto, Ademir J. Martins, Kathleen M. Westby, Kim A. Medley, Isik Unlu, Scott R. 
Campbell, Malgorzata Kawalkowski, Yoshio Tsuda, Yukiko Higa, Nicholas Indelicato, 
Paul T. Leisnham, Adalgisa Caccone, Philip M. Armstrong
Data type: figure (pdf file)
Explanation note: Population structure of Aedes albopictus at the United States north-

eastern invasion front (New York, Connecticut, Massachusetts) based on 15 micro-
satellite markers. A Discriminant analysis of principal components (DAPC) and B 
STRUCTURE plot with each individual represented by a vertical bar. The height 
of each bar is the probability of assignment to each of K = 3 and K = 6 genetic 
clusters (indicated by different colors).

Copyright notice: This dataset is made available under the Open Database License 
(http://opendatacommons.org/licenses/odbl/1.0/). The Open Database License 
(ODbL) is a license agreement intended to allow users to freely share, modify, and 
use this Dataset while maintaining this same freedom for others, provided that the 
original source and author(s) are credited.

Link: https://doi.org/10.3897/neobiota.78.84986.suppl12
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Supplementary material 13

Geographic genetic differentiation (IBD: isolation by distance) across the North-
east USA
Authors: Andrea Gloria-Soria, Talya Shragai, Alexander T. Ciota, Todd B. Duval, Barry 
W. Alto, Ademir J. Martins, Kathleen M. Westby, Kim A. Medley, Isik Unlu, Scott R. 
Campbell, Malgorzata Kawalkowski, Yoshio Tsuda, Yukiko Higa, Nicholas Indelicato, 
Paul T. Leisnham, Adalgisa Caccone, Philip M. Armstrong
Data type: figure (pdf file)
Explanation note: Genetic distance is given as the linearized Fst [Fst/(1/Fst)] and geo-

graphic distance is provided in kilometers (Km).
Copyright notice: This dataset is made available under the Open Database License 

(http://opendatacommons.org/licenses/odbl/1.0/). The Open Database License 
(ODbL) is a license agreement intended to allow users to freely share, modify, and 
use this Dataset while maintaining this same freedom for others, provided that the 
original source and author(s) are credited.

Link: https://doi.org/10.3897/neobiota.78.84986.suppl13

Supplementary material 14

Population structure on Aedes albopictus samples from all Connecticut samples 
(no temporal series) based on 15 microsatellite markers
Authors: Andrea Gloria-Soria, Talya Shragai, Alexander T. Ciota, Todd B. Duval, Barry 
W. Alto, Ademir J. Martins, Kathleen M. Westby, Kim A. Medley, Isik Unlu, Scott R. 
Campbell, Malgorzata Kawalkowski, Yoshio Tsuda, Yukiko Higa, Nicholas Indelicato, 
Paul T. Leisnham, Adalgisa Caccone, Philip M. Armstrong
Data type: figure (pdf file)
Explanation note: A STRUCTURE plot with each individual represented by a verti-

cal bar. The height of each bar is the probability of assignment to each of K = 3 
genetic clusters (indicated by different colors). B Discriminant analysis of principal 
components (DAPC).

Copyright notice: This dataset is made available under the Open Database License 
(http://opendatacommons.org/licenses/odbl/1.0/). The Open Database License 
(ODbL) is a license agreement intended to allow users to freely share, modify, and 
use this Dataset while maintaining this same freedom for others, provided that the 
original source and author(s) are credited.

Link: https://doi.org/10.3897/neobiota.78.84986.suppl14
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Supplementary material 15

Inferred genetic clusters from Aedes albopictus of the Connecticut temporal series
Authors: Andrea Gloria-Soria, Talya Shragai, Alexander T. Ciota, Todd B. Duval, Barry 
W. Alto, Ademir J. Martins, Kathleen M. Westby, Kim A. Medley, Isik Unlu, Scott R. 
Campbell, Malgorzata Kawalkowski, Yoshio Tsuda, Yukiko Higa, Nicholas Indelicato, 
Paul T. Leisnham, Adalgisa Caccone, Philip M. Armstrong
Data type: figure (pdf file)
Explanation note: Inferred genetic clusters from Aedes albopictus of the Connecticut 

temporal series using Discriminant Analysis of Principal Components in ADE-
GENET (Jombart 2008)

Copyright notice: This dataset is made available under the Open Database License 
(http://opendatacommons.org/licenses/odbl/1.0/). The Open Database License 
(ODbL) is a license agreement intended to allow users to freely share, modify, and 
use this Dataset while maintaining this same freedom for others, provided that the 
original source and author(s) are credited.

Link: https://doi.org/10.3897/neobiota.78.84986.suppl15
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Abstract
The design of successful invasive species control programs is often hindered by the absence of basic demo-
graphic data on the targeted population. Establishment of invasive Burmese pythons (Python molurus biv-
ittatus) in the Greater Everglades Ecosystem, Florida USA has led to local precipitous declines (> 90%) of 
mesomammal populations and is also a major threat to native populations of reptiles and birds. Efforts to 
control this species are ongoing but are hampered by the lack of access to and information on the expected 
biological patterns of pythons in southern Florida. We present data from more than 4,000 wild Burmese 
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pythons that were removed in southern Florida over 26 years (1995–2021), the most robust dataset 
representing this invasive population to date. We used these data to characterize Burmese python size dis-
tribution, size at maturity, clutch size, and seasonal demographic and reproductive trends. We broadened 
the previously described size ranges by sex and, based on our newly defined size-stage classes, showed that 
males are smaller than females at sexual maturity, confirmed a positive correlation between maternal body 
size and potential clutch size, and developed predictive equations to facilitate demographic predictions. 
We also refined the annual breeding season (approx.100 days December into March), oviposition tim-
ing (May), and hatchling emergence and dispersal period (July through October) using correlations of 
capture morphometrics with observations of seasonal gonadal recrudescence (resurgence) and regression. 
Determination of reproductive output and timing can inform population models and help managers ar-
rest population growth by targeting key aspects of python life history. These results define characteristics 
of the species in Florida and provide an enhanced understanding of the ecology and reproductive biology 
of Burmese pythons in their invasive Everglades range.

Keywords
clutch size, ecological timing, Everglades National Park, gonadal development, invasive species, morpho-
metrics, oviposition, reproductive potential, reptile, size at maturity, snake

Introduction

Invasive species cause some of the most ecologically damaging and costly impacts on 
ecosystems (Fantle-Lepczyk et al. 2022). They can outcompete and consume natives, 
impacting species across trophic levels. Invasive reptiles, and snakes in particular, com-
prise some of the most infamous species with documented deleterious trophic impacts 
in multiple systems. For example, the invasive brown treesnake (Boiga irregularis) in 
Guam’s tropical ecosystem has decimated native vertebrate populations on the island, 
driving many to extirpation or extinction (Savidge 1987; Wiles 1987; Rodda and Fritts 
1992), and leading to seed dispersal loss and potential changes in forest structure (Rog-
ers et al. 2017). Recently, the common wolf snake (Lycodon capucinus) has been linked 
to the precipitous decline of lizard species on Christmas Island, AUS (Emery et al. 
2021). In continental USA, the invasive Burmese python (Python molurus bivittatus) 
has been linked to severe declines of mammalian prey populations and the accompa-
nying ecological impacts in southern Florida’s Greater Everglades Ecosystem (Dorcas 
et al. 2012; Hoyer et al. 2017; Burkett-Cadena et al. 2021; Taillie et al. 2021). The 
success of Burmese pythons is likely due, in part, to their size coupled with their repro-
ductive biology (Willson et al. 2011; Card et al. 2018). Though some work has been 
done describing instances of python demographics and reproduction across its invasive 
range in southern Florida (Snow et al. 2007b; Krysko et al. 2008), stronger inferences 
can be made with increased sample sizes, particularly from the wild population.

The vast landscape and inaccessible habitats of the Greater Everglades Ecosystem 
paired with extremely low detection probabilities of the Burmese python (est. < 5%; 
Nafus et al. 2020) have stymied the accumulation of robust, long-term ecological and 
biological data of the species. These large predatory snakes may have been introduced 
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to, and established in, Everglades National Park by the mid-1980’s or even earlier 
(Willson et al. 2011). Since then, the species has spread across the entire southern 
portion of Florida and has been implicated in severe population declines of some mid-
sized mammals in the area (Dorcas et al. 2012; McCleery et al. 2015), as well as in 
changes to vector-borne disease transmission dynamics (Hoyer et al. 2017; Burkett-
Cadena et al. 2021), food-web perturbations (Reichert et al. 2017), and spillover of 
parasites to native species (Miller et al. 2018). However, little is known about much of 
the Burmese pythons’ biology or reproductive phenology in the wild (but see Krysko 
et al. 2012; Smith et al. 2015). Several detection and removal strategies have been 
tested and/or implemented over the years (e.g., Reed et al. 2011; Hunter et al. 2015; 
Falk et al. 2016; Parker et al. 2021), but captures remain low, and population-level 
information or temporal trends remain limited. However, understanding this species’ 
morphology and reproduction in its entire invasive range which spans southern Florida 
will provide researchers with a demographic baseline which can aid in the development 
of new, biologically targeted control tools.

To determine if control efforts are effective, an invasive species’ population size 
needs to be estimable so that measured changes can be documented. Population abun-
dances and survival changes across ontogeny can be estimated using predictive math-
ematical tools such as stage (size or age class) structured population matrix models 
(Hanley et al. 2019a) using basic data on phenotypic and reproductive parameters. Yet, 
for Burmese pythons, no long-term or robust reproductive stage data exist, and the ba-
sic questions about population dynamics or growth potential in the wild (e.g., Hanley 
et al. 2019b; Currylow et al. 2022a) are almost completely unknown. Additionally, 
inconsistent methods across studies and over time exacerbate issues with defining 
species size-stage classes through size at maturity or identifying phenotypic variation 
(Feldman and Meiri 2012). For example, snake studies often measure animal body 
size using total length (tip of snout to tip of tail; e.g., Burger et al. 1987; Snow et al. 
2007b) while others use snout-vent length (SVL; tip of snout to vent; e.g., Reed et al. 
2016; Josimovich et al. 2021). This difference is important to note when attempting 
to understand or compare morphologies between the sexes because male squamates 
store their hemipenes, inverted, in the ventral tail base, causing males to have generally 
longer tails (and therefore relatively longer total lengths) than females of the same SVL 
(Fitch 1960; Shine et al. 1999).

Our objectives were to characterize size at maturity, reproductive status, and tem-
poral trends in wild Burmese python populations distributed within the Greater Ev-
erglades Ecosystem. We compiled 26 years of data on a variety of morphometrics col-
lected from more than 4,000 python captures resulting from several invasive species 
removal efforts and studies across southern Florida between 1995 and 2021 (Cur-
rylow et al. 2022b). With these data we aimed to address the following hypotheses: if 
wild Burmese pythons 1) exhibit sexual dimorphism, then females will be larger than 
males at sexual maturity; 2) have clutch sizes that depend on maternal body sizes, 
then large clutches will be associated with larger body sizes; 3) synchronously hatch 
and disperse from nests, then they will appear on the landscape en masse within one 
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period; and 4) exhibit a regular annual reproductive cycle, then gonadal states of each 
sex will uniformly differ across months. We were able to use this data compilation to 
describe morphologies and gonadal states, define size distributions, develop predictive 
size equations, characterize size-stage classes, identify reproductive status, and infer 
reproductive potential (size at maturity and potential clutch size). We also investigated 
those data across time to better understand the seasonality of reproductive trends and 
hatchling emergence in southern Florida, USA.

Methods

Study site

Our study site included private, state, and federal lands in Florida where invasive Bur-
mese pythons have established. The area encompasses much of the Greater Everglades 
Ecosystem in Florida, USA from south of Lake Okeechobee through the Florida Keys. 
From east to west coasts, southern Florida is surrounded by a complex of roads and 
man-made waterways. The Everglades is composed of limestone bedrock covered by 
ridge and slough habitats and mangrove complexes (Lodge 2017). These areas are char-
acterized by freshwater marshes, tree islands, tropical hardwood hammocks, pinelands, 
cypress forests, mixed and mangrove swamps, prairies, coastal lowlands, and estuarine 
systems (Lodge 2017).

Specimen acquisition and processing

Burmese python specimens used in this study were sourced year-round through nonprof-
it organization, Federal, and State funded research, removal, volunteer, and management 
programs and private individuals between 1995 and 2021 (see citations herein). We re-
port morphometric and/or reproductive information from 4,007 specimens from across 
southern Florida, many of which were collected on linear features such as roadways and 
levees (Fig. 1). We recorded location of capture (UTM WGS84), date of capture/death, 
sex, weight (grams), snout vent length (SVL, cm), tail length (cm), tail completeness (in-
tact or broken/incomplete), total length (cm), reproductive status based on gonad devel-
opmental state (see below), and number of most developed ovarian structure/oviductal 
eggs. To allow for future comparisons of our data to other records, we recorded both 
SVL and tail length when possible, tested for differences between the sexes, and aimed 
to provide equations for the estimation of one body size measurement using the other.

Reproductive parameters

We recorded reproductive data for pythons during necropsies and classified reproduc-
tive status using a visual assessment of the specimens’ most developed gonadal structure 
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(following Aldridge 1979; Seigel et al. 2001). Gonad developmental state categories 
included: undeveloped (no follicles/oviductal eggs or testes categorized or identified), 
primary follicles (small, preliminary or pre-vitellogenic oocytes), secondary follicles 
(pre-ovulatory vitellogenic follicles), oviductal eggs (post-ovulatory/ovigerous), flaccid 
testes (testes distinguished but not turgid), semi-turgid testes, and turgid testes.

Figure 1. Map of removal locations of 4,007 Burmese python (Python molurus bivittatus) specimens 
concentrated along roadways and levees across southern Florida, USA from 1995 through 2021. The 
Florida base map was compiled from several data providers, including the U.S. Geological Survey, Na-
tional Oceanic and Atmospheric Administration, National Park Service, Garmin, and Esri to a scale of ca. 
1:70 kilometer (ArcGIS Desktop 10.8.1 version 10.8.1.14362).
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We discovered and report information from 13 Burmese python nests laid between 
2006 and 2022. Five of these have been partially described previously (see Snow et al. 
2007a; Snow et al. 2010; Hanslowe et al. 2016; Wolf et al. 2016; Currylow et al. 2022c), 
and we therefore cite those with the comparisons to other nests on oviposition phenology, 
maternal python SVL, and clutch sizes for summary purposes. In six instances, we discov-
ered and monitored oviposition in wild pythons in the field as part of other studies. Five 
of the nests were found after hatching and clutch sizes were inferred by counting eggshells.

Statistical analyses

Size distribution

To process the raw dataset for analyses, we grouped and averaged all data from any sin-
gle animal that was measured multiple times within a single month. Where available, 
we summarized the median sizes (SVL and weights) of python captures and/or sepa-
rated pythons by sex. We regressed SVL by weight of each sex and fit a second-degree 
polynomial to visualize the non-linear relationship with an r-squared value.

Size at maturity

To determine if wild Burmese pythons exhibit sexual size dimorphism where females 
are larger than males at sexual maturity with the non-normal data, we used the non-
parametric Wilcoxon method adjusted for multiple pairwise comparisons to test for 
mean differences of SVL between stages of gonad developmental state (undeveloped, 
flaccid testes, semi-turgid testes, turgid testes, primary follicles, secondary follicles, or 
oviductal eggs). Using the reproductive stages that correlated with size ranges, we then 
categorized size-stage classes (juvenile, sub-adult, adult) to represent general sizes at 
maturity for each sex. For those individuals with intact tails, we tested if tail length 
was proportionally different across size-stage classes using a Standard Least Squares 
Restricted Maximum Likelihood model (REML) with size-stage class as the predictor 
variable and the proportion of the tail length to total body length for individuals as 
the response variable with individual identification as a random effect to account for 
repeated measures. We then tested if the proportion of tail length to total length was 
different between the sexes overall, as well as within each size-stage class group using 
REMLs. To determine predictive equations that could be used to standardize and inter-
pret records across studies, we fit a regression line between tail length and SVL or SVL 
and total length for each sex for those individuals with intact tails and known sexes.

Clutch size

To determine if wild Burmese pythons have larger clutch sizes as they grow to larger 
body sizes, we evaluated potential clutch size for correlation with maternal body size 
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(SVL). We used females having secondary follicles or oviductal eggs at necropsy, enu-
merating them as a maximum clutch size proxy. We then performed a regression analy-
sis to determine a predictive equation for the relationship. We further investigated if 
there was a difference in the potential clutch size estimates using only pre-ovulatory 
secondary follicles vs only oviductal eggs. We again performed regression analyses for 
each of these potential clutch size estimates to maternal body size to refine predictive 
equations. For the nests we discovered from 2006 through 2022 that were associated 
with known females, we regressed female size (SVL) of maternal pythons with the total 
number of oviposited eggs and fit a linear regression to determine a predictive equation 
for the relationship.

Seasonal trends

To evaluate if wild hatchling Burmese pythons synchronously hatch and disperse, we 
investigated seasonality (monthly variation) of morphometric trends (size and repro-
ductive parameters). We used a standard least squares regression model fit with the 
restricted maximum likelihood method using SVL as the response variable and month 
as the predictor variable. We included individual python identification as a random ef-
fect to account for repeated measures of some individuals. When investigating juvenile 
python size classes to identify temporal trends in hatching or emergence seasonality, we 
again used the above-described model but now included weight (g) as a response vari-
able and followed model tests with a least squares means Tukey HSD post hoc analysis 
to detect significant differences among months. We used a bivariate nonparametric 
probability density plot to visualize the spread, correlation, and skewness of the annual 
juvenile size data. We then used the contour polygons to identify the characteristic an-
nual size distinctions within the juvenile size-stage class as young-of-year (YoY; hatch-
ling pythons emerging before calendar-year end) and older juveniles.

To determine if Burmese pythons follow a regular annual reproductive cycle in 
southern Florida, we modeled adult reproductive cycles of each sex over time using 
logistic regression. We performed a chi-square test of independence to assess the re-
lationship between gonadal state and observation month to understand annual cycles 
in gonadal recrudescence (where females’ follicles become markedly and heavily vitel-
logenic and males’ testes become engorged and turgid) and regression. For all other 
analyses where we compared between two groups, we used pooled t-tests or chi squared 
analyses depending on data type. For analyses where more than two variables were 
investigated, we used analyses of variance followed by Tukey HSD post hoc analyses 
where appropriate.

Sample sizes varied across years and for different analyses depending on available 
data, therefore both year ranges and sample sizes are specified for each figure and analy-
sis. All analyses were carried out using JMP statistical software (SAS Institute Inc 2021) 
and significance was determined at α ≤ 0.05. The data used in this manuscript are avail-
able as a USGS data release (Currylow et al. 2022b).
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Results

We collected necropsy data from every specimen based on specimen condition, staff-
ing, and data needs over the years (1995–2021; Suppl. material 1). Due to the nature 
of the collection of the dataset, sample sizes for each analysis are stated and may vary 
based on the data that were collected at the time. Of the 4,007 individual pythons rep-
resented in the dataset, 126 were morphometrically remeasured over multiple months 
(2–19 months) before euthanasia as part of other projects and constitute 487 rows of 
the 4,378 total data rows on which we report here. All individual animals have only 
one set of reproductive status (gonadal state) measurements, as those necessitated de-
structive sampling (i.e., during necropsies). As the dataset reflects opportunistic cap-
tures and surrenders, these data may not represent the entirety of the populations’ 
variation or demographic patterns (e.g., Falk et al. 2016).

Size distribution

Burmese pythons for which SVL was recorded ranged in size from 39.6 to 498.0 cm 
SVL (median = 167 cm, n = 3,938) and 40–84,800 g (median = 3,270 g, n = 4,191). 
Grouped by sex, females grew to larger sizes ranging 39.6–498.0 cm SVL (medi-
an = 165 cm, n = 1,740) and 50–84,800 g (median = 2,768 g, n = 1,765), males 
ranged 42.0–399.5 cm SVL (median = 173 cm, n = 2,046) and 50–44,000 g (me-
dian = 3,800 g, n = 2,212; Fig. 2) and those for which sex was indeterminable or was 
not recorded ranged 44.7–424.0 cm SVL (median = 62 cm, n = 148) and 40–63,100 g 
(median = 179 g, n = 214).

Size at maturity

We confirmed that wild Burmese pythons in Florida indeed exhibit sexual dimorphism 
whereby females are larger than males at sexual maturity, but also that males have long-
er tails than females of the same size. We found trends in python size (SVL and weight) 
by gonadal development state (Fig. 3). We subsequently used gonadal development 
and associated SVLs to identify size differences associated with reproductive status 
(non-reproductive or reproductively active; Table 1; overall model F6,2117 = 755.1500, 
p < 0.0001), though some overlap occurs at the extremes or depending on season (see 
seasonal trends below). The SVLs of reproductive individuals were different between the 
sexes, where females were longer on average (mean = 297.8 cm SVL, SE = 4.0726, 95% 
confidence interval (CI) = 285.0–310.5 cm SVL, n = 138) than males (211.0 cm SVL, 
SE = 2.3882, 95% CI = 206.7–216.1 cm SVL, n = 399; F1,535 = 334.3382, p < 0.0001).

We used sizes associated with gonad developmental state from Table 1 to designate 
size-stage classes in each sex (Table 2). Primary follicles can be found in adult females 
throughout the year, but the smallest females with follicles were 151 cm SVL (see Ta-
ble 1), so those below this threshold were considered juvenile females. Similarly, males 
may exhibit flaccid testes when not reproductively active, but the smallest males ex-
hibiting semi-turgid testes were 125 cm SVL; males below this length were considered 
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Figure 2. Snout-vent lengths (SVL; cm) of Burmese pythons (Python molurus bivittatus) from 1995 
through 2021 in southern Florida, USA. Females (magenta) grow larger and longer than males (blue). 
Individuals without sex recorded (grey) are limited to juvenile and subadult size-stage class for clarity. Sec-
ond-degree polynomial goodness of fit lines shown by sex with sample sizes and R2 values in parentheticals.

Figure 3. Female (left) and male (right) gonad developmental state by animal size data from necropsied 
Burmese pythons (Python molurus bivittatus) captured from 2003 through 2021 in southern Florida, 
USA. Snout-vent lengths (SVL, cm) are displayed as boxplots and mean body weights (g) are represented 
as the solid blue smoother line with 95% confidence buffer; sample sizes are listed across the top. Mean 
SVLs and weights were highest in pythons with more progressed gonadal development and were different 
from the smaller-sized pythons with less- or undeveloped gonadal states (see Table 1).
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juvenile males. The smallest 10% of reproductively active females (developing second-
ary follicles or oviductal eggs) were approximately 206 cm SVL while the smallest 10% 
of males exhibiting turgid testes were approximately 182 cm SVL, so these thresholds 
were considered as transitional from sub-adults to adults of each sex (Table 2).

We used individuals with both SVL and complete tail length measurements to 
calculate the average tail length for each sex across size-stage classes (Table 2). Propor-
tion of tail length to body length did not differ between the size-stage classes but did 
differ between the sexes (F1,2450 = 204.4130, p < 0.0001) and between the sexes of each 
size-stage class (juvenile = F1,1207 = 3.9234, p = 0.0478; sub-adults = F1,539 = 67.3810, 
p < 0.0001; adults = F1,716.6 = 501.2598, p < 0.0001). Further, we provide two expres-
sions (EQ1: R2 = 0.90, n = 287 and EQ2: R2 = 0.75, n = 450) to approximate tail 
lengths using an SVL measurement for adults of each sex:

EQ1: Adult female tail length (cm) = 4.478214 + 0.1165135*SVL (cm)

EQ2: Adult male tail length (cm) = 4.5850061 + 0.1287574*SVL (cm)

For all length-size-stage class relationship equations and graphs by sex, see Sup-
pl. material 2). To estimate sizes of only reproductive adults using only total length 
measurements (or vice versa with only SVL), we developed two expressions (EQ3: 
R2 > 0.99, n = 58 and EQ4: R2 > 0.99, n = 186) from the data:

Table 1. Burmese python (Python molurus bivittatus) gonad developmental state (testes, follicles, or 
oviductal eggs) by quantiles of snout-vent lengths (SVL, cm). The sizes at gonad developmental state not 
connected by the same letter in the Mean SVL Comparisons column are significantly different (all other 
P-values ≤ 0.0181). Data are from specimens collected from 2003 through 2021 in the Greater Everglades 
Ecosystem, Florida, USA.

Gonad Developmental State n Mean SVL Comparisons Min 10% 25% Median 75% 90% Max Reproductive Status
Undeveloped ♀ & ♂ 835 A 42 57 60 67 106 157 283 Non-reproductive
♂ Flaccid Testes 368 B 58 133 165 187 212 232 360 Non-reproductive
♂ Semi-turgid Testes 246 C 125 167 186 205 229 251 347 Reproductive
♂ Turgid Testes 153 D 142 182 194 212 231 265 330 Reproductive
♀ Primary Follicles 384 E 151 178 195 219 260 339 498 Non-reproductive
♀ Secondary Follicles 80 F 184 206 239 276 380 424 478 Reproductive
♀ Oviductal Eggs 56 F 185 216 246 276 307 382 475 Reproductive

Table 2. Estimated size-stage class demarcations (snout-vent length; SVL, cm) and gonad developmental state 
(Table 1) and mean tail lengths by sex for invasive Burmese pythons (Python molurus bivittatus) in southern 
Florida, USA. Data are from specimens collected from 1995 through 2021 in the Greater Everglades Ecosystem.

Size-stage Class ♀ Body Length (cm SVL) % ♀ Tail to Total Length ♂ Body Length (cm SVL) % ♂ Tail to Total Length
Juvenile 39–150.9 12.6 42–124.9 12.5

Sub-adult 151–205.9 12.3 125–181.9 12.8
Adult 206+ 11.8 182+ 13.1
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EQ3: Reproductive adult females:

a)	 SVL (cm) = -4.25341 + 0.8954965*Total Length (cm)
b)	 Total Length (cm) = 4.4790281 + 1.1165112*SVL (cm)

EQ4: Reproductive adult males:

a)	 SVL (cm) = -3.287218 + 0.8818756*Total Length (cm)
b)	 Total Length (cm) = 4.5850061 + 1.1287574*SVL (cm)

Clutch sizes

We confirmed that wild female Burmese pythons in Florida overall have larger clutch 
sizes with larger body sizes, but that the number of secondary follicles is likely an over-
estimate of actual clutch sizes. We excluded individuals exhibiting egg retention (n = 5; 
see Anderson et al. 2022) in these analyses and results. We found a positive correlation 
in female body size (SVL) to potential clutch size (secondary follicles or oviductal eggs; 
R2 = 0.81, n = 115, p < 0.0001; Suppl. material 3) that could be predicted using the 
following regression equation (EQ5):

EQ5: Potential clutch size = -46.95676 + 0.282554*SVL (cm)

However, potential clutch size was larger when enumerating secondary follicles 
(mean = 44.5, SE = 2.6641, 95% CI = 39.3–49.9, range = 8–103, n = 70) than ovi-
ductal eggs (mean = 30.8, SE = 3.0617, 95% CI = 24.7–36.8, range = 11–72, n = 53; 
t121 = -3.68069, p = 0.0004). The regression equations for each state (EQ6: R2 = 0.81, 
n = 65 and EQ7: R2 = 0.88, n = 51) are as follows:

EQ6: Potential clutch size of secondary follicles only = 
-46.46219 + 0.2907525*SVL (cm)

EQ7: Potential clutch size of oviductal eggs only = -35.8948 + 0.2306006*SVL (cm)

In our dataset, eight instances of known females were found associated with nests. 
We found that female SVL was positively correlated with the total number of ovipos-
ited eggs in a clutch, and developed an equation to describe the association (EQ8; 
R2 = 0.81, DF = 7, p = 0.0023):

EQ8: Oviposited eggs (actual clutch size) = -31.9255 + 0.2152397*SVL (cm)

The number of oviposited eggs from 13 wild nests (Table 3) were 22–84 (mean = 49, 
SD = 22), the largest of which was from a nest discovered after hatching without a 
known maternal female (Nest 8; and therefore could not be associated with female 
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body sizes above). In 2021, we monitored two nests (Nests 5 & 6) and found that lay 
dates were both approximately 15 May (±3 d; exact dates unknown due to sampling 
rate). One of those two nests was destroyed by a nest predator (Nest 5; see Currylow 
et al. 2022c), but the successful nest was ultimately incubated in the laboratory, com-
menced hatching approximately 63 d after being laid, and took 3 days to hatch com-
pletely (19–21 July, 2021). We found that all the known hatching dates were also in 
July (Table 3). Of the four nests with notes and hatched eggs (Table 3, Nests 6, 7, & 9), 
Nest 6 comprised 9 inviable of 40 total, Nest 7 comprised 9 inviable eggs of the 79 eggs 
total, and Nest 9 comprised 2 inviable of the 39 total. We noted that a small propor-
tion of oviposited eggs in two of the nests were discolored, misshapen, and smaller than 
the rest in the clutch and proved to be inviable (Nest 6 = 6 of 40; Nest 10 = 1 of 24).

Seasonal trends

We found that there were changes in the size (SVL) of pythons captured across months 
that confirm annual seasonal patterns in both hatchling and adult Burmese pythons 
in Florida (F11, 3375 = 164.7925, p < 0.0001). Pythons were captured year-round (see 
Suppl. material 4), but most annual captures were juveniles between the months of 
July through October when the YoY emerge (Fig. 4). To see adult python captures 
separated out by sex across months, see Suppl. material 5.

Hatchling emergence

We confirmed that Burmese pythons synchronously hatch and disperse from nests 
during a discrete annual time period, but also that the YoY (those emerging before 
the calendar-year end) can be distinguished from small yearling pythons during this 
period from summer into the fall months in Florida. Of the nests we discovered dur-

Table 3. Opportunistically recorded parameters of Burmese python (Python molurus bivittatus) nests 
discovered during work in the Greater Everglades Ecosystem, Florida, USA from 2006 through 2022. 
SVL = Snout-vent length.

Maternal SVL (cm) Approx. lay date Approx. hatch date # Eggs or shells Citation
Nest 1 414 5-17-2006 - 46 Snow et al. 2007a
Nest 2 286 - 7-2008 27 Snow et al. 2010
Nest 3 264 - 7-29-2009 22 Wolf et al. 2016
Nest 4 265 5-2015 7-02-2015 25 Hanslowe et al. 2016
Nest 5 396 5-13-2021 NA 64 Currylow et al. 2022c
Nest 6 321 5-18-2021 7-20-2021 40 Current Study
Nest 7 - - 7-18-2021 79 Current Study
Nest 8 - - 2020 84 (shells) Current Study
Nest 9 315 - 7-13-2022 39 Current Study
Nest 10 260 - 7-30-2022 24 Current Study
Nest 11 - - - 74 (shells) Current Study
Nest 12 - - - 71 (shells) Current Study
Nest 13 - - - 46 (shells) Current Study
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ing this work, all with known hatch dates hatched in July (Table 3). Further, when 
only looking at the juvenile size-stage class in the larger dataset, we found that the YoY 
captured during July – October (n = 1,486) were distinctly smaller (SVL) than other 
juvenile pythons on the landscape (F11,1287 = 72.3710, p < 0.0001). During these four 
months, median sizes for YoY hatchlings were 62.9 cm SVL (interquartile range 58.6–
71.5 cm) and 125.0 g (interquartile range = 107.0–194.0 g; see Suppl. material 6). 
By November, juvenile pythons measured 93.5 cm SVL median (interquartile range 
84.0–101.0 cm) at 548 g (interquartile range 360.0–680.0 g) and started to become 
indistinguishable from juvenile pythons from the previous year (Fig. 5).

Reproductive cycles

We also confirmed that adult Burmese pythons exhibit a regular annual reproductive 
cycle, but that we could further define reproductive seasonality of breeding, oviposition, 
incubation, and that not all individuals undergo these changes every year. We found 
that adult pythons in southern Florida exhibited annual reproductive cycles in the 
average monthly recrudescence and regressive states of the ovaries (χ2

33,383 = 290.435, 

Figure 4. Density histogram of the proportion of 3,908 Burmese pythons (Python molurus bivittatus) 
across months by size bins (in snout-vent length; SVL; in cm) from southern Florida, USA between 1995 
and through 2021. Size bins generally correspond to size-stage class but vary between sexes (see text).
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Figure 5. Juvenile Burmese python (Python molurus bivittatus) captures (dark dots) across months of the 
year (scale in Julian days) by snout-vent length (SVL; cm) in southern Florida, USA (1995–2021). Shaded 
probability polygons represent 25%, 50% ,75%, and 99% data density contours. The separation of the 
dark lower right set of overlapping polygons from the rest of the points earlier in the year highlights the 
months of highest juvenile encounters (July through October) and their correlated spread of sizes over those 
months, helping to distinguish the smaller young-of-year (YoY) hatchlings from other juveniles. Outside 
the July into October timeframe, YoY and juveniles from the prior year cannot be confidently distinguished.

p < 0.0001) and testes (χ2
22,535 = 282.567, p < 0.0001; Fig. 6). Of the 210 pythons 

having either turgid testes or preovulatory secondary follicles, 192 (91%) were found 
between December and March in both sexes (Fig. 6). We found that females may have 
primary follicles throughout the year (commonly in addition to secondary follicles or 
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Figure 6. Annual reproductive cycle probability density contour plots of Burmese python (Python 
molurus bivittatus) females (top; n = 933 snakes) and males (bottom; n = 1,123 snakes) in southern Flor-
ida, USA. Python sizes (snout-vent length; SVL, cm) are shown across months of the year (scale in Julian 
days) and separated by observed gonad developmental state (colored density polygons at 25%, 50% ,75%, 
and 99% data contours) from necropsied individuals collected from 2003 through 2021. Grey shaded 
vertical band represents purported breeding season (approximately 100 days December into March) when 
seasonal gonadal recrudescence peaks (see text). The purple shaded vertical band for females represents 
hypothesized oviposition timing (e.g., initiation of nesting season) based on presence of oviductal eggs in 
specimens, field observations, and published accounts. Note: sample sizes are low for gravid females due 
to low encounter rates during nesting.
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oviductal eggs) but exhibited gonadal recrudescence (i.e., vitellogenic/secondary fol-
licles) during that December into March period in 70 of 85 instances. In males, we 
found individuals to have flaccid testes throughout the year, but we found males exhib-
ited gonadal recrudescence most frequently beginning in November through March 
(semi-turgid testes in 162 of 189 instances) and turgid testes were found in December 
and into March (133 of 141 instances) followed by gonadal regression (Fig. 6). Because 
these time periods during which gonadal recrudescence occurred were correlated in 
both sexes and with numerous field observations of courtship and breeding (Smith et 
al. 2015; Smith et al. 2016), we further refine the southern Florida Burmese python 
breeding season here as lasting approximately 100 days, from early December into 
mid-March (Fig. 6).

Oviductal eggs were found in females from March through May (52 of 58 instanc-
es; Fig. 6). Of the nests we opportunistically encountered during this study (Table 3), 
all known lay dates were in May (oviposition timing), and all known hatch dates were 
in July (a two-month incubation period). Due to the presence of eggs in 5 of 58 female 
pythons outside of those months (e.g., August through December), we determined 
they had retained oviductal eggs from a prior reproductive season (see Anderson et 
al. 2022). One of these five females also showed signs of egg resorption in the month 
of August. Additionally, we recorded gonadal state in 184 adult females during the 
months of December through May, 67 of which we found to be in gonadal latency 
(i.e., non-reproductive, having non-developed follicles). Those 67 non-reproductive 
adult females averaged shorter SVLs (265.3 cm, SE = 8.3501) than the reproductive 
females (307.7 cm, SE = 6.3735) during this time, but there was no length difference 
when only looking at animals exceeding the upper 95% of the mean SVL (> 302.5 cm; 
n = 63) and 24% of those individuals were still not reproductive.

Discussion

The introduction and subsequent spread of invasive species is an enormous manage-
ment issue that is complex (Vitousek et al. 1996), damaging, and costly (Diagne et al. 
2021; Fantle-Lepczyk et al. 2022). Characteristics associated with invasiveness remain 
elusive (Hayes and Barry 2008) because of complex environment interactions and 
feedbacks with the invader (Gurevitch et al. 2011), but demographic processes (e.g., 
survival, growth, reproduction) are fundamental to population structure (Griffith et al. 
2016), determining whether invasions proceed or fail. Despite the importance, basic 
components of reproductive phenology data are limited for many invasives, such as the 
cryptic Burmese python. In a system like the Greater Everglades Ecosystem which is 
known for high floral and faunal diversity, including dozens of threatened or endan-
gered faunal species (Brown et al. 2006), knowledge of the biological traits of species 
can assist with prediction, prevention, and control of invasion (Govindarajulu et al. 
2005). Here, we elucidated size distribution, size at maturity, potential clutch sizes, 
and seasonal trends in emergence and reproductive phenology of the highly invasive 
Burmese python.
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Size distribution

Though there are some limitations (e.g., many of the specimens used in this study were 
captured while crossing roads or levees and may not be representative of the population 
as a whole), this is the first time a robust and long-term dataset has been available to 
describe the seasonal morphometric and reproductive trends of wild Burmese pythons 
and for the invasive population found in the Greater Everglades Ecosystem, FL, USA. 
Not all necropsy data were collected from every specimen due to specimen condition, 
staffing, or data needs, and such incomplete or inconsistent data collection methods 
can prevent comparisons across studies. Therefore, to facilitate cross-study and fu-
ture comparisons, we present several equations and reference figures derived from a 
large sample size to define length relationships (i.e., total, tail, and snout-vent lengths; 
EQ1–EQ4; Fig. 2; Suppl. material 2).

We found that python size distribution is broader than previously estimated for this 
invasive population (Reed and Rodda 2009; de Vosjoli and Klingenberg 2012; Krysko 
et al. 2012) as our smallest hatchlings were under 40 cm SVL and the largest adults 
reached nearly 500 cm SVL (557 cm total length). In comparison, another dataset on 
hatchling Burmese python sizes reported a range from 58 to 66 cm SVL (Josimovich 
and Currylow 2021), though Snow et al. (2007b) reported a hatchling of 38 cm total 
length, they also stated that it was probably an inaccurate measurement. The average 
sizes of adult females in our dataset (277 cm SVL, 17,255 g) were 79% longer and nearly 
4 times heavier than the average for males (155 cm SVL, 4,394 g). Only one python out 
of the longest 90 measurements in our dataset (those > 370 cm SVL; 409–557 cm total 
length; 17,950–84,800 g) was male (400 cm SVL and 44,000 g; no tail or total length 
was recorded). In comparison, the largest Burmese pythons from their native range have 
been reported to reach 579–610 cm total length (Wall 1921; Murphy and Hender-
son 1997; Snow et al. 2007b). Record-breaking female Burmese pythons from across 
southern Florida appear to incrementally increase the recorded maximum size each year 
according to media reports, but the largest male on record remains unmatched at 438 
cm SVL (493 cm total length, 63,500 g; Easterling and Bartoszek 2019).

Size at maturity

As we hypothesized, our data support the sexual size dimorphism expected in size at 
maturity as summarized by Reed and Rodda (2009), though, our estimates appear to 
be somewhat smaller. Additionally, we are aware of only two confirmed accounts of 
size at maturity described in the literature, both in females (Wall 1921; Willson et al. 
2014). We found that minimally-sized mature individuals are slightly shorter than 
previous estimates for males (ca. 208 cm total length vs. 210 cm reported by de Vosjoli 
and Klingenberg 2012 but see Reed and Rodda 2009) and for females (ca. 229 cm 
total length vs. 259 cm total length reported by Pope 1961). There are no other known 
records of verified minimum size at maturity in wild male Burmese pythons with the 
closest relative, the Indian python (P. m. molurus), only very recently reported from 
the native range to be 172 cm SVL (198 total length; Vishnu et al. 2021). Likewise 
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in females, a single prior report noted that the smallest reproductive female Burmese 
python known was found in May 2013 from the southern Florida population and 
reached only 210 cm total length with 11 oviductal eggs (Willson et al. 2014), and, 
very recently, another female of this size was reported to be gravid from the same popu-
lation (Anderson et al. 2022).

While investigating size at maturity, we also found that there were differences in 
the proportion of tail length to body length between the sexes in every size-stage class. 
However, the relatively small difference (0.1%) was barely statistically significant in 
the juvenile size-stage class when reproductive organs are not yet developed, and the 
result is likely not biologically meaningful. Subadult differences grew somewhat, but 
only adult python tail proportions were consistently different in a functional way (i.e., 
hemipene storage). Adult female tails were shorter, averaging 11.8% of their total 
lengths compared to males whose tails were, on average, 13.1% of their total length. 
This proportion and the equations derived from the data (EQ1–EQ4) can aid in the 
evaluation of data from differing research reports that were previously incompara-
ble due to inconsistent collection methods or measurements. For example, applying 
our proportion estimates and equations to the largest male in our dataset with only 
SVL recorded (400 cm SVL), we can estimate that his total length was approximately 
452–456 cm. Further, using these equations, probable length can be estimated for 
individual specimens with damaged (i.e., incomplete) tails that would have otherwise 
rendered total length measurements indeterminable.

Clutch sizes

A critical factor in understanding population growth potential is the lifetime egg pro-
duction and survival of females. To parameterize such models, researchers need to start 
with estimates of annual reproductive potential. We hypothesized that python poten-
tial clutch size would correlate with maternal body size, and we found the relationship 
could be estimated using maternal body size (in cm SVL; see EQ5). Though limited in 
sample size, we were able to show that true clutch size (oviposited eggs) also increased 
with maternal body size (in SVL; Table 3). However, we further found that a count of 
secondary follicles (often used to estimate clutch size at the time of python removal) 
is likely to overestimate actual clutch sizes (e.g., EQ6 vs EQ7). Reports of necropsied 
Burmese pythons containing unusually high “egg” counts and inferred as directly re-
moving a high number of pythons from the population warrant cautious interpreta-
tion. There are little data on nest success and hatchling survival, adult females may not 
ovulate all follicles, ovulated follicles may not be otherwise viable (e.g., lack appropri-
ate yolk provisions or not fertilized), follicles or oviductal eggs may be resorbed, or ex-
pelled within a clutch at a visible size difference. For example, one adult female python 
(482 SVL, 74,600 g) from Everglades National Park in 2012 was found to contain 87 
oviductal eggs with 2 that appeared to be in the process of being resorbed (Krysko et 
al. 2012). Similarly, the nests we discovered as part of this study were noted to con-
tain several inviable and misshapen eggs, with some being visibly smaller (though few 



Size distribution and reproductive phenology of invasive Burmese pythons in FL 147

were enumerated at the time). The prevalence of these “slugs” is unknown in the wild 
population but are commonly referenced in the herpetoculture literature (Blackburn 
1998). Though some reports include “inviable” eggs as a subset of total clutch sizes, it 
is not known if smaller inviable eggs are considered in the same way, if most clutches 
contain them, or if those reports that do not explicitly include inviable counts simply 
lump them all together, possibly skewing clutch size estimates. There also is evidence 
that females fail to oviposit their entire clutch, retaining some shelled oviductal eggs 
beyond normal oviposition timing (Anderson et al. 2022), however the prevalence and 
implications of this are still unclear.

We found that clutch sizes including only oviductal eggs or laid eggs ranged from 
11 to 84 (mean = 34, SD = 18, median = 27, interquartile range = 24–46, n = 66). 
This range is in line with previously reported clutch sizes from this population (21, 
27, 29, 35, 37, 46, 79, 85, and 87; Snow et al. 2007a, b; Krysko et al. 2008; Snow et 
al. 2010; Krysko et al. 2012), which all fall within those thought to be typical clutch 
sizes from their native range as reported by Wall (1921). Yet, our three highest counts 
of potential clutch size (those above the highest reported number of oviductal eggs of 
87 from southern Florida; Krysko et al. 2012) were all pre-ovulatory follicles num-
bering 89, 90, and 103 from females found in Feb 2020 (SVL = 475 cm), Dec 2020 
(SVL = 430 cm), and Jan 2017 (SVL = 429 cm), respectively. Similarly high numbers 
of preovulatory follicles have been reported (Rochford et al. 2010), whereas the highest 
number of oviductal eggs we documented was 72 from a 475 cm SVL female found 
in Mar 2019. These numbers are somewhat higher than those reported in a short note 
by Brien et al. (2007) (mean = 36, n = 8, range = 19–46), but those authors did not 
distinguish the potential clutch sizes between secondary (pre-ovulatory vitellogenic) 
follicles and oviductal eggs.

Seasonal trends

Hatchlings

The data supported our hypothesis that pythons synchronously hatch and disperse from 
nests, appearing on the Florida landscape in large numbers during the summer and fall 
months (July into October) and peaking in August (Fig. 4). This size-stage class consti-
tutes the highest number of captures throughout the year, and the initial surge in July 
corresponds well with hatch date observations (Table 3). However, from this long-term 
dataset, we were further able to distinguish the YoY hatchlings from those smaller indi-
viduals remaining on the landscape from a prior year during a period between July and 
October (Fig. 5). This distinction helps us understand variation in size over the first year 
of life, a parameter vital to life tables used to estimate population growth trends. During 
the summer months, we can relatively accurately identify a YoY hatchling based on SVL 
and month of capture. However, more work needs to be done to determine whether 
estimates can be generated for size-stage classes (i.e., size relative to length of time in 
days or years), such as radio-tracking wild Burmese pythons long-term from hatching.
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Reproductive cycles

A clear understanding of reproductive timing can not only inform population models 
but also aid managers in targeting times of year when control mechanisms may be 
most effective in arresting population growth. In this study, we confirmed our hy-
pothesis that adult Burmese pythons exhibit annual reproduction and further refined 
the biologically significant time periods (i.e., breeding season, oviposition timing, and 
incubation period). We found that seasonal recrudescence of gonadal structures aligns 
well with field observations of gregarious behaviors (e.g., Smith et al. 2015; Smith et 
al. 2016). Using this paired timing among gonadal recrudescence and regression along 
with the presence or absence of breeding behaviors, we discretely defined the Burmese 
python breeding season in southern Florida as the approximately 100 days beginning 
in December and ending mid-March (see Fig. 6). In northern India at a similar lati-
tude but much higher elevation than southern Florida, reports of the closely related 
P. m. molurus exhibit heightened breeding activity during February and March, but 
may extend into August (Bhupathy and Vijayan 1989). However, more aligned with 
observations in southern Florida, there is evidence indicating that pythons breed in Sri 
Lanka December through February (Wall 1921), and P. m. bivittatus breed in Thailand 
December to mid-March (Smith et al. 2021).

Breeding season may be the time that adult male Burmese pythons in southern 
Florida become most vagile annually. Though we cannot account for effort in our data-
set, most adult males are captured between the months of November through March, 
presumably because they are in search of mates. While adult female captures remain 
relatively steady across months at 2–5% of all captures, adult male captures increase 
to 7%, 10%, and 12% of total numbers in November through January, decreasing to 
6% and 5% in February and March, and then remain under 4% for the remainder of 
the year (see Suppl. materials 4, 5). Snow et al. (2007b) also reported multiple captures 
during November through January, 35% of which were from December through Janu-
ary alone, suggesting that the uptick coincides with seasonal behaviors such as breeding.

We found that 87% of reproductive-sized females physiologically prepare for nest-
ing by beginning vitellogenesis (developing secondary follicles) in November and con-
tinuing into March (Fig. 6, top). Females are ovigerous (having oviductal eggs) from 
March into May. This is a shorter period than the Krysko et al. (2008) estimate of 
January through April but comparable to Snow et al. (2010). We also saw that female 
pythons oviposit, starting in May (Fig. 6, top). This is concordant with radio-tracked 
females in Thailand that have been observed to nest between April and June (Smith 
et al. 2021). However, not all adult females in our dataset were reproductive during 
these periods. We found that approximately 36% (n = 67) of adult females (n = 184) 
were non-reproductive (having undeveloped follicles) during the months of December 
through May (Fig. 6, top). This indicates that approximately a third of all females in 
any given year may not reproduce, perhaps reproducing every 2–3 years. Literature 
supports a biennial reproductive cycle in these and other snakes and could be due 
to lowered body condition and recovery following nesting (Bertona and Chiaraviglio 
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2003; Reed and Rodda 2009; Willson et al. 2011). Burmese pythons exert effort as 
they exhibit nest guarding/defense (e.g., Currylow et al. 2022c) and incubate eggs 
through shivering thermogenesis during brooding (Benedict 1932; Hutchison et al. 
1966; Van Mierop and Barnard 1978; Snow et al. 2010).

Our limited dataset on incubation/prehatching period (e.g., Table 3) indicates an 
approximately two-month development period, which agrees with the current litera-
ture estimates and is suggested to be somewhat regulated by temperatures (Pope 1961; 
Van Mierop and Barnard 1976). There is a paucity of precise data on oviposition timing 
for wild pythons in southern Florida (Harvey et al. 2008), but radio-tracked females 
have led to the narrowest windows thus far. We found the two females we tracked in 
2021 oviposited very close in time (within 6 days in mid-May; Table 3, Nests 5 & 6). 
The nests that had hatch date recorded (Table 3, Nests 3, 4, 6, 7, 9 & 10) did so in 
July, often within days of each other. The nest we monitored throughout 2021 (Nest 
6) took about 63 days to incubate and 3 days to complete hatching. This is concord-
ant with the captive literature where oviposition usually happens approximately two 
months after breeding, incubation lasts anywhere from 53 to 88 days, and hatching is 
complete after a couple days (Ross and Marzec 1990; Murphy and Henderson 1997).

Management implications

Management of Burmese pythons in Florida is costly due to difficulties associated with 
low detection and the vast wilderness of the Greater Everglades Ecosystem. Our find-
ings regarding python size distribution and reproductive phenology provide standard-
ized equations for direct cross-study comparisons that can inform population models 
and help managers target pythons for removal with a greater return on investment. 
For example, we have determined the size threshold for adult males, which provides 
managers operating scout snake programs (i.e., Fitzgerald et al. 2021) a reliable met-
ric to easily assess adult males as future scout snakes. Additionally, our data indicate 
that male Burmese pythons are primarily seeking mates for 100 days from December 
through March, so that will likely be the most effective window of time for managers 
to physically visit their scout snakes and survey for associate snakes. When deciding 
where to direct limited management resources, managers can consider targeting specif-
ic size-stage classes by time of year because we defined the above-listed breeding season 
and found that pythons hatch synchronously and disperse on the landscape from July 
through October. And because we found that adult females oviposit in May and attend 
their nests during the subsequent two-month incubation period, that timeframe could 
be targeted for removal of those individuals with the highest reproductive potential 
along with their entire clutch of eggs (e.g., using dogs trained to detect pythons). Our 
finding that secondary follicles do not necessarily represent clutch size can help man-
agers understand the number of total potential pythons removed with each individual 
reproductive female. Yet we did find that true clutch size increased with female body 
size, so the removal of fewer but larger females could be considered by managers to be a 
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higher priority over removing sheer numbers of total pythons. We found that YoY can 
be distinguished from the older juveniles during a July into October annual window, 
which can afford managers the relative number of hatchlings that naturally survive 
into a second year in their management unit. As research and management activities 
continue in concert, detection and control will become more effective with studies that 
refine our understanding of python demographics, reproduction, and seasonal trends.
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Supplementary material 1

Total Burmese python (Python molurus bivittatus)
Authors: Andrea F. Currylow
Data type: figure
Explanation note: Total Burmese python (Python molurus bivittatus) records (n = 4,348) 

per year in this study by size-stage classes (see Currylow et al manuscript text) and 
sex from the Greater Everglades Ecosystem, Florida, USA. Total numbers of each 
sex are listed across the top of the graph section. Size-stage classes are distinguish-
able by color (adult = burnt orange; sub-adult = purple; juvenile = green) and enu-
merated in the larger bars.

Copyright notice: This dataset is made available under the Open Database License 
(http://opendatacommons.org/licenses/odbl/1.0/). The Open Database License 
(ODbL) is a license agreement intended to allow users to freely share, modify, and 
use this Dataset while maintaining this same freedom for others, provided that the 
original source and author(s) are credited.

Link: https://doi.org/10.3897/neobiota.78.93788.suppl1

Supplementary material 2

Relationship of snout-vent lengths (SVLs) and tail lengths to total lengths
Authors: Andrea F. Currylow
Data type: figure
Explanation note: Relationship of snout-vent lengths (SVLs) and tail lengths to to-

tal lengths (all in cm) for all intact male and female Burmese pythons (Python 
molurus bivittatus) captured 2004–2021 from the Greater Everglades Ecosystem, 
Florida, USA. Size-stage classes are distinguished by color (adult = burnt orange; 
sub-adult = purple; juvenile = green) and individual characteristic equations are 
displayed for each cross variable in the upper left of each graph. Sample sizes for 
size-age class are listed in the center bottom of each sex group.

Copyright notice: This dataset is made available under the Open Database License 
(http://opendatacommons.org/licenses/odbl/1.0/). The Open Database License 
(ODbL) is a license agreement intended to allow users to freely share, modify, and 
use this Dataset while maintaining this same freedom for others, provided that the 
original source and author(s) are credited.

Link: https://doi.org/10.3897/neobiota.78.93788.suppl2
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Supplementary material 3

The potential clutch sizes
Authors: Andrea F. Currylow
Data type: figure
Explanation note: The potential clutch sizes using the number of secondary follicles 

(pink) or number of oviductal eggs (blue) by snout-vent lengths (SVL in cm) of 
Burmese pythons (Python molurus bivittatus). The shaded areas around the fit lines 
are 95% confidence of fit buffers. Data were collected from animals across the 
Greater Everglades Ecosystem, Florida, USA from 2004–2021.

Copyright notice: This dataset is made available under the Open Database License 
(http://opendatacommons.org/licenses/odbl/1.0/). The Open Database License 
(ODbL) is a license agreement intended to allow users to freely share, modify, and 
use this Dataset while maintaining this same freedom for others, provided that the 
original source and author(s) are credited.

Link: https://doi.org/10.3897/neobiota.78.93788.suppl3

Supplementary material 4

Percent of total Burmese python (Python molurus bivittatus)
Authors: Andrea F. Currylow
Data type: figure
Explanation note: Percent of total Burmese python (Python molurus bivittatus) cap-

tures from southern Florida, USA each month of all years (1995–2021) combined 
by sex. Total numbers are displayed in the legend and individual month totals by 
sex are displayed above each bar within that month.

Copyright notice: This dataset is made available under the Open Database License 
(http://opendatacommons.org/licenses/odbl/1.0/). The Open Database License 
(ODbL) is a license agreement intended to allow users to freely share, modify, and 
use this Dataset while maintaining this same freedom for others, provided that the 
original source and author(s) are credited.

Link: https://doi.org/10.3897/neobiota.78.93788.suppl4



Andrea F. Currylow et al.  /  NeoBiota 78: 129–158 (2022)158

Supplementary material 5

Total number of adult Burmese python (Python molurus bivittatus)
Authors: Andrea F. Currylow
Data type: figure
Explanation note: Total number of adult Burmese python (Python molurus bivitta-

tus) captures across months for all recorded years (2001–2021) separated by sex 
(red = females, blue = males). Data were collected from animals across the Greater 
Everglades Ecosystem, Florida, USA.

Copyright notice: This dataset is made available under the Open Database License 
(http://opendatacommons.org/licenses/odbl/1.0/). The Open Database License 
(ODbL) is a license agreement intended to allow users to freely share, modify, and 
use this Dataset while maintaining this same freedom for others, provided that the 
original source and author(s) are credited.

Link: https://doi.org/10.3897/neobiota.78.93788.suppl5

Supplementary material 6

Juvenile Burmese python (Python molurus bivittatus)
Authors: Andrea F. Currylow
Data type: figure
Explanation note: Juvenile Burmese python (Python molurus bivittatus) morphomet-

ric data (snout-vent length; SVL ≥ 100 cm; weight ≥ 200 g) between the months 
of July through October (window of time when young-of-year (YoY) hatchlings 
appear on the landscape en masse; see Currylow et al manuscript text) across all 
years they were encountered (2003–2021) from the Greater Everglades Ecosys-
tem, Florida, USA. During these four months, median sizes for YoY hatchlings 
were 63.0 cm SVL (interquartile range 58.6–71.5 cm) and 124.6 g (interquartile 
range = 106.7–194.0 g).

Copyright notice: This dataset is made available under the Open Database License 
(http://opendatacommons.org/licenses/odbl/1.0/). The Open Database License 
(ODbL) is a license agreement intended to allow users to freely share, modify, and 
use this Dataset while maintaining this same freedom for others, provided that the 
original source and author(s) are credited.

Link: https://doi.org/10.3897/neobiota.78.93788.suppl6
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Abstract
Biological invasions are considered a significant challenge both from an ecological and economical per-
spective. Compared to the native range, environmental conditions in the invasive range often favor more 
competitive genotypes. Little attention, however, has so far been paid to the possibility that these invasive 
and competitive genotypes might also be back-introduced into a species’ native range, where they could 
trigger a problematic increase in abundance or expansion. The frequency with which this occurs in the 
species´ native range might be an underestimated aspect in nature conservation. We transplanted na-
tive and invasive individuals of the biennial model species Jacobaea vulgaris into field sites of naturally 
occurring populations within the species’ native range. The aim was to test whether back-introduced 
invasive origins show decreased performance, e.g., because of the reunion with specialized herbivores or 
plant-soil-feedbacks or whether they have the potential to trigger problematic population dynamics in 
the species’ native range. We ran an additional greenhouse experiment to specifically address soil-borne 
effects in the species’ native habitats. We found that invasive individuals generally outperformed the native 
transplants if compared in the field sites. By contrast, there were no origin-dependent differences in the 
greenhouse experiment. Our findings clearly indicate that testing for origin effects exclusively under con-
trolled conditions might underestimate the potential of invasive genotypes to trigger invasion processes in 
habitats of the species’ native range. Although differences in performance mediated by soil-borne effects 
were not associated with plant origin, field site susceptibility to J. vulgaris colonization varied largely. 
Identifying the exact factors driving these differences, offers another focal point to minimize the risk of 
a detrimental increase in the abundance or expansion of this highly invasive species in its home range.
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Introduction

Invasive alien plant species pose a significant threat to biodiversity (Gaertner et al. 
2009; McGeoch et al. 2010; Vilà et al. 2011) and particularly for endangered native 
species (Pimentel et al. 2005). Given that invasive species might benefit from ongoing 
climate change (Liu et al. 2017) and increasing human activity (Sardain et al. 2019), 
the situation might even exacerbate in the future as attempts for predicting invasive 
species as well as vulnerable habitats have so far been proven to be difficult (de Andrade 
et al. 2019; Miller et al. 2020). This might particularly apply to “cryptic invasions”, a 
special case of these biological invasions (Morais and Reichard 2018) often completely 
overlooked when addressing threats to biodiversity. Recognition of invasion processes 
might fail because invasive plant species are misidentified (i.e., interspecific cryptic 
invasion) or because the invasion is triggered by the addition of a non-native lineage/
genotype (i.e., intraspecific cryptic invasion). Cryptic back introduction, whereby ge-
netic material from an invasive population is translocated back to the species’ native 
range, might pose a particularly high risk (Guo 2005). However, while interspecific 
cryptic invasions are increasingly being noticed (e.g. Alves et al. 2021; Goodman et 
al. 2021; Mezhzherin et al. 2022), intraspecific cryptic invasion might be the hidden 
cause of a sudden increase in abundance or rapid range expansion in a native species 
that is regularly attributed to changes in the environmental conditions instead (Morais 
and Reichard 2018). Subsequently, an observed range expansion of a native species 
might go undetected as a biological invasion.

Given the increasing human mobility around the globe that allows plant species to 
overcome the first barrier in the invasion process (Blackburn et al. 2011), as well as the 
intensified global floristic homogenization (Yang et al. 2021), it seems reasonable to 
assume that, once established, invasive populations might also be transported back to 
the species’ native range. In fact, the lizard Anolis sagrei originating from Cayman Brac 
and Little Cayman, became invasive on Grand Caymen and was later back-introduced 
to Cayman Brac (Kolbe et al. 2017). In a similar vein, cultivars of Ilex aquifolium were 
found to promote the native range expansion of wild populations (Skou et al. 2012). 
Those cryptic invasions, similar to biological invasions by native-alien populations, 
might be underestimated in their impact (Nelufule et al. 2022). In a study regarding 
assisted migration, Mueller and Hellmann (2008) found that intracontinental inva-
sions, though rare, are usually as detrimental as intercontinental invasions. Brandes et 
al. (2019) were able to suggest a cryptic intracontinental invasion to have taken place 
in the native range of scotch broom by alien genotypes. However, uncovering cryptic 
invasions, in particular, is difficult as conspicuous signs are usually absent.

In general, range expansions in any population, native or invasive, are associat-
ed with adaptations that facilitate high reproduction rates (Fronhofer and Altermatt 
2015) and allow counteracting formerly limiting environmental factors (Colautti and 
Barrett 2013). In a novel range, populations may encounter biotic and abiotic condi-
tions that differ from the species’ native range (e.g. Mitchell et al. 2006) and that thus 
represent selective forces to adapt to. Introduced populations may ultimately exhibit 
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fundamental niche shifts, for example in regard to climatic conditions in a species’ 
novel range (Broennimann et al. 2007; Early and Sax 2014). If these adapted novel 
genotypes are back-introduced to the species’ native range they might show consider-
ably different performance back in the species’ native habitat than in the novel one.

For example, species naturalized outside their native range often experience a re-
lease from natural enemies during the invasion process. Once exempt from the neces-
sity to defend against specialist herbivores occurring in the plant species’ native range, 
resources can be used for other purposes (Enemy Release Hypothesis) (Keane 2002). 
In a broader understanding, differences in the biotic environment with its trophic in-
teractions, i.e. pathogens, herbivores (specialists as well as generalists) and/or predators, 
are part of a possible enemy release. A release from those constraints may then be trans-
formed into a stronger competitive force through resource redistribution (Erfmeier 
2013). Consequently, selection then favors genotypes that invest less in now obsolete 
defenses and more into other traits supporting fitness. Ultimately, invasive genotypes 
are often subject to selection towards a higher competitive ability compared to their 
native counterparts (Evolution of Increased Competitive Ability hypothesis) (Blossey 
and Nötzold 1995; Broennimann et al. 2007). These processes can cause a noticeable 
increase in both the distribution and local abundance of invasive species. When those 
invasive genotypes are subsequently back-introduced, the loss of defenses against spe-
cialized herbivores and/or pathogenic soil biota could prove to be a maladaptation but 
could also facilitate subsequent changes in native populations. In the past, common 
garden experiments in a species’ native range often found invasive populations to show 
inferior performance when compared to their native counterparts (Maron et al. 2004; 
Hock et al. 2019; Pal et al. 2020).

Besides the often-addressed aboveground factors, such as herbivory, plant-soil-
feedbacks (PSFs) have gained more and more attention and call for a belowground fo-
cus. In recent years, PSFs are of increasing interest as part of the environmental factors 
contributing to the success or failure of the invasive range expansion process. While 
the aforementioned effects of enemy release mostly refer to aboveground herbivores, 
invasive populations might similarly be freed from enemies in the soils (Beckmann 
et al. 2016), lose beneficial mutualists (Zenni et al. 2017) or they can encounter new 
detrimental (pathogens) or beneficial (mutualists) interactions (Reinhart and Callaway 
2006). For Centaurea solstitialis, e.g., the release from soil pathogens may have been 
a crucial factor determining its success as a highly invasive species (Montesinos and 
Callaway 2020). Furthermore, allelopathy exerted by naturalized alien plant species 
on native plant species was found to have a greater negative effect than allelochemicals 
from other co-evolved native plant species (Zhang et al. 2020). This indicates that 
belowground processes may certainly contribute to invasive population dynamics and 
range expansion.

Accordingly, both above- and belowground agents, such as aboveground herbivory 
and plant-soil feedbacks, should be considered jointly when trying to judge the success 
or failure of (exotic) populations. Yet, most studies usually have an either exclusively 
aboveground or belowground perspective. However, trophic interactions may affect 
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all plant organizational components. Furthermore, common gardens are typically not 
established as in-site experiments within naturally occurring populations of a species 
under consideration. This is understandable for reasons of nature conservation. How-
ever, abstaining from this kind of test means disregarding the role of PSFs. They can be 
exerted by the species itself or by co-occurring species and should be addressed in the 
complex context of the whole set of environmental factors. Consequently, conducting 
controlled experiments in-site is the best way to adequately assess the risk of both clas-
sical biological invasions and cryptic invasions.

The biennial model species Jacobaea vulgaris Gaertn. (ragwort), native to Eurasia, 
is a successful invader on at least two continents and several studies have already pro-
vided evidence for genotypic differentiation between native and invasive plant origins. 
Invasive J. vulgaris individuals were shown to grow larger both in a greenhouse (Joshi 
and Vrieling 2005) and in a common garden experiment (Stastny et al. 2005), thereby 
providing evidence for an evolutionary shift, that is at least partly connected to her-
bivore composition differences between the species’ ranges. Another common garden 
experiment, however, found no differences in biomass between origins (Rapo et al. 
2010). Here, the authors concluded that the absence of origin-dependent differences 
might be due to the high-competition setting of their experiment, thus further empha-
sizing the necessity to study the performance in real-life settings.

In the last two decades, J. vulgaris also exhibited a severe increase in abundance 
in Northern Germany as part of the species´ native range which made it a target spe-
cies for management efforts in the species’ native range as well (Möhler et al. 2021; 
Schwarz et al. 2021). Therefore, although invasive J. vulgaris genotypes might be ex-
pected to underperform in the species’ native range, it is a good candidate to assess 
the risk for cryptic invasions through back-introduction that might counteract man-
agement efforts in the species’ native range. Additionally, there is evidence for PSFs 
exerted by J. vulgaris affecting the performance of other species (Kos et al. 2015a, b) 
but also for PSF effects on the species itself (van de Voorde et al. 2011, 2012a). In par-
ticular, autotoxicity, as one agent transmitting PSFs in this species, has been proposed 
as a factor driving the decline in abundance in later successional stages (van de Voorde 
et al. 2012b; Möhler et al. 2018). Hence, when examining the invasive potential of 
J. vulgaris, common garden experiments including the entirety of environmental con-
ditions should be carried out, i.e., ideally within natural populations that might exert 
those PSFs. Specifically, when aiming to elucidate the potential for cryptic invasions 
by back-introduction of invasive genotypes, experiments should be carried out within 
natural native populations to receive realistic outcomes of such a scenario.

We carried out a transplant experiment in field sites of naturally occurring ragwort 
populations in the species’ native range. We aimed to test whether J. vulgaris individuals 
of invasive origins do, in fact, underperform in field sites in its native range. Alternatively, 
if they grow better than native plants, they thus have a potential to contribute to intraspe-
cific cryptic invasions once back-introduced. To address how differences in observed per-
formance might be related to environmental factors, we assessed soil abiotic information 
(soil moisture, CN and pH) just as biotic community information (J. vulgaris popula-
tion density, species richness/α-diversity and vegetation height as proxy for productivity). 
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We additionally considered relative light availability, and bare soil proportion within 
every plot. This set-up allowed us to test (I) whether invasive genotypes show maladapta-
tion to the species’ native habitat. If maladaptation does not prove true, J. vulgaris would 
then be a potential candidate for problematic outcomes of back-introduction events. 
We also tested (II) what environmental factors might contribute to the observed pat-
terns. Furthermore, in an additional greenhouse experiment using the same populations 
as in the field trial, we studied (III) the extent as to which, in particular, negative soil-
mediated impacts display genetic divergence between origins, i.e., are more expressed in 
individuals originating from the invasive than from the native range.

Materials and methods

Study species

Jacobaea vulgaris Gaertn. (Asteraceae, formerly Senecio jacobaea) is a predominantly 
biennial herbaceous plant species regularly observed with annual or perennial life-
cycles (Wardle 1987). Flowering in the second year is positively influenced by size of 
the first-year rosette (van der Meijden and van der Waals-Kooi 1979) and nutrient 
availability (Prins et al. 1990). Each flowering individual may produce up to 30,000 
achenes (Harper and Wood 1957). Jacobaea vulgaris is native to Eurasia (Harper and 
Wood 1957). After several introductions to various places, J. vulgaris today, is consid-
ered invasive in North America (Isaacson 1973) and Australia (Schmidl 1972).

Seed collection and preparation

Seed collection was carried out in the summer of 2018 in the Pacific Northwest (inva-
sive range) and Central Europe (native range) at the same time. For species identifica-
tion, we referred to “Rothmaler - Exkursionsflora von Deutschland” (Jäger 2017) and 
local plant identification literature. We sampled 22 invasive and 24 native populations, 
spanning a maximum distance of 524 km and 742 km, respectively. For each popula-
tion, achenes (hereinafter seeds) of 20 maternal plants were collected, if available. The 
seeds were stored separately by seed family (i.e., seeds from the same maternal plant) 
in paper bags at room temperature in the lab of the Institute for Ecosystem Research 
(Kiel University) until use.

Six populations each by range of origin (invasive – native) were chosen according 
to seed quality and availability to be included in this experiment. In addition, we in-
tentionally included populations varying in size and density in order to cover a broad 
range of variation within ranges. The sites in the native range served both as donor pop-
ulations for seed sourcing and target sites for (re-)transplantation. For the selection of 
these six native populations, we thus additionally had to acquire permission from local 
authorities, landowners, and the tenant farmers for conducting a transplant experiment 
on their sites. All field sites for this experiment are owned by the Stiftung Naturschutz 
Schleswig-Holstein (for population information, s. Suppl. material 1: fig. S1).
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From each population, seeds from seven randomly selected seed families were sown 
in potting soil (TKS 2 pot Medium Coarse, Floragard Vertriebs-GmbH, Oldenburg, 
Germany) on germination trays in April of 2019. The seeds were covered by 1 cm of 
soil layer to prevent them from drying out. The germination trays were placed in a 
greenhouse cabinet with ambient temperature and a photoperiod of 12:12 (night/day) 
hours and watered daily in the following days. After four weeks, five seed families with 
the highest germination success within each population were chosen to be included in 
the experiment and seedlings were thinned to allow optimal growth. Once established, 
the germination trays were placed outside to allow acclimatization of the separated 
individuals to outdoor conditions.

Experimental set-up: Field experiment

The field experiment was designed to estimate performance of invasive individuals com-
pared to native individuals in the species’ original native range. The location of the six 
native populations used for seed material sampling also served as transplantation sites. 
In each of these six sites, we established five experimental plots. Plot locations were 
assigned randomly within site with coordinates marking the southwest corner of each 
plot. Starting from this corner, an area of 0.9 m × 1.2 m was established, where trans-
plants were arranged in 4 × 5 rows (all plants were 0.3 m apart) leading to a total of 20 
planting positions. One individual from each of the six invasive populations and two 
individuals from each of the six native populations (and therefore also originating from 
the experimental sites (= at their population home)) were randomly assigned to the 
planting positions leaving out the southwest and northwest spots. Thus, a total of 18 
individuals were planted per plot. Each two individuals from the six native populations 
were replicates from the same seed family. For each of those replicates, one individual 
was a priori randomly chosen for the present experiment while the second one was as-
signed to remain into the summer of 2020 as part of an additional experiment (s. Suppl. 
material 1: fig. S2 for schematic overview). Therefore, 12 of the 18 individuals per plot 
(6 native and 6 invasive) originally belonged to the experiment described here. In case 
of mortality, however, the native replicate individual served as a substitute in the present 
experiment (except for the assessment of survival). All remaining individuals were re-
moved before flowering in summer 2020 to ensure prevention of seed set and dispersal.

Planting was carried out starting June 15th 2019 (approx. 2 months after sowing). 
The vegetation in the plots was cut to approx. 0.3 m to reduce heterogeneity during 
early establishment of the experimental plants. Subsequently, experimental plants were 
brought out with the adhering potting soil and labelled for recognition. After plant-
ing, each experimental plot was watered with 10 l water right away and two additional 
times after one week to assure establishment and survival of the planted individuals.

Next to each of the five experimental plots, a 2 m × 2 m monitoring plot was es-
tablished following the diagonal extension 5 m apart in a northeastern direction. The 
monitoring plots served for recording vegetation composition and structure, includ-
ing information on overall vegetation height (as a measure for productivity), coverage 
using a modified Londo scale (Londo 1976) and percentage of bare soil. Soil samples 
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were taken next to the monitoring plot for soil C:N determination (with a EURO El-
emental Analyzer) and determination of pH in the laboratory at the Institute for Eco-
system Research, Kiel University. In the monitoring plots, Jacobaea abundance (i.e., 
naturally occurring individuals) was additionally determined to infer local population 
density. Soil moisture was measured at the four corners of the experimental plot using 
Time Domain Reflectometry with ML3 Theta-soil moisture sensor (Delta-T devices 
Ltd, Cambridge, United Kingdom). Mean relative light intensity was determined from 
four evenly distributed measurements taken within each experimental plot (LI-1500 
Light Sensor Logger, Li-COR Biosciences, Lincoln, United States).

The monitoring of the field experiment ran from June 28th until September 28th. 
After 6 weeks and 14 weeks of experimental runtime, we determined specific leaf area 
(SLA) and leaf dry matter content (LDMC) of transplants. For this, the third fully de-
veloped leaf from the top was taken from each plant and stored in a moisturized plastic 
bag in a cooler box for transportation to the lab. Fresh leaves were scanned (Expression 
11000XL, EPSON Deutschland GmbH, Meerbusch, Germany) and leaf area was deter-
mined using WinFolia (WinFolia Pro 2015, Regent Instruments Inc., Quebec, Canada). 
Leaf fresh weight was determined using a precision scale (Sartorius 1702MP8, Sartorius 
AG, Göttingen, Germany). All leaves were dried at 65 °C for 48 hours afterwards for 
subsequent dry weight determination. At the end of the experimental runtime, we deter-
mined the transplants’ expansion in two directions (to calculate rosette size), the number 
of healthy leaves, and length of the longest leaf. Herbivory was assessed as a binary trait 
and considered present when parts of the leaf were missing or by the appearance of 
characteristic “bullet-holes” caused by Longitarsus jacobaeae. For biomass determination, 
all invasive individuals and half of the native individuals were dug up (i.e. 12 individu-
als per plot). Dry weight was separately determined for aboveground and belowground 
biomass after drying in a drying oven at 65 °C for 48 hours. We additionally calculated 
the root:shoot ratio as a measure for resource distribution strategy.

Experimental set-up: Greenhouse experiment

The greenhouse experiment was set up analogous to the field experiment and ran from 
August 21st (approx. 4 months after sowing of seeds) to November 13th. To decouple 
the influence of soil biota effects from other environmental factors varying with the 
field sites, soil samples were taken from all six native field sites used in the field experi-
ment. These soil samples served as an inoculum for soil-biota treatments to all native 
and invasive individuals. For this, soil material was sampled about 0.5 m south of the 
southwestern corner of each experimental plot. After careful sod removal, a volume of 
1 l soil was taken per plot, sieved through a 2 mm mesh and collected in a sterilized 
bucket. Separate soil samples from all plots were pooled and merged by site and served 
as the site-specific donor substrate. Soil sampling equipment was sterilized between 
sites to avoid cross-contamination.

All 12 population origins incorporated in the field experiment were also used in 
the greenhouse with three seed families randomly chosen out of the five used in the 
field. For each seed family, each one individual was grown with soil addition from 
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one of the six field sites or only using standard substrate (control). Standard substrate 
consisted of 60% fine sand provided by the Botanical Garden of Kiel University and 
40% unfertilized potting soil (F.E. Typ Nullerde, HAWITA Gruppe GmbH, Vechta, 
Germany) constituting an environment especially low in nutrients. This led to a total 
of seven different treatments for each seed family, thus resulting in a total of 252 indi-
viduals in the greenhouse experiment. All individuals were transferred to 1.5 l planting 
pots filled with 1.26 l standard substrate supplemented either by 0.14 l of soil collected 
from one of the six field sites (9:1 standard substrate:field soil) or an additional 0.14 l 
standard substrate for the control group. The standard substrate was processed by 
an autoclave (Webeco Dampf-Sterilisator, Matachana Germany GmbH, Selmsdorf, 
Germany) to reduce already present soil biota to a minimum. Each pot additionally 
received 3 g slow-release fertilizer (2.14 g/l) (Basacote Plus 6M 16 + 8 + 12 (+ 2 + 5), 
Compo Expert GmbH, Münster, Germany) corresponding to low levels of nutrient 
availability as per the manufacturer’s specifications. Planting pots were put on saucers 
and distributed in the greenhouse. Their position on benches was randomized every 
week. Predatory mites and sticky traps were installed at the beginning of the experi-
ment to reduce infestation risk with insects. After one month, an insecticide was used 
on all plants (Spruzit Schädlingsfrei, W. Neudorff GmbH KG, Emmerthal, Germany), 
and milk and neem oil were applied to all individuals to prevent the spread of mildew. 
Throughout the experiment all plants were watered with 75 ml of tap water every 1–3 
days as needed. Excess water from the saucers was emptied after every watering.

After the experimental runtime, monitoring and biomass harvest were carried out 
analogous to the field experiment. SLA and LDMC were assessed after 4 weeks and 12 
weeks, respectively.

Statistical analysis

Statistical analyses were performed with R (Version 4.1.1) (R Core Team 2019). For the 
field experiment, a linear mixed effects model was fitted using lme4 (Version 1.1.27) 
(Bates et al. 2015) and lmerTest (Version 3.1.3) (Kuznetsova et al. 2017). Response 
variables were transformed if necessary (s. Suppl. material 1: table S1 for transfor-
mations used). We included origin (native/invasive) as a fixed effect and the random 
intercept for plot nested in site and seed family nested in population. We performed a 
correlation test (function rcorr from the package Hmisc (Harrel 2021), type = “pear-
son”) with the environmental variables. Mean moisture was significantly correlated 
with maximum plant height, C:N ratio as well as cover of bare soil, whereas relative 
light was significantly correlated with maximum plant height, α-diversity as well as 
cover of bare soil, respectively. Soil pH was significantly correlated with α-diversity. 
Subsequently we excluded mean moisture, pH and relative light intensity as covariates 
in model fitting. We included number of leaves one week after planting, population 
density of J. vulgaris individuals as well as α-diversity (i.e. number of species), C:N 
ratio, maximum vegetation height and percentage of bare soil in the monitoring plot 
as covariates in the full model. The best model was subsequently selected using the step 
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function (lmerTest) and retained covariates were additionally tested for their interac-
tion with the fixed effect origin in the final model. For survival and herbivory, we fitted 
generalized linear mixed effects models using the binomial-family and the same struc-
ture as for the other variables; however, model selection was done manually.

Similarly, for the greenhouse experiment, we fitted a lmer with origin and provenance 
of the soil (site) as fixed effects. As a covariate we included either the respective response 
variables’ value at the beginning of the experiment or the initial number of leaves if no 
starting value was available (for biomass variables, SLA, LDMC). We added the random 
intercept for seed family nested in the population. For the number of leaves, we fitted a 
glmer with the poisson family. Differences between the treatments were examined using 
the Tukey post-hoc test in emmeans (Version 1.7.0) (Lenth 2019). All plots were created 
using ggplot2 (Version 3.3.5) (Wickham 2016). Predicted values for response variables 
used in plots were obtained using effects (Version 4.1.4) (Fox and Weisberg 2018, 2019).

Data availability

The datasets generated during and/or analyzed during the current study as well as the code 
used for analysis are available from the corresponding author upon reasonable request.

Results

Field experiment

After 14 weeks of experimental runtime, individuals originating from the invasive 
range had developed larger rosettes (Table 1, Suppl. material 1: table S2) and showed 
a significantly higher aboveground biomass than those from the native range (Fig. 1a). 
There was no difference in the belowground biomass (Fig. 1b), which led to a smaller 
root:shoot ratio in invasive origins (Fig. 1c).

Irrespective of origin, C:N ratio and maximum height of the vegetation in the moni-
toring plot displayed a significantly negative relationship with J. vulgaris belowground and 
total biomass as well as with length of the longest leaf (not shown, Table 1). The higher the 
maximum vegetation, the higher was also the number of individuals with signs of herbivo-
ry (Table 1) and this pattern was more pronounced in native than in invasive individuals 
(Fig. 1d, Table 1). There was no difference in survival depending on origin (Table 1).

For functional leaf traits, no significant origin effect could be detected (Table 2, 
Suppl. material 1: table S3). Specific leaf area (SLA) after 6 weeks of experimental 
runtime, however, was negatively correlated with the number of species in the moni-
toring plot (α-diversity) for individuals originating from the species’ invasive range 
(Fig. 2a). After 14 weeks, SLA was higher with increasing height of the surrounding 
vegetation, irrespective of plant origin (Fig. 2b). In addition, after 14 weeks, there was 
an interaction effect of LDMC with increasing α-diversity displaying an increase in 
LDMC in invasive individuals but no such pattern in native origins (Fig. 2c).
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Table 1. Field experiment – performance traits. Results from the ANOVA for the linear-mixed effects 
and generalized-mixed effects model (Herbivory and Survival) in the field experiment for performance 
traits. Significant effects (p<0.05) are printed in bold.

Rosette Expansion [cm²] Number of Leaves [count]
NumDf DenDF F P NAT INV NumDf DenDF F P NAT INV

Origin 1 287.15 7.1117 0.008 147.09 ± 
216.97

194.14 ± 
251.87

1 9.602 4.6268 0.058 7.29 ± 
5.82

8.63 ± 
6.76

Week 1** 1 297.41 5.1658 0.024 1 227.745 22.79 <0.001
C:N ratio NA NA NA NA NA NA NA NA
Max. vegetation height NA NA NA NA NA NA NA NA
Origin × C:N ratio NA NA NA NA NA NA NA NA
Origin × Max. 
vegetation height

NA NA NA NA NA NA NA NA

Length of longest Leaf [cm] Aboveground Biomass [g]
NumDf DenDF F P NAT INV NumDf DenDF F P NAT INV

Origin 1 286.431 0.5499 0.458 12.07 ± 
6.48

13.94 ± 
8.23

1 290.39 7.6368 0.006 0.60 ± 
1.95

1.01 ± 
2.82

Week 1** 1 298.693 10.7502 0.001 1 303.44 10.4424 0.001
C:N ratio 1 7.334 6.8443 0.033 NA NA NA NA
Max. vegetation height 1 16.219 5.289 0.035 NA NA NA NA
Origin × C:N ratio 1 285.911 0.0208 0.885 NA NA NA NA
Origin × Max. 
vegetation height

1 286.344 0.3022 0.583 NA NA NA NA

Belowground Biomass [g] Total Biomass [g]
NumDf DenDF F P NAT INV NumDf DenDF F P NAT INV

Origin 1 281.277 0.2909 0.590 0.51 ± 
0.57

0.53 ± 
0.52

1 290.009 0.0228 0.880 1.11 ± 
2.47

1.54 ± 
3.31

Number of leaves 1 315.251 26.8191 <0.001 1 289.342 18.0332 <0.001
C:N ratio 1 27.973 5.6967 0.024 1 29.04 4.3788 0.045
Max. vegetation height 1 29.692 4.8105 0.036 1 30.241 5.9063 0.021
Origin × C:N ratio 1 278.043 0.7901 0.374 1 278.227 0.1853 0.667
Origin × Max. 
vegetation height

1 279.297 0.0001 0.993 1 279.264 0.0392 0.843

Root:Shoot Ratio
NumDf DenDF F P NAT INV

Origin 1 54.908 11.7481 0.001 2.31 ± 
2.27

1.76 ± 
1.70

Number of leaves 1 290.887 0.4528 0.502
J. vulgaris density NA NA NA NA
Max. vegetation height NA NA NA NA
Origin × J. vulgaris 
density

NA NA NA NA

Origin × Max. 
vegetation height

NA NA NA NA

Herbivory [probability] Survival [probability]
Estimate Z P NAT INV Estimate z P NAT INV

Origin 14.4039 2.317 0.021 0.13 ± 
0.34

0.11 ± 
0.32

0.1614 0.403 0.687 0.86 ± 
0.35

0.84 ± 
0.36

Number of leaves NA NA NA NA NA NA
J. vulgaris density -0.0381 -1.487 0.137 NA NA NA
Max. vegetation height 0.1737 2.821 0.005 NA NA NA
Origin × J. vulgaris 
density

-0.0382 -1.013 0.311 NA NA NA

Origin × Max. 
vegetation height

-0.1296 -2.27 0.023 NA NA NA

J. vulgaris density = density of naturally occurring individuals in experimental plot; Number of Leaves was counted at initial monitoring one week 
after planting; †Week 1 refers to the values of the response variable at the start of the experiment, e.g. for Rosette Expansion (week 14) this is the Ros-
ette Expansion at week 1. NAT = mean and standard deviation for native individuals. INV = mean and standard deviation for invasive individuals.



Back-introduced invasive genotypes might pose an underestimated risk 169

Table 2. Field experiment – functional traits. Results from the ANOVA for the linear-mixed effects in the 
field experiment for functional leaf traits. Significant effects (p<0.05) are printed in bold.

SLA (week 6) LDMC (week 6)

NumDf DenDF F P NAT INV NumDf DenDF F P NAT INV

Origin 1 156.816 1.6254 0.204 21.84 ± 
6.16

20.37 ± 
4.17

1 43.488 3.1219 0.084 0.13 ± 
0.03

0.13 ± 
0.02

Number of leaves 1 173.993 3.6489 0.058 1 170.423 0.8594 0.355
α-Diversity 1 7.592 12.0547 0.009 NA NA NA NA
C:N ratio 1 5.373 5.8519 0.056 NA NA NA NA
Origin × α-Diversity 1 139.819 6.3232 0.013 NA NA NA NA
Origin × C:N ratio 1 155.856 0.4553 0.500 NA NA NA NA

SLA (week 14) LDMC (week 14)

NumDf DenDF F P NAT INV NumDf DenDF F P NAT INV

Origin 1 284.181 1.4873 0.224 27.38 ± 
7.54

27.29 ± 
7.49

1 292.377 0.1939 0.660 0.11 ± 
0.02

0.09 ± 
0.02

Number of leaves 1 299.233 1.469 0.226 1 255.374 0.7518 0.387
Max. vegetation height 1 31.503 5.1708 0.029 NA NA NA NA
Origin * Max. 
vegetation height

1 276.967 1.435 0.232 NA NA NA NA

α-Diversity NA NA NA NA 1 27.654 2.552 0.122
C:N ratio NA NA NA NA 1 16.52 3.7026 0.072
Origin × α-Diversity NA NA NA NA 1 276.883 6.7717 0.010

Origin × C:N ratio NA NA NA NA 1 280.836 0.0623 0.803

Number of Leaves was counted at initial monitoring one week after planting; SLA = specific leaf area, LDMC = leaf dry matter content.

Figure 1. Origin effects (field experiment). Response of performance (a–c) traits in relation to origin of 
the seeds for each individual. Data shown are predicted values from the model ± SE. Native individuals 
(left, blue) originated from the field sites where the experimental plots were located. Invasive individuals 
(right, orange) originate from the Pacific Northwest. Herbivory (d) was assessed as a binary trait (pres-
ence/absence) only. N = 319 (a–c) and n = 322 (d). For depiction of raw data s. Suppl. material 1: fig. S3.
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Greenhouse experiment

In the greenhouse experiment, there was no difference in biomass depending on the 
origin of the individuals (Table 3, Suppl. material 1: table S4). Provenance of the 
soil (treatment) did not affect the aboveground biomass (Fig. 3a) and root:shoot ratio 
(Fig. 3d) but belowground biomass (Fig. 3b) and total biomass differed significantly 
between the treatments (Fig. 3c). Number of leaves was the only trait exhibiting signif-
icant soil provenance × population origin interaction effects, but post-hoc test revealed 
no significant difference for origins within any given site.

For the functional traits SLA and LDMC, no difference depending on the ori-
gin of the individuals could be detected (Table 4, Suppl. material 1: table S5). How-
ever, soil provenance incurred differences in SLA after four (Fig. 4a) and 12 weeks 

Figure 2. Origin effects × covariate (field experiment). Effects of origin in interaction with α-diversity 
(a, c) and maximum vegetation height of surrounding vegetation within the experimental plot (b). Data 
shown are predicted values from the model with upper and lower range. O = origin, α-Div = α-diversity, 
mvh = maximum vegetation height (of surrounding vegetation), SLA = specific leaf area, LDMC = leaf dry 
matter content. Week 6 and Week 14 indicates that the leaves for analysis were harvested after 6 weeks of 
experimental runtime or at the final harvest of the plants after the entire experimental runtime, respectively. 
N = 193 (a), 311 (b), 319 (c). SLA after 6 weeks was only taken for plants that had a sufficient number of 
healthy leaves and therefore constitutes a reduced subset. For depiction of raw data s. Suppl. material 1: fig. S4.
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Table 3. Greenhouse experiment – performance traits. Results from the ANOVA for the linear-mixed effects 
in the greenhouse experiment for performance traits. Significant effects (p<0.05) are printed in bold. Treatment 
refers to the provenance of the added soil. All soils originate from field sites within the species’ native range.

Rosette Expansion [cm²] Number of Leaves

NumDf DenDF F P NAT INV Chisq Df Pr NAT INV

Origin 1 10.302 0.3555 0.563 515.6 ± 
198.34

525.75 ± 
185.82

0.343 1 0.558 26.35 ± 
8.19

25.19 ± 
8.42

Treatment 6 224.597 2.6195 <0.001  19.756 6 0.003  
Initialϯ 1 224.9 3.93 0.090 19.2468 1 <0.001

Origin × Treatment 6 224.529 0.9115 0.487 24.9001 6 <0.001

Length of longest Leaf [cm]   

NumDf DenDF F P NAT INV

Origin 1 10.007 3.462 0.092 17.83 ± 
3.80

18.66 ± 
3.83

Treatment 6 200.665 3.9741 <0.001  
Initialϯ 1 220.839 16.663 <0.001

Origin × Treatment 6 200.924 1.3928 0.219
Aboveground Biomass [g] Belowground Biomass [g]

NumDf DenDF F P NAT INV NumDf DenDF F P NAT INV

Origin 1 10.211 2.915 0.160 4.80 ± 
2.15

5.39 ± 
2.66

1 223 0.0646 0.800 8.77 ± 
5.39

2.66 ± 
8.77

Treatment 6 225.441 2.0788 0.057 6 223 3.7241 0.002

Number of leaves 1 224.85 2.4574 0.118 1 223 0.0208 0.886
Origin × Treatment 6 225.216 1.1429 0.338 6 223 0.4702 0.930

Total Biomass [g] Root:Shoot ratio

NumDf DenDF F P NAT INV NumDf DenDF F P NAT INV

Origin 1 10.65 1.8419 0.203 12.24 ± 
8.20

14.24 ± 
8.78

1 36.516 0.3564 0.554 1.77 ± 
1.25

1.65 ± 
1.26

Treatment 6 226.95 3.7727 0.001  6 187.414 2.0053 0.067
Number of leaves 1 171.56 0.1229 0.726 1 190.777 0.0396 0.842
Origin × Treatment 6 226.55 0.9688 0.447 6 186.814 0.2409 0.962

Number of leaves was counted at initial monitoring. Initialϯ refers to the values of the response variable at the initial monitoring, e.g. for Rosette 
Expansion (week 12) this is the Rosette Expansion at the initial monitoring, Treatment refers to the provenance of the soil used.

Table 4. Greenhouse experiment – functional traits. Results from the ANOVA for the linear-mixed 
effects in the field experiment for functional leaf traits. Significant effects (p<0.05) are printed in bold.

SLA (week 4)  LDMC (week 4)
NumDf DenDF F P NAT INV NumDf DenDF F P NAT INV

Origin 1 10.142 0.9933 0.342 23.99 ± 4.46 22.73 ± 3.55 1 9.911 0.1945 0.669 0.12 ± 
0.00

0.12 ± 
0.02

Treatment 6 202.852 2.807 0.012 6 203.173 3.3796 0.003
Number of 
leaves

1 235.607 3.1885 0.075 1 205.374 10.3484 0.002

Origin × 
Treatment

6 202.57 0.4798 0.823 6 202.779 1.0921 0.368

SLA (week 12) LDMC (week 12)
NumDf DenDF F P NAT INV NumDf DenDF F P NAT INV

Origin 1 10.214 1.6375 0.229 21.22 ± 3.33 19.95 ± 3.35 1 9.894 0.0999 0.759 0.20 ± 
0.03

0.20 ± 
0.04

Treatment 6 200.084 3.7331 0.002 6 200.154 1.2052 0.305
Number of 
leaves

1 232.749 8.0692 0.005 1 219.386 1.3717 0.243

Origin × 
Treatment

6 199.909 0.2384 0.963 6 199.852 0.177 0.983

SLA = Specific leaf area, LDMC = leaf dry matter content.
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(Fig. 4b), and LDMC differed significantly depending on soil provenance after four 
weeks (Fig. 4c). No differences in LDMC were observed after 12 weeks of experimen-
tal runtime (Fig. 4d).

Discussion

Since its initial appearance in the Pacific Northwest about a century ago, there was, theo-
retically, ample time for adaptive evolutionary adjustment to occur in Jacobaea vulgaris 
populations. Local adaptation is supposed to lead to fitness advantages of invasive pop-
ulations adjusted to environmental conditions in the novel range, including an absence 
of specialist herbivores (Kawecki and Ebert 2004). However, it would be expected that 
such a shift would not pay off anymore when back-introduced to the species’ native 
range (Eurasia) and rather provide evidence of maladaptation. Contrary to this gen-

Figure 3. Treatment effects on performance traits (greenhouse experiment). Effects of soil provenance 
in the greenhouse experiment. Data shown are predicted values from the model ± SE. Different colors 
represent different soil origins (only soil from native sites were included in this experiment). Different 
letter combinations in the panels indicate significant differences according to the Tukey post-hoc test. 
ALB = Albersdorf, ARB = Arpsdorf, BUN = Bünsdorf/Wittensee, Con = Control (no soil added from any 
field site), PRE = Preetz, ROT = Rotenhahn/Eidertal, VOL = Vollstedter See. For location information 
see Suppl. material 1: fig. S1. N(a) = 250, n(b) = 238, n(c) = 251, n(d) = 230. For depiction of raw data 
s. Suppl. material 1: fig. S5.



Back-introduced invasive genotypes might pose an underestimated risk 173

Figure 4. Treatment effects on functional traits (greenhouse experiment). Effects of soil provenance 
in the greenhouse experiment. Data shown are predicted values from the model ± SE. Different colors 
represent different soil origins (only soil from native sites were included in this experiment). Different 
letter combinations in the panels indicate significant differences according to the Tukey post-hoc test. 
ALB = Albersdorf, ARB = Arpsdorf, BUN = Bünsdorf/Wittensee, Con = Control (no soil added from any 
field site), PRE = Preetz, ROT = Rotenhahn/Eidertal, VOL = Vollstedter See. For location information 
see Suppl. material 1: fig. S1. N(a) = 215, n(b) = 248, n(c) = 251, n(d) = 249. For depiction of raw data 
s. Suppl. material 1: fig. S6.

eral assumption, in the present study, invasive origins outperformed the native origins 
when (re-)transplanted to native field sites in Northern Germany. Our findings are, in 
fact, more in line with considerations associated with the potential risk of cryptic inva-
sions triggered by back-introductions of invasive genotypes and multiple factors might 
have contributed to our observation (hypothesis I).

Origin effects and maladaptation

There is some evidence that specialist herbivores prefer invasive individuals of 
J. vulgaris over native ones (Lin et al. 2015). In the experimental area of Northern 
Germany, these specialist herbivores are naturally present. However, the specialist 
Tyria jacobaeae usually prefers larger individuals (van der Meijden 1976) while addition-
ally, theory and evidence suggest that generalist herbivores prefer native origins (Keane 
2002; Joshi and Vrieling 2005). The fact that our transplants were relatively unattrac-
tive to specialist herbivores while previous studies predict higher attractiveness of native 
origins to generalists, might have contributed to the observed increased performance in 
invasive origins and increased occurrence of herbivory in native origins. For moths and 
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butterflies, specialist species were found to prefer lower vegetation compared to general-
ists (Pöyry et al. 2006), which in combination with the significant herbivory × maximum 
vegetation height interaction in our experiment, further corroborates this assumption.

In contrast, the absence of any origin-dependent differences in the greenhouse experi-
ment was unexpected given previous studies with J. vulgaris showing higher performance 
of invasive origins (Joshi and Vrieling 2005). Different factors could explain this outcome. 
First of all, greenhouse experiments, by definition, involve herbivory to be kept at a mini-
mum. This design therefore neither favors native (more specialists) nor invasive (more 
generalists) individuals of J. vulgaris in a greenhouse. Secondly, the greenhouse experiment 
was set up later in the year while relying on the same growing material. Accordingly, the 
experimental individuals for the greenhouse experiment were older than the transplants. 
Seasonal timing might thus have additionally affected plant development differently.

In the field experiment, the invasive individuals might also have benefitted from 
atypically high temperature and decreased precipitation during the experimental 
runtime (Broennimann et al. 2007; Early and Sax 2014). During the summer of 2019, 
the average temperature in Germany was 2.9 °C higher and precipitation on average 
was 27.7% lower than predicted according to the international climatological reference 
period (Deutscher Wetterdienst 2020). For the populations included in this experi-
ment, the invasive range is both warmer (native: 15.6 ± 1.38 C; invasive: 16.21 ± 1.18 
°C) and drier (native: 232.5 ± 6.75 mm; invasive: 125.5 ± 34.49 mm) during the 
warmest quarter on average (Data from BioClim, accessed Nov. 10th 2020; Fick and 
Hijmans 2017), so the present finding might be indicative of a possible climatic niche 
shift in invasive origins (Broennimann et al. 2007). However, previous studies with 
J. vulgaris showed that, inter alia, competitive ability and regrowth (Lin et al. 2015), 
growth and regrowth (Lin et al. 2018) as well as growth, photosynthetic rate, and LMR 
(Lin et al. 2019) differ between native and invasive origins of J. vulgaris, but these dif-
ferences were explicitly not driven by climatic conditions.

The role of environmental conditions and soil-borne effects

In the present study, the provenance of soil (treatment) differently impacted J. vulgaris 
performance (e.g., aboveground biomass), thereby confirming that soil-borne biotic 
effects contribute to differentiation among populations, as expected (hypothesis III). 
Strong negative feedbacks on J. vulgaris populations themselves have previously been 
shown in native populations (van de Voorde et al. 2011, 2012a). They furthermore 
increased with population density (van de Voorde et al. 2012a) and over time in an in-
terspecific competition setting (Bezemer et al. 2018). Additionally, other species were 
found to exert PSFs on J. vulgaris (Bezemer et al. 2006; van de Voorde et al. 2011; 
Wubs and Bezemer 2018), showing that PSFs are a factor not to be neglected when 
studying this species’ performance and population dynamics.

Knowledge about soil provenance × plant origin interactions in general is lacking 
for this model species to date and we found no signs for enemy release on the below-
ground level as shown for Centaurea maculosa performance (Callaway et al. 2004). 
Our findings are more in line with a study on Verbascum thapsus that found signs of 
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coevolution between plants and soil microbes on the between-population level but not 
between ranges of origin (Dieskau et al. 2020). To ensure that the patterns observed 
in our experiment are not co-affected by differences in soil properties, soil washes as 
applied by Dieskau et al. (Dieskau et al. 2020) should preferably be used in future 
experiments to address pure biotic effects most precisely.

In the present experiment, maximum vegetation height (strongly linked to light 
availability with r = - 0.62, p<0.001 with Pearson’s rank) was a relevant environmen-
tal factor for both origins, with the typical responses of increasing specific leaf area 
with decreasing light availability (Cornelissen 1992). LDMC varied more in the further 
course of the experiment, whereas variation in SLA was higher earlier in the experiment 
with different responses to increasing α-diversity depending on the range origin of the 
transplants. Given that the invasive individuals allocated more biomass by the end of 
the experiment, this pattern points towards a reaction to different environmental condi-
tions rather than a sign of stress. Higher phenotypic variation was not only shown to pay 
off for invasive species compared to native congeners (Funk 2008), but may also apply 
within a species when comparing native and invasive origins (Caño et al. 2008; Hock et 
al. 2019). Under these considerations, our results suggest that high phenotypic plasticity 
might be one important factor contributing to the invasion success of J. vulgaris as well.

In summary, we cannot conclude explicitly which factors are the main drivers of 
increased performance of invasive transplants in the species’ native range (hypothesis 
II). It is, therefore, also difficult to accurately predict the long-term consequences of 
back-introduction of propagules or individuals of invasive origin into the species’ na-
tive range. However, genetic admixture might accelerate geographic expansion and 
invasion (Qiao et al. 2019), thus re-introduction of these invasive genotypes could 
therefore be problematic. Re-introduction might return originally common but then 
modified (“adapted”) genotypes that have undergone selection in the invasive range. 
At the same time, it could also add genotypes from other parts of the species’ native 
range, especially in J. vulgaris. In our experiment, we cannot determine whether the 
invasive transplants are re-introduced in the strict sense or originally came from other 
parts of the species’ native range, especially as invasive populations of J. vulgaris were 
found to probably be admixed before spreading within the invasive range (Doorduin 
2012). In Northern Germany, J. vulgaris is assumed to form large panmictic metap-
opulations (Jung et al. 2020). However, for other species, intraspecific hybridization 
was previously shown to promote invasion processes (Kolbe et al. 2004; Geiger et al. 
2011) and these findings could also apply to cryptic invasions. Therefore, introducing 
genetic material from the invasive range irrespective of its history, may evoke concerns 
among nature conservationists for the species’ native range.

Conclusion

Invasive genotypes of J. vulgaris seem to exhibit higher levels of phenotypic variation, 
giving them more leeway when confronted with changing environmental conditions. 
This appears to be especially applicable under favorable environmental conditions as 



Lena Y. Watermann et al.  /  NeoBiota 78: 159–183 (2022)176

found in the field experiment, but our findings do not preclude that invasive genotypes 
might also show superior performance under certain more stressful conditions. It is 
probable that invasive genotypes, in the future, might do even better in the species’ 
native range, as the environmental conditions might converge to the environmental 
conditions of the invasive regions.

With regard to a possible cryptic invasion of J. vulgaris in the native range, the present 
study suggests two main messages: Primarily, (back-) introduction of propagules from the 
invasive ranges of J. vulgaris should be prevented as much as possible. Secondly, it might 
be beneficial to invest more in further identifying the characteristics that decrease the 
susceptibility of a field site for J. vulgaris in general. For J. vulgaris, in particular, highly 
controlled greenhouse experiments under realistic conditions should aim to validate the 
observed patterns in generative (second-year) flowering plants and assess fitness traits.

However, it is likely that cryptic invasions will occur more often than identified so 
far. To date, invasion research mostly focuses on the unidirectional introduction into 
the novel range, and little is known about the possibility of back-introduction. Fur-
thermore, knowledge about the frequency with which back-introductions happen is so 
far lacking. Generally, pathways of biological invasions are complex and vary in their 
relative importance over time (Hulme 2009; Essl et al. 2015); climate change may 
further increase human movement and subsequently the spread of non-native biota 
(Robinson et al. 2020). Future approaches elucidating the risk of cryptic invasions 
should apply more controlled back-introduction experiments as real-world tests with 
further candidate species that have shown to be successful invaders in the past.
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Abstract
Plant phenology, i. e. the timing of life cycle events, is related to individual fitness and species distribution 
ranges. Temperature is one of the most important drivers of plant phenology together with day length. 
The adaptation of their phenology may be important for the success of invasive plant species. The present 
study aims at understanding how the performance and the phenology of the invasive legume Lupinus 
polyphyllus vary with latitude. We sampled data across a >2000 km latitudinal gradient from Central 
to Northern Europe. We quantified variation in phenology of flowering and fruiting of L. polyphyllus 
using >1600 digital photos of inflorescences from 220 individual plants observed weekly at 22 sites. The 
day of the year at which different phenological phases were reached, increased 1.3–1.8 days per degree 
latitude, whereas the growing degree days (gdd) required for these phenological phases decreased 5–16 gdd 
per degree latitude. However, this difference disappeared, when the day length of each day included in 
the calculation of gdd was considered. The day of the year of the earliest and the latest climatic zone to 
reach any of the three studied phenological phases differed by 23–30 days and temperature requirements 
to reach these stages differed between 62 and 236 gdd. Probably, the invasion of this species will further 
increase in the northern part of Europe over the next decades due to climate warming. For invasive species 
control, our results suggest that in countries with a large latitudinal extent, the mowing date should shift 
by ca. one week per 500 km at sites with similar elevations.

Keywords
Flowering phenology, invasive plant, latitudinal gradient, legume, Lupinus polyphyllus, photoperiod

Introduction

Plant phenology is the timing of seasonal events, such as budburst, greening, flower-
ing, and fruit ripening (Lieth 1974). Phenology influences the fitness of individual 
plants (Volis 2007; Anderson et al. 2012), controls species distribution ranges (Chuine 
and Beaubien 2001) and may have cascading effects on communities and ecosystems 
(Fargione and Tilman 2005; McKinney et al. 2012). Temperature is one of the most 
important drivers of plant phenology (Lieth 1974; Diekmann 1996) together with 
day length (e.g., Adole et al. 2019). In a long-term dataset, for example, between-year 
differences in average temperatures often corresponded to variation in the dates of first 
flowering (Fitter et al. 1995; Fitter and Fitter 2002). Furthermore, phenology studies 
have presented consistent evidence for the effects of climate change on organisms due 
to temperature shifts (Walther et al. 2002; Parmesan and Yohe 2003; Menzel et al. 
2006; Cleland et al. 2007).
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The potential for adaptation of phenology may also be key to understanding the 
success of invasive plant species (Wolkovich and Cleland 2011), which are predicted to 
benefit from ongoing global change (Hellmann et al. 2008; Willis et al. 2010). A large 
proportion of introduced terrestrial plants have shown evidence of climatic niche shifts 
(Atwater et al. 2018). Analyses of long-term data on first flowering dates showed that non-
native species were better able to track inter-annual variation in temperature and tended 
to flower earlier than native plants, owing to higher climate sensitivity (Wolkovich et al. 
2013). The invader plasticity model, which links phenology to plant invasions (Richards 
et al. 2006; Wolkovich and Cleland 2011) states that species with flexible phenology may 
be more successful invaders outside their native ranges, because their phenology will co-
vary with weather conditions (Matesanz et al. 2010). Furthermore, a species with flexible 
phenology due to large phenotypic plasticity (Anderson et al. 2012) has the potential 
to disperse successfully along latitudinal gradients in the non-native distribution range.

Latitudinal gradients provide the opportunity to study the effects of climate on 
plants in natural experiments (De Frenne et al. 2013). While biomass, height and seed 
mass of plants usually decrease with decreasing temperatures along latitudinal gradi-
ents (De Frenne et al. 2013), northern populations often require fewer accumulated 
growing degree days than southern populations to reach the same phenological state 
(Langvall and Ottosson Löfvenius 2021). At the same time, northern populations ex-
perience longer day lengths during summer in the northern hemisphere. Whether the 
day length can compensate for the overall lower temperatures was rarely studied, but 
Adole et al. (2019), from a study in the southern hemisphere, conclude that the day 
length (also called daytime or photoperiod) is an important factor in driving vegeta-
tion phenology. However, there is little information on species-specific patterns of 
flowering and fruiting phenology in relation to temperature and day length of invasive 
species across long geographic gradients.

Lupinus polyphyllus Lindl. (Fabaceae) is a perennial herbaceous hemicryptophyte 
originating from western North America that was introduced in Central Europe as an 
ornamental plant in the 19th century. From Central Europe and Scandinavia, the species 
spread very successfully to almost all parts of Europe, now ranging from the Pyrenees 
in the West to the Ural (and beyond) in the East (Eckstein et al., unpublished data). 
From North to South, L. polyphyllus is currently covering the full range of Europe, 
except for Mediterranean zones such as the Iberian Peninsula and Italy (GBIF 2022). 
This species typically flowers relatively early and invades different habitats ranging from 
road verges to forest understories and different types of mountain meadows (Wissman 
et al. 2015; Ramula 2017; Klinger et al. 2019). Dominant stands of L. polyphyllus 
have significantly negative effects on local plant diversity (Valtonen et al. 2006; Hejda 
et al. 2009; Ramula and Pihlaja 2012), plant community composition (Hansen et al. 
2021), and arthropod abundance (Valtonen et al. 2006). In contrast to other invasive 
neophytes in Europe, L. polyphyllus can, in particular, colonise nutrient-poor habitats 
of high nature conservation value (Hejda et al. 2009).

Our overall aim was to understand how the timing, temperature dependence of 
flowering and fruiting, and performance (canopy height, potential seed production 
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and seed release height) of L. polyphyllus change along the latitudinal gradient from 
Central to Northern Europe. We tested differences between populations that were 
assigned to different climatic zones and quantified variation in phenology in rela-
tion to latitude. To our knowledge, the present study is the first attempt to quantify 
variation in phenology of an invasive plant across a large latitudinal gradient in the 
field. This information may help to develop more effective management schemes 
for this invasive plant. Generally, the species is managed by cutting at fixed calen-
dar dates (Ramula 2017; Klinger et al. 2020). A phenology-based management, 
accounting for the timing of flowering and seed ripening may be key for optimal 
control of invasive species (Taylor et al. 2020). A strong positive correlation between 
the time of cutting and the germinability of seeds was found for L. polyphyllus in 
mountain meadows in Central Germany (Klinger et al. 2020). This suggests a trade-
off between an early cut for avoiding ripe seeds and a late cut for avoiding a second 
flowering and therefore the need for another cut. However, plant phenology is rarely 
used for determining the timing of management practices and, further, it is poorly 
understood how to account for phenology in management (Ansquer et al. 2009; 
Taylor et al. 2020).

We wanted to test the following hypotheses:

1.	 Morphology is affected by latitude: canopy height, seed release height and 
the length of the inflorescence (as a proxy of potential seed production) decrease with 
decreasing temperatures; all three variables are significantly smaller in northern popu-
lations or populations in colder environments than in more southern populations in 
climatic zones with higher annual temperatures.

2.	 Reproduction is delayed with latitude: flowering and seed ripening are delayed 
in northern populations or populations in colder environments and there will be sig-
nificant differences between populations of different climatic zones.

3.	 The number of accumulated growing degree days and accumulated growing 
degree day length (hours) required to reach flowering and seed ripening is negatively 
related to increasing latitude; accumulated growing degree days and growing degree 
day length (hours) to reach flowering and seed ripening vary significantly between 
climatic zones.

Methods

Study area

We analysed Lupinus polyphyllus populations along a latitudinal gradient ranging 
> 2000 km from Luxembourg, in Central Europe, to Umeå, in northern Sweden 
(49°38' – 63°49', Fig. 1). Twenty-two sites (Table 1) were included in the study 
with a minimum distance of 130 m (JAWO1 to JAWO2) and a maximum distance 
of 2196 km (LUXE to UMEA) between pairs of sites. We used the environmental 
stratification of Europe (Metzger et al. 2005; Metzger 2018) to assign each site to 
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Figure 1. Position of the 22 study sites (for site abbreviations, see Table 1). The background map depicts 
climatic zones according to the environmental stratification of Europe (Metzger et al. 2005; Metzger 2018). 
ATC – atlantic central, ATN – atlantic north; ALS – alpine south; CON – continental; NEM – nemoral; 
BOR – boreal; ALN – alpine north. For certain analyses, sites in BOR and ALN were pooled.
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a climatic zone. The most south-westerly sites (LUXE, TRIE) are assigned to the 
ATlantic Central climatic zone (ATC), most of the Central European sites (GIES, 
ERZG, JAWO1, JAWO2, WROC, ODEN) belong to the CONtinental climatic 
zone (CON), while four sites belong to the ATlantic North climatic zone (ATN: 
MARB, HAMB, KIEL, SCHL). Two sites at low latitudes (50–51°N) but at the 
highest elevations of the data set (SWHA: 508 m a.s.l., RHON: 767 m a.s.l.) are 
characterised by exceptionally cold climate for their latitude and thus belong to the 
ALpine South climatic zone (ALS). All sites in southern Sweden are part of the 
NEMoral climatic zone (NEM: LINK, OREB, KRIS, KARL), whereas the northern 
sites are assigned to the BOReal climatic zone (BOR: RATT, RESE, UMEA). To 
avoid statistical problems due to climatic zones represented by a single site, we also 
included the TRON site to the BOR group although it has a more Atlantic climate 
and belongs to the alpine north zone (ALN) according to Metzger et al. (2005). 
However, TRON is most similar to the other sites in the boreal climatic zone with 
respect to mean annual temperatures, day length, and latitude (Table 1).

Table 1. Characteristics of the 22 study sites along the latitudinal gradient. For abbreviation of climatic 
zones, see Figure 1. Mean annual temperature (MAT) and mean annual sum of precipitation (MAP) for 
the study sites were derived from the nearest weather station. Distance (km) indicates the distance be-
tween the weather station and the respective study site.

Study 
site

Full site 
name

Coordinates 
(Latitude, Longitude)

Elevation 
(m a.s.l.)

Climatic 
zone

Weather station Distance 
(km)

MAT 
(°C)

MAP 
(mm)

UMEA Umeå 63.82961°N, 20.33164°E 38 BOR Umeå Flygplats 1 4.3 2.6 644
TRON Trondheim 63.41364°N, 10.40789°E 41 ATN Trondheim-Voll Plu 2 2.3 4.7  925
RESE Resele 63.34757°N, 17.00437°E 55 BOR Forse 1 22.4 2.5 536
RATT Rättvik 60.87959°N, 15.12866°E 209 BOR Leksand 1 18.3 4.1 591
KARL Karlstad 59.40300°N, 13.62328°E 78 NEM Karlstad Flygplats 1 17.0 5.7 635
KRIS Kristinehamn 59.33775°N, 14.19258°E 139 NEM Kristinehamn 1 6.1 5.8 659
OREB Örebro 59.26483°N, 15.33968°E 26 NEM Örebro Flygplats 1 17.3 5.8 586
LINK Linköping 58.17554°N, 15.71404°E 99 NEM Malexander A 1 30.6 5.9 519
ODEN Odense 55.36990°N, 10.42298°E 21 CON Odense Lufthavn 3 5.9 8.1 583
SCHL Schleswig 54.48772°N, 9.56911°E 10 ATN Schleswig 4 4.0 8.0 926
KIEL Kiel 54.34886°N, 10.10497°E 24 ATN Kiel-Holtenau 4 3.5 8.4 754
HAMB Hamburg 53.54843°N, 9.86951°E 9 ATN Hamburg-Fuhlsbüttel 4 12.1 8.6 770
SWHA Südwest-Harz 51.66625°N, 10.60720°E 508 ALS Braunlage 4 6.3 5.9 1263
WROC Wrocław 51.04966°N, 17.25088°E 128 CON Wroclaw-Strachowice 5 25.3 8.4 588
ERZG Erzgebirge 50.93647°N, 13.71082°E 432 CON Dresden-Klotzsche 4 20.2 8.9 667
MARB Marburg 50.80591°N, 8.80855°E 332 ATN Cölbe, Kr. Marburg-

Biedenkopf 4

5.6 8.9 756

RHON Rhön 50.46310°N, 10.04884°E 767 ALS Wasserkuppe 4 8.4 4.8 1084
GIES Gießen 50.45559°N, 8.58841°E 303 CON Giessen-Wettenberg 4 25.5 8.2 719
JAWO2 Jaworzno 50.23825°N, 19.22854°E 273 CON Krakow -Balice 5 43.3 7.8 679
JAWO1 Jaworzno 50.23744°N, 19.22739°E 275 CON Krakow 5 43.0 7.8 679
TRIE Trier 49.81556°N, 6.57417°E 374 ATC Trier-Petrisberg 4 10.7 9.1 784
LUXE Luxembourg 49.63619°N, 6.17952°E 365 ATC Luxembourg/Luxembourg 4 3.4 8.3 875

Sources for climatic data (1961–1990): 1Swedish Meteorological and Hydrological Institute (SMHI), 2Det Norske Meteorologiske 
Institutt (DNMI), 3Danmarks Meteorologiske Institut (DMI), 4Deutscher Wetterdienst (DWD), 5Institute of Meteorology and Water 
Management – National Research Institute (IMGW – PIB).
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Study design and data sampling

Each participant in the study selected a population of L. polyphyllus along a road verge 
or in close vicinity to a road, in an open, sunny locality. For each population we docu-
mented geographic coordinates, elevation, and climatic parameters from the nearest 
weather station (Table 1).

Ten randomly selected adult individuals, representative for each population, were 
marked early in the season in 2019. We focussed on the first developed central inflo-
rescence of each of these marked individuals. Starting when the inflorescences were 
visible (mid-end April), we made digital photos of the inflorescence of each marked 
individual against a scale bar, usually a meter stick. We used photos for consistent 
measurements across sites and stored them for future analysis. The photos were sent 
to the project coordinator (RLE), who analysed all photos together with a student as-
sistant. Additionally, all participants measured the maximum height from the ground 
to the top of the basal leaves (canopy height) and to the top of the inflorescence (seed 
release height) of the 10 marked individuals per measuring event on site. Usually, the 
photos and direct measurements were taken once per week until the first pods of the 
inflorescences were ripe. We obtained between five and twelve observations per site, 
resulting in 180 site × date combinations. Depending on the site location, observations 
ranged from 29 April to 4 August, with the majority of observations (160 site × date 
combinations) made between 6 May and 8 July.

In total, 1633 photos from 22 sites were analysed using the software ImageJ 1.52a 
(Schneider et al. 2012). We used the scale bar in each photo to calibrate distances be-
fore we estimated the following variables (Fig. 2a, b, Table 2) for each plant individual 
per measuring event:

1.	 Total length of the inflorescence from the lowermost flower bud, flower or 
flower scar to the top (A-C),

2.	 Length of the inflorescence with open flowers from the lowermost flower/
flower scar to the uppermost open flower (A–B); open flowers were defined as flowers 
with unfolded standard, visible keel, and elongated pedicel (Fig. 2c).

Calculated variables

Using the photo measurements, we calculated the relative length of the inflorescence 
with open flowers (RLF) for each plant individual per measuring event (Table 2). RLF 
represents an indicator of progress of flowering phenology that can relatively easily be 
estimated in the field, e.g., for management purposes. Since RLF is bound between 
zero and one, we used these estimates (available for each individual per measuring 
event) to perform logistic regressions per site. The logistic regressions for RLF against 
the day of the year (doy) of the measuring events were significant (p<0.05). Using the 
parameters of all significant logistic regressions, we estimated the doy, at which half 
of the actual length of the inflorescence carried open flowers (doy.flow.half, Fig. 2d). 
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Additionally, we recorded the doy of the measuring event at which the first open flower 
(doy.first.flow, Fig. 2c) and the first black pod (doy.first.ripe, Fig. 2e) were visible in 
the photographic documentation. This was not possible for the sites ODEN and RESE 
because the observation period did not include these phenological stages. For site 
RATT, no pods were black at the time of the second last observation date but all pods 
were black on the last observation date. However, as the last observation was done one 
month after the second last, the timing of this phase was clearly overestimated and we 
omitted this data point.

We obtained temperature measurements from meteorological stations located clos-
est to the field sites (distances between 2.3 and 43.3 km from the studied sites (Ta-
ble 1). Using the minimum and maximum daily temperatures, we calculated growing 
degree days (gdd) from January 1, using the standard base temperature of 5 °C (Table 
2). Temperatures preceding a phenological phase (e.g., day of first flowering) are im-
portant drivers of phenology (e.g., Fitter et al. 1995) and the accumulation of gdd 
with the standard base temperature of 5 °C represents a simple but powerful proxy for 
predicting the flowering phenology of plants (e.g., Diekmann 1996; De Frenne et al. 
2010). We then calculated the accumulated gdd for each observation date at each site 
from the temperature data of the meteorological stations (Table 2). Finally, we used 
the same logistic regression approach as above, but using accumulated gdd instead of 
doy to estimate gdd.flow.half. We also estimated the accumulated gdd until the first 

Table 2. Measured and calculated variables used in the manuscript.

Variable Usage* Description Formula/Remarks
Canopy height R Maximum height from the ground to the top of the basal 

leaves (cm)
Measured in the field (usually weekly)

Seed release height R Maximum height from the ground to the top of the 
inflorescence (cm)

Measured in the field (usually weekly)

Total length of 
inflorescence

R Length of inflorescence (cm) from the lowermost flower 
bud, flower or flower scar to the top (A–C in Fig. 2)

Determined via photos

Length of the 
inflorescence with 
open flowers

A Length from the lowermost flower/flower scar to the 
uppermost open flower (A–B in Fig. 2); 

Determined via photographs; open flowers 
were defined as flowers with unfolded 

standard, visible keel, and elongated pedicel
RLF A Relative length of the inflorescence with open flowers at 

each measuring event (tx)
doy A/E/R Day of the year Day number (1st of January = day 1)
gdd A/E/R Number of growing degree days using a base temperature 

of 5 °C
GDD=(Tmax – Tmin)/2 – TBase, if TMean > TBase

gdh E Cumulated day length: growing degree day length (hours), 
called growing day hours

GDH=GDD*Day length of each day 
included in calculation of GDD

Flow.half R Day of the year (doy.flow.half) or number of growing degree 
days (gdd.flow.half) when half of the actual length of the 

inflorescence carried open flowers

Estimated per site via RLF using logistic 
regressions 

First.flow R Day of the year (doy.first.flow) or number of growing degree 
days (gdd.first.flow) when the first flower was formed

Determined via photographs

First.ripe R Day of the year (doy.first.ripe) or number of growing degree 
days (gdd.first.ripe) when the first black pod was formed

Determined via photographs

*Usage: A=Auxiliary (used to calculate other variables), E=Explanatory variable, R=Response variable.
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open flower (gdd.first.flow) and the first black pod (gdd.first.ripe) were visible in the 
photographic documentation.

Since light is an important driver of phenology alongside temperature, and day 
length increases with latitude, we aimed at incorporating differences in day length 
in our analyses by creating a variable (growing degree day length, in accumulated 
hours: gdh) that combines growing degree days and day length. For each population 
and day of the year, the day length was calculated using the ‘geosphere’ package in R 
(Hijmans 2017). We then multiplied the respective gdd (with the base temperature of 
5 °C) with day length hours of that day. In addition to growing degree days, the com-
bined factor growing day hours was included for all populations. In the literature about 
phenology studies, day length is rarely accounted for, although it may be an important 
factor (Adole et al. 2019; Ettinger et al. 2021).

Figure 2. Measurements taken along the inflorescence of Lupinus polyphyllus (a): A – C: total length 
of inflorescence; A – B: length of inflorescence with open flowers; an example photo showing the flower 
development taken at the population KARL, on the 7th of June 2019 by Lutz Eckstein (b) and example 
photos showing the different stages first.flow, on 24th of May (c), flow.half, on 31st of May (d), and first.
ripe, on 5th of July (e). White arrows show an open flower and a ripe pod, in (c) and (e), respectively.
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Statistical tests

For all variables, we used mean values from the ten measured individuals per site. 
We analysed the data in two different ways. Firstly, we calculated linear regressions of 
doy.first.flow, doy.flow.half, doy.first.ripe, gdd.first.flow, gdd.flow.half, and gdd.first.
ripe against latitude (decimal degrees north) to quantify the rate of change in flow-
ering, seed ripening, and seed shedding phenology with latitude. In these analyses, 
we excluded the two sites of the Alpine south climatic zone (SWHA, RHON), since 
these populations potentially experience much higher temperature selection due to a 
cold montane climate as compared to other sites at similar latitudes and would lead 
to confounding latitude and elevation. Secondly, we did one-way ANOVAs of all six 
dependent variables with the climatic zones according to Metzger et al. (2005) to test 
whether climatic zones differed significantly with respect to the timing (using doy) and 
energy dependence (using gdd and gdh) of phenology. Test assumptions were checked 
visually and homogeneity of variances tested using Levene’s test. In case of violation 
of variance homogeneity, we did a White-adjusted ANOVA (White 1980) using the 
R-package car (Fox and Weisberg 2019). When we found significant differences using 
ANOVA, we performed a pair-wise comparison to determine significant differences 
among climatic zones using the Tukey HSD test of the R-package agricolae (Mend-
iburu 2015). We tested the residuals of all statistical models for spatial autocorrelation, 
using a global Moran`s I with the spdep package in R (Bivand and Wong 2018). Only 
in two of 18 tests, autocorrelation was detected, in both cases for the response variable 
first.ripe (Appendix 1: Table A1), which had no significant results in the ANOVA tests. 
Thus, we assume that spatial autocorrelation is not relevant in our analyses. All statisti-
cal analyses were done using R version 3.6.2 (R Core Team 2020).

Results

The maximum canopy height varied by a factor of 2.5 between sites (min: HAMB – 
34.9 cm; max: JAWO2 – 88.0 cm). Averaged across sites of the same climatic zone 
(Fig. 3a), it varied by a factor of 1.4, ranging from the Atlantic north zone (ATN) with 
a mean canopy height of 55.2 cm to the continental zone (CON) with a mean canopy 
height of 76.9 cm. Overall, we detected a marginally-significant effect of climatic zone 
on canopy height (F5,16 = 2.59, p = 0.0674), but canopy height patterns were not 
consistent with latitudinal direction. We found a significant effect of climatic zone on 
seed release height (F5,16 = 5.96, p = 0.0028), but even here there was no consistent 
pattern with latitude or temperature (Fig. 3b). Seed release height varied by a factor of 
1.9 between single sites (min: LINK – 74.5 cm; max: TRON – 141.2 cm). On aver-
age, it ranged between 90.3 cm (ALS) and 122.7 cm (BOR) among climatic zones. 
The length of the inflorescence varied by a factor of about 2 between sites (min: LINK 
– 24.9 cm; max: JAWO1 – 49.3 cm) and ranged between 36.0 cm (NEM) and 43.1 
cm (ATN) among the climatic zones (Fig. 3c); there was neither a significant effect of 
climatic zone (F5,16 = 1.03, p = 0.4317) nor a latitudinal trend.
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The doy at which the inflorescences of L. polyphyllus reached first.flow, flow.half, and 
first.ripe increased with decreasing mean annual temperatures of the climatic zones (Fig. 
4). The effects of climatic zone were highly significant for first.flow (F5,16 = 22.06, p < 

Figure 3. a canopy height (cm) b seed release height (cm) c length of the inflorescence (cm) during the 
time of biomass maximum for sites grouped according to climatic zones according to Metzger (2018). 
Climatic zones: ATC: atlantic central, CON: continental, ATN: atlantic north, NEM: nemoral, ALS: 
alpine south; BOR: boreal (includes the climate zone ALN, i.e. site TRON). Climatic zones are ordered 
according to decreasing mean annual temperatures. With the exception of ALS, the ordering corresponds 
to increasing northern latitude. Different letters indicate significant effects of climatic zone (p < 0.05).
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0.001), flow.half (F5,16 = 21.49, p < 0.001), and first.ripe (White-adjusted ANOVA: F5,13 = 
12.98, p < 0.001) and there was a monotonic increase of doy with latitude. Lupines in the 
boreal climatic zone (BOR) needed significantly more days to reach flow.half (doy = 168, 
17th of June) than in all other climatic zones (Fig. 4b). Both, the populations in the BOR 
and in the alpine south climatic zone (ALS) needed significantly more days to reach first.

Figure 4. Day of year (doy), at which a the first open flower was observed (first.flow) b half of the length 
of the inflorescence bears open flowers (flow.half ) c the first ripe (black) pods were observed (first.ripe) for 
each climatic zone (Metzger 2018). Climatic zones are ordered according to decreasing mean annual tem-
peratures. With the exception of ALS, the ordering corresponds to increasing northern latitude. Different 
letters indicate significant effects of climatic zone (p < 0.05). For abbreviations of climatic zones, see Fig. 3.
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flow (on 18th of June and 31st of May, respectively) than in the Atlantic north zone (ATN, 
18th of May), in the continental zone (CON, 16th of May) or in the Atlantic central zone 
(ATC, 1th of May) (Fig. 4a). The same patterns as in first.flow and flow.half were visible for 
first.ripe (Fig. 4c). The difference in average number of days between the earliest and the 
latest climatic zone was 30 days for first.flow and ca. 23–24 days for flow.half and first.ripe.

Figure 5. Growing day hours (gdh), at which a the first open flower was observed (first.flow) b half of 
the length of the inflorescence bears open flowers (flow.half ) c the first ripe (black) pods were observed 
(first.ripe) for each climatic zone (Metzger 2018). Climatic zones are ordered according to decreasing 
mean annual temperatures. With the exception of ALS, the ordering corresponds to increasing northern 
latitude. For abbreviations of climatic zones, see Fig. 3.
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The gdd at which the inflorescences reached first.flow did not differ between the 
climatic zones (F5,16 = 0.96, p = 0.468). For the next phenological phase, flow.half, the 
gdd tended to be affected by the climatic zone (F5,16 = 2.48, p = 0.076). Finally, the 
effects of climatic zone on gdd were significant for first.ripe (F5,13 = 5.96, p = 0.0047). 
More specific, the gdd at which the inflorescences reached flow.half and first.ripe tend-
ed to be lower for the zones NEM, ALS and BOR than for ATC, CON and ATN 
(data not shown). While these patterns were found for growing degree days (gdd), they 
disappeared when the day length was taken into account as growing day hours (gdh, 
Fig. 5). No significant effect of the climatic zones was found on the growing day hours 
that are needed to reach first.flow (F5,16 = 0.964, p = 0.468), flow.half (F5,16 = 1.714, p 
= 0.189), and first.ripe (F5,13 = 0.729, p = 0.614) (Fig. 5).

Our regression analyses showed that the day of the year, on which the first open 
flower was observed (first.flow), half of the inflorescence’s length at each site had open 
flowers (flow.half ), and the first ripe pod (first.ripe) was observed increased significantly 
(p < 0.001) with latitude (Appendix 1: Fig. A1). The day of the year on which first.flow 
was observed ranged between the 6th of May and the 11th of June across sites; for flow.
half between the 23rd of May and the 23rd of June; and for first.ripe between the 17th of 
June and the 29th of July. The slope of the linear regression was 1.76 days per degree lati-
tude for first.flow (Appendix 1: Fig. A1a, F1,18 = 49.33, R2 = 0.7178), 1.42 days per de-
gree latitude for flow.half (Appendix 1: Fig. A1b, F1,18 = 35.36, R2 = 0.6439), and 1.53 
days per degree latitude for first.ripe (Appendix 1: Fig. A1c, F1,15 = 27.83, R2 = 0.6264).

The accumulated growing degree days (gdd) until the inflorescence at each site 
reaches first.flow, flow.half, and first.ripe, decreased significantly (all p-values < 0.05) 
with latitude (Appendix 1: Fig. A2a–c). The slope of the linear regression was -5.17 gdd 
per degree latitude for first.flow (Appendix 1: Fig. A2a, F1,18 = 6.67, R2 = 0.2298), -8.26 
gdd per degree latitude for flow.half (Appendix 1: Fig. A2b, F1,18 = 13.53, R2 = 0.3973), 
and -16.14 gdd per degree latitude for first.ripe (Appendix 1: Fig. A2c, F1,15 = 27.61, R2 
= 0.6245). While the growing degree days (gdd) decreased significantly with latitude, 
this pattern disappeared when the day length was considered (Appendix 1: Fig. A2d–f ).

Data accessibility statement

The data supporting the findings of this study are openly available in the repository 
dryad at https://doi.org/10.5061/dryad.stqjq2c3t (Ludewig et al. 2022).

Discussion

According to our findings, canopy height and the length of the inflorescence of Lupinus 
polyphyllus does not vary significantly among climatic zones. Seed release height shows 
significant variation among climatic zones but there is no consistent pattern with 
latitude. Consequently, we found no evidence for our first hypothesis that the latitudinal 
gradient affects these measures of performance of the invasive L.  polyphyllus. Plant 
height and seed mass usually decrease with decreasing temperatures along latitudinal 



Phenology of Lupinus polyphyllus in Europe 199

gradients (De Frenne et al. 2013), though some studies did find no latitudinal variation 
or even increased performance with latitude (De Frenne et al. 2013). Other factors, 
including the productivity of the habitat or the height of the competing vegetation, can 
additionally influence this relationship. Nevertheless, the absence of this relationship and 
the production of black pods show that although phenology is delayed at more northern 
latitudes, L. polyphyllus is able to produce mature seeds even in Northern Europe.

The day of year (doy) at which the first open flower was found, half of the length 
of the inflorescence had open flowers and the doy at which the first black, ripe pod was 
found, increased significantly with northern latitude. Populations in zones with a colder 
climate reach these phenological phases significantly later than populations in climatic 
zones with higher annual temperatures. Therefore, and as stated in our second hypothesis, 
the phenology of flowering and seed ripening is delayed in populations of L. polyphyllus in 
the northern part of the gradient. More specifically, all measured phenological parameters 
were delayed under colder climate conditions, i.e., at higher latitudes or elevations 
(boreal and alpine south zone). This is in contrast to studies, in which plant material from 
latitudinal gradients was collected and grown in common garden experiments (Olsson 
and Ågren 2002; Kollmann and Bañuelos 2004). For example, Impatiens glandulifera 
plants grown from seeds flowered faster when the seeds originated from northern 
populations compared to southern populations (Kollmann and Bañuelos 2004). This 
finding is not surprising and can be expected when plants at higher latitudes are adapted 
to flower earlier (relative to the beginning of the vegetation period) and their seeds are 
then transferred to lower latitudes in a study. Generally, temperature is an important 
driver for the timing of seasonal events (e.g., Lieth 1974; Diekmann 1996; De Frenne et 
al. 2013), but also day length plays an important role in our study about L. polyphyllus.

While the accumulated growing degree days (gdd) required to reach the different phe-
nological phases decrease with latitude, suggesting that energy requirements for flowering 
and fruit ripening are lower at higher latitudes, this effect disappeared when day length 
was considered. This finding shows that longer day lengths may compensate for the fewer 
growing degree days at northern latitudes. As a result, the energy demands of L. polyphyllus 
to reach the studied phenological phases, measured as growing day hours (gdh), do not 
differ significantly along the latitudinal gradient. The first finding is in line with Langvall 
and Ottosson Löfvenius (2021) who showed that the leafing phenology of Betula pubescens 
and Pinus sylvestris is delayed in northern populations compared to southern populations 
in Sweden, but that northern populations need fewer growing degree days than south-
ern populations to reach the same phenological phase. However, Langvall and Ottosson 
Löfvenius (2021) did not include the day length in their study, but identified day length 
as a possible underlying factor for their results. Overall, we found some evidence for our 
third hypothesis that the number of accumulated growing degree days required to reach 
certain flowering and seed ripening phases is negatively related to northern latitude, but 
this was not the case when day length was accounted for. For future studies on plant phe-
nology across latitudinal gradients, we recommend including day length in the analysis.

Longer day length during summer allows L. polyphyllus to fulfil its life cycle rel-
atively quickly in the investigated northern latitudes. Therefore, populations in the 
northern part of the gradient have probably not changed their climatic niche (Guisan 
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et al. 2014; Atwater et al. 2018) and react plastically to the energy input they get. 
Similarly, two other species in the same genus show high phenotypic plasticity on small 
spatial scales. Lupinus lepidus responded with differing phenology between established 
(surviving) and newly colonized populations on lava fields after an eruption of Mount 
St. Helens (Bishop and Schemske 1998). The second species is the woody Lupinus 
arboreus, which shows small-scale differentiation in traits such as plant size, flowering 
phenology, or fecundity in subpopulations in dune and grassland habitats < 500 m 
apart from each other (Kittelson and Maron 2001). This high capability for plastic 
responses of Lupinus species may be advantageous in the light of climate change. We 
anticipate that the invasion of this species will further expand in the northern part of 
Europe over the next decades. This will be facilitated by a temperature increase that is 
predicted to be faster and higher in northern ecosystems (Hewitson et al. 2014). Also, 
we expect this species to do well in northern latitudes as the shorter growth season is at 
least partly compensated for by longer days.

For invasive species control, our results suggest that in countries with a large lati-
tudinal extent, the timing of management (e.g. mowing date) should shift by ca. one 
week every 500 km, at least for sites at lower elevations. For example, in Germany (ca. 
900 km south-north extent) or Sweden (ca. 1600 km south-north extent), the south-
ernmost populations should be managed ca. 12 and 22 days earlier, respectively, than 
the northernmost populations. The variable flow.half may represent a good indicator 
for the optimal time for management since no viable seeds are present at this stage. 
In our study year, flow.half was reached in the southernmost populations in Germany 
and Sweden at the end of May and beginning of June, respectively. With later mow-
ing the possibility of seed shedding increases and the potential to limit the spread of 
L. polyphyllus decreases. The practical planning of phenology-based control of invasive 
plants (Taylor et al. 2020) would benefit from an open large-scale phenology dataset 
providing information on the timing of flowering and seed ripening for plant species 
relevant for nature conservation management.
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Appendix 1

Table A1. Results of the global Moran´s I test for spatial autocorrelation in the statistical models.

Dependent Independent Figure Moran’s I standard deviate p-value
Canopy height Climatic zone 3a 0.08931 0.4644
Seed release height Climatic zone 3b -0.12235 0.5487
Length infl. Climatic zone 3c -0.11074 0.5441
First.flow(doy) Climatic zone 4a -0.21516 0.5852
Flow.half(doy) Climatic zone 4b -0.11702 0.5466
First.ripe(doy) Climatic zone 4c -0.57733 0.7181
First.flow(gdh) Climatic zone 5a -0.93938 0.8262
Flow.half(gdh) Climatic zone 5b 0.26693 0.3948
First.ripe(gdh) Climatic zone 5c 2.1708 0.01497
First.flow(doy) Northern latitude A1a 0.045778 0.4817
Flow.half(doy) Northern latitude A1b 0.34373 0.3655
First.ripe(doy) Northern latitude A1c 0.21317 0.4156
First.flow(gdd) Northern latitude A2a 0.87796 0.1900
Flow.half(gdd) Northern latitude A2b -0.36804 0.6436
First.ripe(gdd) Northern latitude A2c -0.78436 0.7836
First.flow(gdh) Northern latitude A2d -0.0080847 0.5032
Flow.half(gdh) Northern latitude A2e -0.0091361 0.5036
First.ripe(gdh) Northern latitude A2f 2.2439 0.01242
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Figure A1. Linear regressions of the day of year (doy) for each site, at which a the first open flower 
was observed (first.flow) b half of the inflorescence’s length bears open flowers (flow.half ) c the first 
ripe (black) pods was observed (first.ripe), against latitude (°N). Only the sites in black were included 
into the model. White symbols are sites of the high altitude, alpine south climatic zone (RHON, 
SWHA) that were omitted from this analysis and only shown for comparison. Grey areas depict 95% 
confidence intervals.
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Figure A2. Linear regressions of the accumulated growing degree days (gdd; from January 1, base 
temperature: 5 °C from weather stations) for each site, until a the first open flower was observed (first.
flow) b half of the inflorescence’s length bears open flowers (flow.half ) c the first ripe (black) pods were 
observed (first.ripe), against latitude (°N). Furthermore, linear regressions of the accumulated growing day 
hours (gdh) for each site, until d the first open flower was observed (first.flow) e half of the inflorescence´s 
length bears open flowers (flow.half ) f the first ripe pod was observed (first.ripe) against latitude (°N). Only 
the sites in black were included into the model. White symbols are sites of the high altitude, alpine south 
climatic zone (RHON, SWHA) that were omitted from this analysis and only shown for comparison. 
Grey areas depict 95% confidence intervals.
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Abstract
Canals provide wide-ranging economic benefits, while also serving as corridors for the introduction and 
spread of aquatic alien species, potentially leading to negative ecological and economic impacts. However, 
to date, no comprehensive quantifications of the reported economic costs of these species have been done. 
Here, we used the InvaCost database on the monetary impact of invasive alien species to identify the costs 
of those facilitated by three major canal systems: the European Inland Canals, Suez Canal, and Panama 
Canal. While we identified a staggering number of species having spread via these systems, monetary 
costs have been reported only for a few. A total of $33.6 million in costs have been reported from species 
linked to European Inland Canals (the fishhook waterflea Cercopagis pengoi and the zebra mussel Dreissena 
polymorpha) and $8.6 million linked to the Suez Canal (the silver-cheeked toadfish Lagocephalus sceleratus, 
the lionfish Pterois miles, and the nomad jellyfish Rhopilema nomadica), but no recorded costs were found 
for species facilitated by the Panama Canal. We thus identified a pervasive lack of information on the 
monetary costs of invasions facilitated by canals and highlighted the uneven distribution of costs.
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Introduction

Aquatic invasive alien species (IAS) are a major threat to biodiversity and ecosystem 
functioning (Ricciardi and Rasmussen 1999; Molnar et al. 2008; Strayer 2010), as well 
as human health (Galil 2018; Souty-Grosset et al. 2018). New alien species continue 
to be introduced at increasing rates (Seebens et al. 2017), and the share that becomes 
invasive brings considerable and increasing economic costs (Diagne et al. 2021a). 
Recently, an open database which compiled the economic costs of biological invasions 
(Diagne et al. 2020) has allowed quantification across a variety of geographical regions 
(e.g. Haubrock et al. 2022a), ecosystems (e.g. Cuthbert et al. 2021) taxa (e.g. Angulo 
et al. 2022) and languages (Angulo et al. 2021).

Aquatic IAS spread through multiple vectors and pathways, intentionally or un-
intentionally, through either active or passive transport. For example, they can escape 
from confinement (Lockwood et al. 2013), be unintentionally translocated as con-
taminants or parasites of a certain goods item (e.g. food, plants, timber; Lockwood et 
al. 2013), through hull fouling (Sylvester and MacIsaac 2010; Sylvester et al. 2011) 
or ballast waters of ships (Briski et al. 2012, 2013). Also, breaching biogeographical 
barriers allows new or additional species invasions (Gollasch et al. 2006; Kourantidou 
et al. 2015; Kaiser and Kourantidou 2021) or the further spread of IAS to secondary 
invaded areas from primary ‘stepping stones’ (Bertelsmeier and Keller 2018). For ex-
ample, roads and railways represent important corridors for IAS (Hulme 2009), also 
increasing their propagule pressure (Woodford et al. 2013).

One of the most important pathways that allow the spread of IAS are canals con-
necting geographically-isolated aquatic systems (e.g. Asth et al. 2021), such as the 
trans-isthmian Suez and Panama Canals, and the cross continental North Sea-to-Black 
Sea Rhine-Main-Danube Canal. These highly trafficked strategic canals connect trans-
port networks of critical economic and socio-political value, mainstays of global trade 
and globalisation (Amato 2020). They considerably reduce travel time and distance 
(therefore also CO2 emissions), as well as operating costs to shippers and consumers, 
thus increasing commerce and economic growth (e.g. Lloyd 2018; Park et al. 2020; 
Cordoba 2022). Nonetheless, these economic benefits are counterbalanced by facili-
tated introduction and spread of IAS in goods, vessels, and in water due to increased 
connectivity. If established, IAS can have detrimental ecological consequences, as well 
as negative economic impacts (Bij de Vaate et al. 2002; Leuven et al. 2009; Galil et al. 
2017; Turbelin et al. 2021).

This paper aims to quantify the known economic costs associated with IAS con-
sidered to have been facilitated by canals, enabling active (i.e. self-moving species) or 
passive (i.e. hitchhiker species) spread of these species. For this study, we focused on 
three major canal systems: Suez, Panama, and European Inland Canals (Fig. 1), as 
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these represent major circumventions of important biogeographical barriers, and for 
which greater information is available. In particular, we hypothesised that (i) the Suez 
Canal majorly contributed to IAS economic costs, that (ii) these costs are not evenly 
distributed among countries of the same canal system, and that (iii) these costs are at-
tributed to different taxa in different canal systems.

Materials and methods

Study systems choice

Canals directly connect distinct biogeographic provinces (as in the case with the Suez 
and Panama Canals) or contiguous seas in the case of the Kiel and the Corinth Canals, 
whose biota may intermingle freely. While the latter two can be considered of regional 
importance (in Germany and Greece, respectively), the former two are globally impor-
tant. Indeed, the Suez Canal connects the Red Sea with the Mediterranean Sea, while 
the Panama Canal connects the Atlantic Ocean (Caribbean Sea) with the (eastern) 
Pacific Ocean, allowing ships to avoid circumnavigating Africa and South America, 
respectively, and reducing travel by thousands of nautical miles. The Suez Canal, a ma-
rine sea-level canal, was officially opened as early as 1869 and was recently doubled by 
creating a new lane (the ‘New Suez Canal’, functionally opened in 2016; Bereza et al. 
2020), but also by widening and deepening the old canal, to increase its traffic capacity. 
Following the obstruction of the Suez Canal due to the grounding of a container ship 

Figure 1. Locations of the main canal systems studied (a) the European Inland Canals (b), the Panama 
Canal (c), and the Suez Canal (d). Red lines represent single canals. As for the European Inland Canals, 
only the three major canals (the Rhine-Main-Danube Canal, the Volga-Don Canal, and the Volga-Baltic 
Canal) are represented, for simplicity.
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in March 2021 (Ruiz et al. 2022), the Suez Canal Authority accelerated $10 billion 
project plans to further extend and enlarge the canal (https://www.maritime-executive.
com/article/suez-canal-sets-new-record-for-traffic-volume; https://www.reuters.com/
business/suez-canal-expansion-due-finish-july-2023-sca-chairman-2022-01-16/). The 
Panama Canal, a freshwater canal ~30 m above sea level, was opened in 1914 and 
due to the increase in traffic, just like with the Suez Canal, it was recently (2016) ex-
panded and a new set of larger locks was installed, doubling its capacity (Wang 2017). 
In Europe, the situation is more complicated, with canals connecting multiple water 
bodies, thus forming a dendritic inland network system of connected major European 
rivers that ultimately link northern and southern European seas. The major and long-
est canal-river connections are the Rhine-Main-Danube, Volga-Don and Volga-Baltic 
Canals, which together with other minor systems form the European Inland Canals 
connecting the North and Baltic Seas with the Black, Azov and Caspian Seas, crossing 
all over Europe (Jażdżewski 1980; Bij de Vaate et al. 2002). Among these, the Rhine-
Main-Danube Canal, completed in 1992, is the southernmost and longest one and has 
a particularly high economic importance (Bij de Vaate et al. 2002; Leuven et al. 2009).

Cost data sourcing and filtering

For each canal (Suez, Panama, and European Inland Canals), a detailed list of established 
IAS reported in the literature to have spread through these pathways, either actively or 
passively, was compiled by reviewing published papers and datasets (Suppl. material 1: 
table S1). To analyse the costs of these species, we used data from the InvaCost database, 
which includes costs from sources written primarily in English (Diagne et al. 2020), 
but also sources from 21 additional languages (Angulo et al. 2021). InvaCost compiles 
cost data resulting from systematic searches on the Web of Science, Google Scholar and 
Google search engine, and opportunistic contacts with experts and stakeholders. Each 
recorded cost entry was characterised by various descriptors as explained in more detail 
in Diagne et al. (2020) and in the online database repository (https://doi.org/10.6084/
m9.figshare.12668570). InvaCost is a dynamic database that allows new cost entries to 
be corrected and added as they develop or are reported over time.

The most recent version of InvaCost (4.1 as of January 2022) includes 13,553 cost 
entries (i.e. rows of data entries with monetary costs) of IAS extracted from published 
peer-reviewed and grey literature. Although there may be costs that have not been 
captured (e.g. unpublished or outside the search languages), InvaCost offers the most 
up-to-date compilation of invasion costs and, therefore, constitutes the best tool avail-
able to draw parallels with the current state-of-the-art in cost reporting and associated 
knowledge gaps. However, considering the dynamic nature of the database, the results 
are subject to changes in the future as new monetary cost data become available for 
different species, countries, sectors of the economy, and other factors or as the exist-
ing cost data are further refined for accuracy. All costs published in the literature and 
included in the database were converted to 2017 US$ values (see Diagne et al. 2020).
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For this analysis, we filtered cost entries in the InvaCost database by selecting 
those IAS that were reported to have been facilitated in their invasion as a result of the 
construction of selected canals (Suez, Panama, and European Inland Canals). Further, 
we filtered these IAS’ costs by the countries involved in these three canal systems. 
Since costs of aquatic IAS are often under-reported (Cuthbert et al. 2021; Haubrock 
et al. 2022b), we included not only the countries crossed by the canals, but also those 
adjacent and those alongside the same water body of the two ends of the canals (i.e. 
all the countries bordering the North, Baltic, Black, and Mediterranean Seas; Suppl. 
material 1: table S2), as they could be affected by the further natural spread of the IAS 
(e.g. Galil et al. 2017).

Global cost descriptions

To describe the costs of IAS facilitated by the canals over time, we used the 
expandYearlyCosts function of the ‘invacost’ package (v0.3-4; Leroy et al. 2020) in 
R version 4.1.1 (R Core Team 2020). This function facilitates consideration of the 
temporal dimensions of the data, with the estimated costs per year being expanded in 
line with the length of time over which costs were reported or expected to have occurred 
as indicated by each respective publication included in the InvaCost database (Diagne 
et al. 2020) (i.e. the length of time between the Probable_starting_year_adjusted and 
Probable_ending_year_adjusted columns). For example, the starting and ending years 
of a cost could reflect the period of which a control measure was implemented against 
an invasive population, or a period of reported resource damages to a fishery, as per the 
information in the cost source document (Diagne et al. 2020). To obtain a comparable 
cumulative total cost for each estimate over the period during which costs were incurred 
for each invasion, we multiplied each annual estimate by the respective duration (in 
years). Therefore, the analyses were conducted based on these ‘expanded’ entries to 
reflect the likely duration of the costs as reported in each study analysed. This means 
that costs covering several years (e.g. $10 million between 2001 and 2010) are divided 
according to their duration (i.e. $1 million for each year between 2001 and 2010). 
Finally, the cumulative costs of the invasion were estimated based on their classification 
across the following cost descriptors (i.e. columns) included in the database:

i.	 Method_reliability: indicating the perceived reliability of cost estimates based 
on the publication type and estimation method. Costs are considered to be of low reli-
ability in those cases where they were derived from grey literature and/or are lacking 
documented, repeatable or traceable methods. On the other hand, costs are considered 
of high reliability if they come from peer-reviewed articles, official documents, or grey 
literature but with a fully documented, repeatable and traceable method (Diagne et 
al. 2020). While we acknowledge that this binary classification does not capture the 
widely varying methodologies of underlying studies, it provides a practical, reproduc-
ible and objective means of cost assessment and filtering;
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ii.	 Implementation: whether the cost estimate was incurred in the invaded area 
(observed; e.g. a cost directly incurred from investment in managing an invasive spe-
cies, or an invasion-driven decline in a native fishery that resulted in a realised loss of 
income) or whether it was extrapolated or predicted over time within or beyond the 
actual distribution area of the IAS (potential), and thus not empirically incurred (Di-
agne et al. 2020). We emphasise that costs were compiled in InvaCost based on the in-
formation in each cost document (i.e. we did not extrapolate or predict cost estimates 
independently here, and simply compiled reported costs). For example, potential costs 
may include estimated reductions in fisheries income because of an invasion (Scheibel 
et al. 2016), known local costs that are extrapolated to a larger system than the one in 
which they occur (Oreska and Aldridge 2011), and costs extrapolated over several years 
based on estimates from a shorter period (Leigh 1998);

iii.	 Type_of_cost_merged: grouping of costs into categories: (i) damage re-
ferring to damages or loss incurred by the invasion (i.e. costs of repairing damage, 
losses of resources, medical care), (ii) management including expenditure related to 
control (i.e. surveillance, prevention, management, eradication), (iii) and mixed in-
cluding mixed cost of damage and control (cases where the reported costs were not 
clearly distinguishable);

iv.	 Impacted_sector: the activity, societal or market sector that was affected by the 
cost. Seven sectors are described in the database: agriculture, authorities-stakeholders 
(official structures allocating efforts to manage biological invasions), environment, 
fishery, forestry, health, public and social welfare, and diverse (Diagne et al. 2020).

To analyse the costs of invasive alien species that were facilitated by canals (European 
Inland Canals, Suez Canal, and Panama Canal), we extracted species lists from several 
publications (see Suppl. material 1: table S1) and selected neighbouring countries for 
which invasions are likely to be facilitated by canals (Suppl. material 1: table S2). We 
then searched the InvaCost database (4.1) for these species in the respective countries 
and analysed the obtained data following the protocol and criteria described (Diagne 
et al. 2020; Leroy et al. 2020; Angulo et al. 2021).

Results

A total of 34 established species for the European Inland Canals, 411 for the Suez 
Canal, and 98 for the Panama Canal were listed to have been facilitated in their intro-
duction and spread by these canals. In the InvaCost database, we identified in total 19 
database entries: 8 for European Inland Canals and 11 for Suez. By way of contrast, 
no recorded costs were available for Panama. After expansion, these entries resulted in 
34 annualised cost entries, encompassing 5 species (the fishhook waterflea Cercopagis 
pengoi and the zebra mussel Dreissena polymorpha for the European Inland Canals and 
the silver-cheeked toadfish Lagocephalus sceleratus, the lionfish Pterois miles, and the 
nomad jellyfish Rhopilema nomadica for the Suez Canal) for a total of $42.2 million 
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($33.6 for European Inland Canals and $8.6 for Suez). The most surprising result is 
that costs were recorded for only a few species facilitated by the three canals (9% for 
European Inland Canals, 0.5% for the Suez Canal, and none for the Panama Canal), 
and this seems not to depend upon the choice of the countries that could be affected 
by canal-facilitated invaders, but by the general lack of costs reported for those species. 
Indeed, only a few cost records associated with the listed species were present in the 
entire InvaCost database (12% for European Inland Canals, 5% for Panama, and 1% 
for Suez), even for distant countries.

Fig. 2 summarises the recorded costs for European Inland Canals and Suez Canal. 
There was a clear difference between the two sites in the taxa associated with the costs. 
In European Inland Canals, all costs were attributed to invertebrates, specifically al-
most all to molluscs (Dreissena polymorpha, $33.3 million) and just $0.3 million to 
crustaceans (Cercopagis pengoi). In the case of the Suez Canal, most costs were attrib-
uted to vertebrates (Lagocephalus sceleratus and Pterois miles, $8.6 million) with two 
very high-cost entries recorded and the remainder belonging to Cnidaria (Rhopilema 
nomadica, about $59,000).

Our analysis also revealed an uneven distribution of the recorded costs. Out of 
the total 26 countries investigated for the European Inland Canals, only the United 
Kingdom ($33.3 million), Finland (about $146,000), Russia (about $74,000), and 
Denmark (about $58,000) reported costs associated with canal-facilitated invasive spe-
cies. Similarly, only Turkey ($5.5 million), Cyprus ($3.1 millions), and Israel (about 
$59,000) reported economic costs associated with the Suez Canal, out of the total 23 
countries considered. Despite the low number of recorded costs, most of them were at-
tributed to the high reliability category ($31.5 million for the European Inland Canals 
and $8.2 million for the Suez Canal) rather than the low reliability one ($2.1 million 
for the European Inland Canals and about $459,000 for the Suez Canal).

The total costs were differently attributed to observed and potential costs in the 
two canal systems. In European Inland Canals, about $16.4 million of observed 
costs were recorded against about $17.2 million of potential costs (though this latter 
result is mostly due to a single very high potential cost recorded). In contrast, in 
the Suez Canal, costs were mostly associated with observed entries ($8.2 million, 
with two very high costs recorded) rather than potential costs ($0.4 million). As for 
the type of costs, the recorded costs for the European Inland Canals were mostly 
attributed to management ($31.4 million), followed by damage ($2.1 million), and 
mixed (about $55,000). The recorded costs for the Suez Canal, instead, were mainly 
associated with damage ($5.5 million) and management ($3.1 million). The invasive 
species associated with the European Inland Canals were recorded to impact multiple 
sectors: authorities-stakeholders ($24.4 million), environment ($1.9 million), and 
fishery (about $220,000). Moreover, additional costs were recorded for other sectors 
(diverse: $6.9 million). Similarly, the invasive species facilitated by the Suez Canal 
had recorded impacts on authorities-stakeholders (about $0.5 million), fishery 
($6.2 million, with two very high reported costs), and public and social welfare 
($1.9 million).
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Discussion

Canals are important corridors for many aquatic IAS, as revealed by the long list of 
established species that we obtained. The connection of multiple water bodies with 
distinct ecological communities is well-known to have promoted the spread of numer-
ous invaders (Galil et al. 2008; Leuven et al. 2009; Hulme et al. 2017). These numbers 
are expected to increase with time, especially after the enlargement of the Suez and 
the Panama Canals (Galil et al. 2015; Muirhead et al. 2015; Castellanos-Galindo et 
al. 2020). However, when searching in the InvaCost database for the costs associated 
with these species, very few entries for very few species (five) were found, even if we 
opted for an “extensive approach” by including all the countries potentially affected 
by canal-passing invaders, i.e. not bordering the receiving system directly. This might 
be unsurprising, as impacts of those species are not well known (hidden below water) 
or documented in monetary terms, e.g. for the killer shrimp Dikerogammarus villosus, 

Figure 2. Proportions of monetary costs (outer circle) and cost entries (inner circle) between canals 
analysed (i.e. European Inland Canals and Suez Canal), according to the cost descriptors studied: species, 
affected countries, method reliability, implementation, type of costs and impacted sectors.
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which is widely distributed in Europe (Soto et al. 2022) but only had reported costs 
from Italy (Tricarico et al. 2010). Also, many of these species could take decades to 
cause tangible impacts from the moment of their establishment. Moreover, cost data 
deficiency is common, especially for marine species across many taxa (e.g. Haubrock 
et al. 2022b; Kouba et al. 2022), countries (e.g. Haubrock et al. 2021a; Renault et al. 
2021), and entire regions (e.g. Kourantidou et al. 2021). However, it is very impor-
tant to stress that this massive lack of data does not mean that there are only a few 
costs caused by IAS facilitated by the opening of canals, but only that just a few have 
been recorded or estimated so far. A lack of costs also does not reflect large ecological 
impacts incurred in these invaded systems, given the challenges for monetisation of 
environmental effects.

By contrast, the economic benefits arising from commerce through canals such as 
those examined here can be easily materialised (e.g. Kaluza et al. 2010; Kenawy 2016; 
Chirosca and Rusu 2021), so that the general perception may be that the benefits far 
outweigh the drawbacks (Bereza et al. 2020; Cordoba 2022). Indeed, the value from 
canals includes numerous components that go beyond just income and employment 
opportunities created locally, but also encompass economic benefits for exporters and 
consumers of goods at various stages (i.e. from raw materials to consumer goods). Also, 
some IAS that spread through canals are perceived to have localised benefits, for exam-
ple for local fisheries (Castellanos-Galindo et al. 2019; van Rijn et al. 2020), without 
knowledge of their impact. Nevertheless, the results of our analysis show that the data 
available is insufficient for a trade-off analysis and does not by any means suggest that 
the benefits of trade facilitated by the canals outweigh the costs of invasions. Since 
cost-benefit analyses of biological invasions remain difficult, and since beneficiaries are 
often far removed geographically from the site of environmental damage, this could 
potentially lead to disparities and social injustices between those parties (countries, 
stakeholders, economic sectors, and other individuals such as consumers or members 
of local communities) that benefit from commerce and those that incur the costs of the 
associated IAS. In turn, this highlights the concepts of environmental accountability, 
telecoupling and liability from the involved parties at a transnational or even global 
level (Shafer 2006; Kramarz and Park 2017; Hull and Liu 2018).

Environmental barriers within the respective canal can nevertheless limit the spread 
of IAS. For example, the Panama Canal is a freshwater canal (mainly composed of Lake 
Gatun) that marine species need to cross to invade either side. The similar salinity 
barrier also applies to the Rhine-Main-Danube Canal and the other European Inland 
Canals, as freshwater conditions in them should prevent the spread of saline species 
from the Ponto-Caspian region to the North European seas, and the other way around. 
However, this barrier can halt only stenohaline species actively spreading or fouling the 
ship hulls, while not impeding biological invasions through ballast waters and sedi-
ments (Sylvester and MacIsaac 2010; Briski et al. 2011, 2013). On the other hand, 
euryoecious species can overcome these barriers. Ponto-Caspian euryhaline taxa have 
done particularly well in the eastern Baltic Sea because it has low salinity, and many 
of them have been established in freshwater systems en route from the Ponto-Caspian 
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region to the North and Baltic Seas (Bij de Vaate et al. 2002). In the case of the Suez 
Canal, the dissolution of the saltbed of the formerly hypersaline ‘Bitter Lakes’, which 
served as an effective barrier up to the 1960s, and the accelerated seawater warming 
in the Mediterranean, boosted by ever more frequent and severe marine heat waves, 
have likely enhanced the rate of successful invasions (Biton 2020; Galil et al. 2022). 
While the overwhelming majority of species traversed the Suez Canal northwards (the 
so-called Lessepsian migrations), a few species, for which monetary impacts are yet 
unknown, have been considered to traverse it southwards (anti-Lessepsian migrations; 
Bos et al. 2020; Azzurro et al. 2022). Considering the economic and socio-political im-
portance of canals, and that the commerce through them cannot be easily impeded, we 
suggest that prevention and mitigation measures should be undertaken or reinforced 
by the canal authorities, to reduce the ecological and economic impact of IAS.

Some limitations of this study originate from the species and the countries consid-
ered. Indeed, in most cases, it can only be presumed that an invader was facilitated by 
a canal during its spread, especially for species established for a long time, which could 
have been introduced or spread through other pathways. Other, not easily disentan-
gled, intricacies can also occur. For example, Ponto-Caspian species were sometimes 
intentionally introduced after canalisation in Europe to stabilise or enrich these new 
habitats (Arbačiauskas et al. 2010). Also, some IAS further spread from these hubs as 
secondary, ‘stepping stone’ invaders (e.g. Gammarus tigrinus, introduced from North 
America; Rewicz et al. 2019). Moreover, many stowaway species (like those trans-
ported via ballast water, or fouling species) have by now become cosmopolitan, being 
widely and repeatedly translocated. This makes it difficult to attribute them to specific 
geographic locations, and therefore to follow their spread and their associated costs 
(e.g. Amphibalanus amphitrite; Wrange et al. 2016). Ultimately, we note that species 
spreading in the opposite direction, i.e. towards the Ponto-Caspian region or the Red 
Sea, had no recorded economic costs, likely because movements of alien species from 
these systems are predominantly unidirectional (e.g. Galil et al. 2015; Cuthbert et 
al. 2020). However, documented cost flows may also reflect the availability of data, 
which may be limited due to sources in certain languages not included in InvaCost, 
inaccessible or very recent literature, or not having been captured in the search terms 
underlying the database (Diagne et al. 2020; Angulo et al. 2021). As for the countries 
considered, it should be acknowledged that even those not directly involved through 
canals can be affected by their facilitation.

Conclusions

Although we tried to be as inclusive as possible, our results underline the paucity of 
available data. As such, our estimations should be taken with caution, as complex trad-
ing relationships and interconnected introduction pathways meant that not all coun-
tries invaded as a consequence of canals could be accounted for, i.e. those not immedi-
ately bordering the regions linked by canals and those affected by secondary spread (see 
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fig. 6 in Galil et al. 2021). As the canals considered here are utilised by ships from all 
over the world, even a very distant country can be affected by hitchhiking species. More 
focused research is required to elucidate source-sink dynamics for biological invasions 
and the large-scale effects of pathways and vectors, as well as to quantify the impor-
tance of ‘stepping stones’ for invasion events. In an era of economic uncertainty (Baker 
et al. 2020), severe economic disparities between those benefiting and those negatively 
affected will have staggering consequences. Highlighting the magnitude of economic 
costs and sectors affected due to biological invasions (Cuthbert et al. 2021; Diagne et 
al. 2021b; Haubrock et al. 2021b) evidences the potential threat to economies and hu-
man wellbeing. Here, our results highlight the potential for canals to cause substantial 
economic costs, in addition to their intended economic benefits, as a result of biologi-
cal invasions – even for the few species with reported impacts – for which knowledge 
gaps should be further addressed in future. Thus, we are calling for an increasing effort 
in (i) identifying the ecological impacts and associated costs of biological invasions in 
canals and the affected parties, as well as (ii) limiting their staggering increase given the 
predicted intensification in the use of these infrastructures in the future.
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