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Abstract

The Chinese mitten crab (Eriocheir sinensis) is a prominent aquatic invader with substantial negative eco-
nomic and environmental impacts. The aim of the present study was to re-evaluate the genetic diversity of
mitten crabs throughout their native and invaded ranges based on publicly available sequence data, and
assess if multiple introductions or rapid adaptation could be responsible for biologically divergent mitten
crabs in Northern Europe. We assembled available genetic data of a fragment of the mitochondrial cy-
tochrome c oxidase subunit one gene (COI) for all species of the genus Eriocheir. We applied phylogenetic
and population genetic analyses to compare native and invasive populations, and to identify possible source
populations. The phylogenetic reconstruction revealed that five COI sequences from Europe, morphologi-
cally identified as Chinese mitten crab, actually belong to the Japanese mitten crab (Eriocheir japonica), rep-
resenting the first indication of its presence in European waters. All other COI sequences from Europe could
unambiguously be assigned to the Chinese mitten crab. In some Northern German populations of Chinese
mitten crabs, genetic diversity was surprisingly high, due to seven unique haplotypes encoding several amino
acid substitutions. This diversity may reflect a cryptic introduction from an unsampled native location, or
rapid adaptation in the invaded range. Based on the genetic diversity shared between native and introduced
range, Feiyunjiang, a tributary of the Yangtze River, emerges as a plausible source population for the original
introduction of Chinese mitten crabs to Europe. This study highlights the complex and dynamic invasion

processes of mitten crabs in Europe. We urge to further monitor mitten crab invasions using genetic tools.
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Introduction

Species invasions have altered the global ecological landscape dramatically in the past
centuries. Their impacts are exemplified by the Chinese mitten crab (Eriocheir sinensis
H. Milne Edwards, 1853), one of the taxa included in the list of the “world’s 100 worst
invasive alien species” (Lowe et al. 2000). Native to Russia, China, Korea and Taiwan, it
has been introduced to Europe at the beginning of the 20" century and subsequently to
the United States via the ballast water of large shipping vessels (Panning and Peters 1933;
Clark et al. 1998; Rudnick et al. 2000; 2003; Herborg et al. 2003, 2005; Dittel and
Epifanio 2009). The economic and ecological effects of its invasion are staggering. While
declining in abundance in its native range, where it is considered a delicacy and farmed
extensively (Yuan 2005), it has become an unprecedented nuisance in its introduced
range. During past mass occurrences, when thousands of crabs migrated from their adult
inland freshwater habitats to marine spawning grounds, fishermen lost nets and even
abandoned certain fishing grounds (Rudnick et al. 2000). River banks were destabilized
due to the extensive burrowing activity of adult crabs (Rudnick et al. 2005). Moreover,
ecological communities have the potential to be altered by competition with native crabs
and crayfish (Rudnick et al. 2000; Gilbey et al. 2008; Dittel and Epifanio 2009).
Identifying the source or sources of such widespread invasions is an important
task for risk assessment and species management. Assigning the geographic sources
of invasive populations requires geographic differentiation within the native range.
Such differentiation allowed, for example, to pinpoint the source populations of in-
troduced olive populations in Hawaii and Australia as South Africa and western or
central Mediterranean, respectively (Besnard et al. 2007). In contrast, if native popu-
lations are genetically homogeneous, or the employed genetic markers are not variable
enough to detect genetic structure, source populations can only be assigned to broad
geographic regions. The European shore crab (Carcinus maenas), for example, has
invaded the East coast of North America twice (Roman 2006). The source of each
invasion could be broadly categorized as Northern and Southern European, respec-
tively, based on slight genetic structure in the native range and ecological differences
of the two invading populations. More detailed assignment was hampered by broadly
distributed common haplotypes of the studied marker in the native range, possibly
caused by anthropogenic reshuffling of native diversity. In the case of another well-
dated species invasion, the source of introduction of the North American spiny-cheek
crayfish (Faxonius limosus) to Poland in 1890 could not be determined because the
invaded range is dominated by a haplotype common throughout the native range
(Filipova et al. 2011). Similarly, Hinfling et al. (2002) were unable to pinpoint a
source population for the mitten crab invasion to Europe due to apparent genetic
homogeneity in the native range. This could have been due to small sample sizes (6
to 10 individuals sampled per population) and observed low diversity (5 haplotypes
only) of the employed genetic marker, a fragment of the mitochondrial cytochrome
oxidase subunit one (COI). Under-sampling the native range is a general problem,
not only with regard to the number of populations, but also with number of individu-
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als analyzed per population (Muirhead et al. 2008). If only a few individuals are sam-
pled, much of the genetic diversity present at any one site might be missed, obscuring
assignment probabilities (Muirhead et al. 2008).

Since the initial assessment by Hinfling et al. (2002), several phylogeographic
studies have characterized the genetic population structure of mitten crabs in their
large native range (Sui et al. 2009; Wang et al. 2008; Xu et al. 2009). These studies
detected five monophyletic lineages (Fig. 1). Some authors refer to these lineages as
different species (e.g. Chu et al. 2003; Wang et al. 2008; Naser et al. 2012; Chen et
al. 2017), others as subspecies or lineages (e.g. Tang et al. 2003; Xu et al. 2009, Zhang
et al. 2012). We do not aim to resolve these taxonomic issues, but use the species
names as unambiguous labels throughout the text. These lineages have distinct but
partially overlapping ranges (Komai et al. 2006; Xu et al. 2009): the Hepu mitten crab
(Eriocheir hepuensis Dai, 1991) is present in Southern China from Hepu to Oujiang,
the Chinese mitten crab from Tongan in China to Vladivostok in Russia including
Korea, the Japanese mitten crab (Eriocheir japonica (De Haan, 1835)) is the only line-
age present in Japan, but occurs in Russia and Korea as well, Eriocheir ogasawaraen-
sis Komai, Yamasaki, Kobayashi, Yamamoto & Watanabe, 2006 is restricted to the
Ogasawara Islands and an additional formally undescribed Japanese mitten crab line-
age is endemic to Okinawa (Fig. 1) (Wang et al. 2008). Based on combined sequence
data for two mitochondrial gene fragments, population structure was significant in
Chinese and Japanese mitten crabs, but less so in the Hepu mitten crab (Wang et al.
2008 using cytochrome oxidase subunit two and cytochrome b as genetic markers; Xu
et al. 2009 using COI and cytochrome b). The significant population differentiation
of both Japanese and Chinese mitten crab provides a working baseline for assigning
source populations. To date, Japanese mitten crabs have sporadically occurred outside
their native range in the United States only (Benson and Fuller 2019; Jensen and
Armstrong 2004), but have not been detected in Europe yet. Chinese mitten crabs, on
the other hand, have invaded both Europe and the United States successfully. Popula-
tion genetic studies of Chinese mitten crabs from the invaded range came to quite
discordant conclusions. Some studies found that populations within Europe were ad-
mixed (Héinfling et al. 2002; Czerniejewski et al. 2012), while others found significant
levels of differentiation (Herborg et al. 2007; Otto 2012). In contrast, only a single
COI haplotype of this species has been reported from the United States (Hinfling
et al. 2002). While the source populations remained obscure, Hinfling et al. (2002)
identified three haplotypes that were shared between the native and invaded ranges
as well as a widespread invasive haplotype unknown in the native range, but found in
both Europe and the United States. Given the presence of both invasive haplotypes
detected in the native range as well as invasive haplotypes not detected in the native
range, they concluded that multiple invasions occurred in Europe, and that the USA
were likely invaded via Europe.

Invasive populations can become melting pots of novel genetic combinations
with unforeseen adaptive potential (Geller et al. 2010). While species invasions are
often associated with a loss of genetic diversity in the introduced range, either be-
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Figure I. Native distribution of mitten crabs of the genus Eriocheir. Map redrawn from Xu et al. (2009),
and species ranges interpolated around their sampling sites (marked by grey points) for each lineage to
highlight range overlaps. Large shipping ports (marked by red asterisks) are most likely invasion sources.

cause only a few individuals invaded the range, and/or because genetic drift in these
small populations subsequently reduces diversity (Nei et al. 1975), multiple inva-
sions can alleviate the effects of these founding events (Dlugosch and Parker 2008).
The brown anole lizard (Anolis sagrei), for example, has invaded Florida multiple
times from geographically distinct source populations. Each source population had a
unique genetic makeup, and admixture in the invaded range led to genetic diversity
higher than in populations of the native range (Kolbe et al. 2004, 2007). Similar
observations have been made for the common ragweed (Genton et al. 2005). Each
new invasion might bring in new genetic variation, accompanied by novel ecological
and physiological strategies that warrant attention (Geller et al. 2010).

This could be the case for Chinese mitten crabs. Otto (2012) reported on a novel
reproductive behavior and physiology in invasive mitten crabs. In contrast to earlier
reports (Anger 1991), mitten crabs completed their life cycle in the brackish Baltic Sea,
and post-spawning females migrated back into the rivers, and did not die as in other
populations. Otto (2012) concluded that this novel behavior might have been caused
by a cryptic invasion of mitten crabs with different physiological requirements, in line
with an earlier conclusion of cryptic invasions based on genetic data (Hinfling et al.
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2002). Both lines of evidence, however, allow for an alternative explanation: invasive
mitten crabs could have adapted rapidly to the brackish water conditions of the Baltic
Sea, leading to novel genetic, physiological and behavioral diversity.

Rapid adaptation is emerging as a common feature of species invasions (Card et al.
2018; Dlugosch and Parker 2008; Prentis et al. 2008). In animals, hybridization be-
tween distinct introduced lineages, allele shifts due to bottlenecks and standing genetic
variation are likely agents of rapid adaptation. Selection acts fastest on standing varia-
tion, and this process is suggested to be the most common driver of rapid adaptation
(Prentis et al. 2008). The Burmese Python (Python molurus bivitratus), for example, is
native to Southeast Asia and was introduced to Southern Florida in the early 1980s
(Card et al. 2018). Despite several freezing periods that caused high python mortal-
ity, this species has become a successful invader into North America. Investigations
showed that these freezing events resulted in a shift of python physiology caused by
changes in allele frequencies in functional genes (Card et al. 2018).

The goal of this study was to re-evaluate the genetic diversity of mitten crabs
of the genus Eriocheir throughout its native and invaded ranges, and to assess if
multiple introductions or rapid adaptation might have caused the recent appear-
ance of biologically distinct mitten crabs in Northern Europe. Given a large body
of previous work, we utilized publicly available mitochondrial sequence data. We
employed different approaches to assign source populations to the invasive popula-
tions in Europe and the United States. First, we reconstructed phylogenetic rela-
tionships among Eriocheir sequences, grouping thereby invasive individuals into the
evolutionary lineages known from the native range. In the next step, we assessed
the native distribution of haplotypes also present in the introduced range. Then, we
calculated genetic distances for all population pairs, which we use on the one hand
to evaluate population genetic structure in the native range, and on the other hand
to identify which native populations are most similar to introduced populations.
We assume thereby that allele frequencies have not shifted significantly since the
invasion, and that enough individuals invaded the new range to mirror native allele
frequencies. Bayesian assignment tests have been proposed as a suitable alternative
to assign invasive individuals to source populations (Geller et al. 2010). They may
not assume that populations are in migration-drift-equilibrium (Aktas 2015), but
are limited to detect very recent gene flow between populations within the past few
generations (Herborg et al. 2007). Given that the initial invasion occurred around
30 generations ago (generation times taken from Dittel and Epifanio 2009), neither
the assumptions of genetic distance measures nor assignment tests are likely to be
met. Thus, neither approach provides an ideal fit to the pattern of mitten crab inva-
sion, but our inferences are reinforced when several approaches point to the same
source populations. Lastly, we assessed the potential for adaptive evolution in the
investigated mitochondrial DNA fragment by identifying amino acid substitution
patterns in the introduced haplotypes. Mitochondrial genes are not known to be
directly involved in osmoregulations or other adaptations to low-salinity conditions,
but the amino acid sequence is highly conserved, being under strong purifying se-
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lection (Meiklejohn et al. 2007; Pentinsaari et al. 2016). Any changes in the amino
acid sequence we detect are at least unusual and warrant further investigation. Based
on our findings, we form several hypotheses regarding the mitten crab invasions that
should be followed up using expanded geographic sampling, genomic approaches
and historical collections.

Methods

Data preparation

We downloaded all available sequences for the genus Eriocheir and for two outgroup spe-
cies, Neoeriocheir leptognathus and Platyeriocheir formosa (acc. nos. AF316537, AF317326;
Tang et al. 2003), from NCBI GenBank (http://www.ncbi.nlm.nih.gov/Genbank), and
sequences of the Chinese mitten crab from the Barcode of Life Data System (BOLD,
http://www.barcodinglife.org), ignoring sequences already available in GenBank. An
initial screening showed that most sequences were mitochondrial. Thus, we mapped all
sequences to a complete mitochondrial genome sequence of a Chinese mitten crab (Gen-
Bank acc. KY041629) in Geneious v. 9.1.8 (Kearse et al. 2012). We chose the genetic
locus for subsequent analyses for which data existed from both the native and introduced
range, a fragment of the gene for the cytochrome ¢ oxidase subunit one (COI).

For the phylogenetic reconstruction, we included COI sequences of all Eriocheir
species and two outgroups. Most GenBank data consisted of haplotypes, not the actual
sequences for each sampled individual. For the population genetic analyses, we recon-
structed original haplotype frequencies by replicating haplotype sequences according
to the data reported in the publications, attaching locality information to these se-
quences, and excluding sequences without sampling site information.

Phylogenetic reconstruction

The first step was to assert the species affinities of all sequences within a phylogenetic
framework. For this, we used all sequences available in GenBank and BOLD. We
built a maximum likelihood tree with the PHYML (Guindon et al. 2010) plugin in
Geneious v. 9.1.8 (Kearse et al. 2012) under the General Time Reversible substitution
model, estimating the transition/transversion ratio, the proportion of invariable sites
and the gamma distribution parameter. The number of substitution rate categories
was set to four. Branch support was calculated from 100 bootstrap replicates. The goal
of this phylogenetic reconstruction was not to understand interspecific evolutionary
relationships, but to ensure the lineage affinities of the sequences given the recent taxo-
nomic confusion (Chu et al. 2003; Tang et al. 2003; Wang et al. 2008; Xu et al. 2009),
and similar morphology of the species (Naser et al. 2012).
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Population genetic analyses: The search for invasion sources

All population genetic analyses were conducted in R version 3.3.3 (R Development
Core Team 2018). We constructed a parsimony network of all haplotypes for each spe-
cies that was found in Europe or the United States with the function ‘haplotype’ in the
R package ‘haplotypes’ (Aktas 2015), highlighting native and introduced populations.
We visualized the geographic haplotype distribution in the native and introduced
range by adapting available scripts for haplotype networks. We then identified haplo-
types found in both the native and introduced range and evaluated their distribution
in the native range to identify possible sources for invasion.

For Chinese mitten crabs, the species with the most complex invasion history, we
conducted further population genetic analyses to understand invasion patterns and get
additional support for probable source populations. We compared haplotype and nucle-
otide diversity for all sampling sites, which we also refer to as populations. We wrote our
own function to calculate haplotype diversity of each population based on the formula
of Nei and Tajima (1981), and used the function ‘nuc.div’ of the ‘pegas’ package (Paradis
2010) to calculate nucleotide diversity (Nei 1987). We assessed if diversity indices were
significantly different between native and introduced populations using standard ANO-
VA. We calculated Tajima’s D, which may indicate population size changes or selective
sweeps, using the function ‘tajima.test’ of the ‘pegas’ package (Paradis 2010). Significant
deviations from zero were estimated based on a beta distribution (Tajima 1989).

We calculated genetic differentiation between all population pairs as ®st and Jost’s
D with the functions ‘pairwiseTest” of the package ‘strataG’ (Archer et al. 2016), and
the function ‘pairwise_D’ of the ‘mmod’ package (Winter 2012), respectively. Dst is
a derivative of the classical fixation index Fst, developed for mitochondrial haplotype
data (Excoffier et al. 1992). We estimated significant deviations from zero (no differ-
entiation between population pairs) by comparison with an empirical distribution of
st values based on 1000 permutations. Jost’s D provides a more accurate measure of
population differentiation when genetic diversity is high and the number of unique
alleles per population is large (Jost 2008). Significance was assessed by bootstrapping
populations across 1000 replicates. Each measure of differentiation resulted in a large
number of pairwise comparisons, which are difficult to interpret. Therefore, we visu-
alized overall population similarity with Metric Multidimensional Scaling, using the
function ‘cmdscale’, and with hierarchical cluster analysis, using the function ‘hclust’.
Both functions are part of the R package ‘stats’. The analyses of population structure
served on the one hand to assess how differentiated the native populations were, and
therefore to indicate how narrowly we might be able to pinpoint the sources of in-
troduction. On the other hand, we identified the native populations that were most
similar to introduced populations as candidate source populations for the invasions.

We tested whether the native populations were sufficiently diverse to confidently
assign individuals from the invaded range using the R package ‘assignPOP’ (Chen
et al. 2018), which employs supervised machine learning to evaluate the discrimina-
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tory power of genetic or non-genetic data by resampling cross-validation. This means
that individuals from each population were randomly divided into training and test
sets, and assignment tests were repeated through resampling training individuals 100
times. We used the R function ‘assign.MC’ to conduct Monte Carlo cross validation
using 80% of individuals from each population as training data. The proportion of
correctly assigned individuals provides an estimate of assignment accuracy, which we
calculated with the function ‘accuracy.MC’. In case of sufficiently high discriminatory
power, we would assign individuals from the invaded range to native populations us-
ing the function ‘assign.X’.

Amino acid substitutions: Indication of the potential for adaptation

We extracted the DNA sequence alignment for the haplotypes, which was generated
during the construction of the parsimony network (function ‘haplotype’ of pack-
age ‘haplotypes’ and function ‘write.dna’ of package ‘APE’) (Aktas 2015; Paradis
etal. 2004) and imported it into Geneious v. 9.1.8 (Kearse et al. 2012). We mapped it
to the complete mitochondrial sequence of a Chinese mitten crab from China (Gen-
Bank acc. KY041629), and translated the DNA sequences to their amino acid se-
quence. This translation allowed us to identify amino acid substitutions. We assessed
the directionality of change from the most parsimonious ancestral haplotype using the
parsimony network constructed earlier.

Results

Data sources

On September 25, 2018, we downloaded a total of 1020 sequences for the genus
Eriocheir from GenBank, including 11 complete mitochondrial genome sequences.
From these, we extracted 106 COI sequences after aligning all sequences to the com-
plete mitochondrial genome sequence of a Chinese mitten crab from China (Li et al.
2016). In addition, we included seven COI sequences of Chinese mitten crabs from
BOLD that were not available in GenBank. Prior to analyses, we removed sequence
AF317334 of a Hepu mitten crab because it had unusually many substitutions to-
wards one end of the sequence (a sign of poor sequence quality), and discarded se-
quence CBCC039-11 from BOLD because it was shorter than the other sequences,
but otherwise of the same haplotype and sampling site as CBCC049-11. None of
the remaining sequences translated any stop codons, which would have indicated
sequencing errors or the presence of nuclear pseudogenes.

The final alignment for the phylogenetic reconstruction contained 141 COI se-
quences (553 bp long) deposited in GenBank and BOLD under the names of the
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following species: 2 sequences of E. ogaswaraensis (Xu et al. 2009), 45 sequences of
Japanese mitten crabs (Tang et al. 2003; Xu et al. 2009), 6 sequences of Hepu mitten
crabs (Chu et al. 2003; Tang et al. 2003; Naser et al. 2012; Wang et al. 2016), 82
sequences of Chinese mitten crabs (Hanfling et al. 2002; Chu et al. 2003; Tang et al.
2003; Sun et al. 2005; Xu et al. 2009; Czerniejewski et al. 2012; Otto 2012; Zhang
etal. 2015; Raupach et al. 2015; Li et al. 2016; Wang et al. 2016) and two sequences
of the outgroup species.

For the population genetic analyses, we removed the following sequences without
sampling site information: AF105247, FJ455507, NC_011597, and FJ455505. The
final COI dataset for population genetic analyses contained 455 sequences of Chinese
mitten crabs from 45 populations belonging to 20 haplotypes and 38 COI sequences
of Japanese mitten crabs from 8 populations belonging to 14 haplotypes. We recon-
structed the population haplotype frequencies only for these two species because we
wanted to infer the invasion sources of European and US invasions. The population-
specific sequence information for Japanese and Chinese mitten crabs are summarized
in Suppl. material 1: Tables S1 and S2, respectively.

Phylogenetic reconstruction

Our phylogenetic reconstruction recovered five main lineages of the genus Eriocheir,
in agreement with previous phylogenetic studies (Xu et al. 2009; Naser et al. 2012)
(Suppl. material 2: Fig. S1). For legibility, we provide the phylogenetic reconstruc-
tion with haplotypes only, highlighting their occurrence in the invaded range (Fig. 2).
Haplotypes from invasive individuals of Eriocheir belonged to Japanese mitten crabs
(Europe), Chinese mitten crabs (Europe and North America) and Hepu mitten crabs
(Western Asia). The invasion of Hepu mitten crabs into Iraq has been discussed in de-
tail elsewhere (Naser et al. 2012), and we focus our analyses on Chinese and Japanese
mitten crab lineages.

The occurrence of Japanese mitten crabs outside of their native range has not
been reported previously. The phylogenetic reconstruction recovered that five Euro-
pean individuals identified as Chinese mitten crab actually grouped with Japanese
mitten crabs (Fig. 2). One crab was collected in Germany in 2009 (Raupach et al.
2015), one in Poland in 2015 by Dagmara Wojcik-Fudalewska (BOLD acc. OZ-
IMP066-15), and three individuals caught in Holland and obtained from a seafood
retailer were studied by Cristian Bernardi of the Universita degli Studi di Milano in
2011 (BOLD acc. CBCC038-11, CBCC039-11, CBCCO040-11). Sequences of the
Polish and Dutch individuals were only available in BOLD (http://www.boldsys-
tems.org), not in NCBI GenBank, and have, to our knowledge, not been part of
scientifically published studies. The origin of the latter was indicated in BOLD am-
biguously as “Italy, Holland” without geographic coordinates but clarified in direct
communication with C. Bernardi.
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the figure to save space.
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Population genetic analyses

We identified 14 haplotypes for Japanese mitten crabs, labelled H1 to H14 (Fig. 3B).
The most common haplotype, H1, occurred in all populations but Shimonoseki, Ja-
pan. The invasive individuals found in Germany, Poland and Holland also had this
haplotype, thus limiting our ability to assign a more detailed source population to
invasive Japanese mitten crabs, and not meriting further population genetic analyses.

We identified a total of 20 haplotypes for Chinese mitten crabs (Fig. 3A). Of
these, nine haplotypes were found only in the native range, seven haplotypes only
in Europe and four haplotypes in both native and introduced ranges. The geo-
graphic distribution maps visualize that haplotypes found only in the native region
(blue colors) are common in central and northern Asia (Fig. 4A). Most of Europe
is dominated by three of the four haplotypes shared between the native and intro-
duced region (H1, H2, H4), which are more or less common in the native range:
H1 was widespread in both the native and introduced range, thus providing little
detail about the source of invasion (Fig. 4). H2 has a widespread distribution in
its native range, found in two northern locations, Dalian City and Wuhu, and two
central locations, Liaohe and an unspecified part of the Yangtze River (Fig. 4A,
Suppl. material 2: Fig. S2).

In the introduced range, H2 was found in two individuals only, one sampled in
the Weser river near Oldenburg and the other in the Elbe river in Brandenburg, sug-
gestive of its overall low frequency in the introduced range (Fig. 4D, Suppl. material
2: Fig. S2). H3 was reported from several central Chinese locations (Feiyunjiang,
Hangzhou, Nantong, Yancheng, and Xhenjiang), and was widespread in Europe
(Fig. 4, Suppl. material 2: Fig. S3). H4 was also widespread in Europe but reported
in the native range only from Feiyunjiang (Fig. 4, Suppl. material 2: Fig. S4). In
summary, three widespread invasive haplotypes were found in Feiyunjiang, making
it a plausible main source for the invasion.

Several Northern German populations are genetically distinct: Aukrug, Eckernfo-
erde, Eider, Finkenwerder, Flemhude, Schlei, and Soholmer Au (marked with an aster-
isk in Fig. 4C, D). These populations contained most of the haplotypes not detected
in the native range, which we colored in green (compare Fig. 4A and C). In contrast to
the European populations, the documented diversity in the US populations is lower.
The large, established populations of the West coast seem to consist of a single haplo-
type, H4 (Fig. 4B), while a single individual sampled from an unestablished popula-
tion on the East coast of the United States has a different haplotype (H3).

Opverall haplotype diversity for Chinese mitten crabs was 0.832, and ranged from
0 to 0.805 per population (Table 1). Overall nucleotide diversity was 0.00384, and
ranged from 0 to 0.00475 (Table 1). Introduced populations did not have lower hap-
lotype diversity than native populations (Df = 1, F-value = 0.46, p-value = 0.505), nor
did the nucleotide diversity between native and introduced populations differ (Df =
1, F-value = 0.453, p-value = 0.508). Tajima’s D ranged from -1.159 to 2.315 per popu-
lation (Table 1), and was not significantly different from zero in all but one population



12 Sarah Hayer et al. / NeoBiota 50: 1-29 (2019)

Hi2Mm

H15%

Figure 3. Parsimony networks for Chinese and Japanese mitten crabs. Each circle represents a haplotype,
and the size of the circle is proportional to the abundance of this haplotype A Chinese mitten crab: The
smallest circle (e.g. H8) contains a single sequence, while the largest circle (H1) contains 161 sequences
B Japanese mitten crab: The smallest circle (e.g. H4) contains a single sequence, while the largest circle

(H1) contains 18 sequences. The colors represent sampling sites: blue colors are native sites, yellow-

Chinese mitten crab

H20

orange-red colors are European sites and green colors are US sites.

H7

Eriocheir sinensis

Native range
= China

m Russia

m Korea

O Taiwan

@ Japan

Invaded range

@ England

m Germany
@ Netherland
O Poland

O Portugal
= Sweden

O USA

Japanese mitten crab
Eriocheir japonica



Mitten crab invasions in Europe 13

Ou]lang

Feiyunjiang

OH1 [OH2 [EH3 @EH4 WH5 [He MWH7 HEH8 MEH9 MEH10

OH11 [@H12 EH13 WH14 EH15 BEH16 EH17 [JH18 EH19 MH20
Figure 4. Geographic distribution of COI haplotype frequencies of Chinese mitten crabs. The distri-
bution is shown in the native range (A), the United States (B), Northern Germany (C) and Europe in
general (D). Haplotypes only found in the native range are colored in blue tones, haplotypes only found
in the introduced range are colored in green tones, and haplotypes found in both the native and intro-
duced range are colored in yellow and orange tones. The smallest pie chart in each graphic represents a
single individual. All populations with five or more sampled individuals are named. Additionally, in a we
also point out the populations of Dalian City, Wuhu and Yangtze, as they contain the otherwise rare but
invasive haplotype H2. Scale bars: 250 km (A, B, D). 25 km (c).

(Soholmer Au, D = 2.315, p-value = 0.021). In some cases, this could be the result of
low sample size, which reduces the power to detect deviations from the null expectation.

A total of 9 haplotypes were private. They were distributed among four native
sites (Liaohe: H6, H7, H8; Nantong: H9; Vladivostok: H18, H19; Geumgang: H20)
and two introduced sites (Thames: H11; Eider: H15). Estimates of population dif-
ferentiation among native populations with five or more sampled individuals revealed
significant population structure across the native range (Suppl. material 1: Table S3).
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Table I. Results of population genetic analyses of Chinese mitten crab (Eriocheir sinensis) populations
from sampling sites with more than five sampled individuals.

Sampling site n h | Haplotype | Nucleotide | Tajimas D | D p-value
diversity diversity

Native range
Feiyunjiang, China 10 | 3 0.600 0.002 0.473 0.636
Hangzhou, China 6 3 0.733 0.003 -0.057 0.954
Liaohe, China 16 6 0.783 0.003 0.095 0.924
Nantong, Yangtze, China 10 4 0.778 0.004 1.032 0.302
Oujiang, China 11 1 0.000 0.000 NA NA
Tongan, China 8 1 0.000 0.000 NA NA
Zhenjiang, Yangtze, China 8 2 0.536 0.002 1.449 0.147
Vladivostok, Russia 10 | 2 0.467 0.003 1.229 0.219
Geumgang, China 15 2 0.133 0.000 -1.159 0.246
Invaded range
Thames, England 15 | 4 0.714 0.003 0.666 0.505
Aukrug, Germany 16 | 2 0.233 0.002 -0.744 0.457
Eckernfoerde, Germany 18 | 2 0.425 0.001 0.870 0.385
Eider, Germany 45 5 0.805 0.005 1.925 0.054
Finkenwerder, Elbe 40 4 0.729 0.003 0.758 0.448
Flemhude, Germany 53 6 0.766 0.004 1.171 0.241
Hemmelsdorf, Germany 10 1 0.000 0.000 NA NA
Laascher See, Germany 15 3 0.676 0.002 1.386 0.166
Oldenburg, Weser, Germany 14 | 4 0.648 0.002 0.683 0.495
Osterholz, Elbe, Germany 15 3 0.676 0.002 1.386 0.166
Schlei, Germany 11 3 0.655 0.004 0.821 0.412
Soholmer Au, Germany 36 | 3 0.679 0.005 2.315 0.021
Tagus, Portugal 16 | 3 0.342 0.001 -0.708 0.479
Sacramento, USA 7 1 0.000 0.000 NA NA
San Francisco, USA 18 1 0.000 0.000 NA NA

Abbreviations: n: number of available sequences/individuals sampled; h: number of haplotypes.

Jost’s D ranged from 0 to 0.215 and ®st from 0 to 1 (Suppl. material 1: Table $3). The
overall pattern of relative differentiation was very similar between the two measures
(Suppl. material 1: Table S3). Vladivostok in Russia and Geumgang in South Korea
were significantly differentiated from all other native populations, and from each other.
Some populations were undifferentiated with either distance measure, and clustered
closely: 1) Oujiang and Tongan, both monotypic for haplotype H1, and 2) Hangzhou,
Nantong and Liaohe.

We used these pairwise genetic distances to identify which introduced populations
were genetically similar to native populations, representing potential sources of the
invasion. In general, populations dominated by the same haplotype cluster together.
The two monotypic Chinese populations, Oujiang and Tongan, cluster together with
the German populations from Hemmelsdorf, Tagus and Eckernfoerde (Fig. 5). A
second large cluster consists of several non-native populations from Germany and
England and the Chinese population from Feiyunjiang and Zhenjiang (Fig. 5). These
populations are undifferentiated with regard to Jost's D, which ranged from 0 to
0.003, and ®st, which ranged from 0 to 0.035. The Northern German populations
Aukrug, Eckernfoerde, Schlei and Soholmer Au are significantly differentiated from
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Figure 5. Visualization of genetic population similarity based on pairwise genetic differences calculated
as Jost’s D values. A multi-dimensional scaling plot B hierarchical cluster analysis dendrogram. Asterisks
denote Northern German populations that are dominated by haplotypes not found in the native range.

each other and all other populations. In the MDS plot of the first two coordinate
axes (Fig. 5A), the Schlei population appears to lie within the first large cluster, but it
is differentiated well by the third axis (Suppl. material 2: Fig. S5). Similarly, the US
populations are differentiated from all other populations. In the introduced range at
large, Jost’s D ranged from 0 to 0.234, and ®st from 0 to 1. Within Europe, Jost’s
D ranged from 0 to 0.234, and ®st from 0 to 0.691, making European populations
much more differentiated than native populations.

The Monte Carlo cross validation procedure revealed little power to discriminate
between source populations with assignment tests. The assignment accuracy averaged
across replicates was 0.032. Thus, we did not attempt to assign invasive individuals to
any particular native population with this method.

Amino acid substitutions

Amino acid substitutions took place in eight COI haplotypes: H5, H9, and H12 to
H17 (Suppl. material 2: Fig. S6). Of these, the haplotypes H5 and H9 were only
found in China, while H12 to H17 were the haplotypes only detected in Northern
Germany. Based on the parsimony network, most substitutions occurred convergently.
Only H15 evolved directly from H17. We can further infer the directionality of these
substitutions from the haplotype network. It stands out that both proline and threo-
nine evolved repeatedly in this small fragment of the COI gene.
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Discussion

The Japanese mitten crab entered the European stage more than a decade ago

To our knowledge, we provide the first report of Japanese mitten crabs (Eriocheir japon-
ica) outside their native range. Our phylogenetic reconstruction placed five sequences
identified as Chinese mitten crabs clearly within the Japanese mitten crab lineage. The
sequences were collected in Holland, Germany and Poland between 2009 and 2015.
The German individual was collected inland in the Rhine river, and may not have
necessarily migrated successfully to the North Sea for reproduction. The Dutch and
Polish individuals were collected closer to the North and Baltic Sea, suggestive of an
established, reproducing population of Japanese mitten crabs in Europe for the past
ten years or more.

At first, it seems surprising that this invasion of Japanese mitten crabs has remained
cryptic for at least a decade, but the morphological similarity between Chinese and
Japanese mitten crabs did not make it obvious (Fig. 6) (Guo et al. 1997; Jensen and
Armstrong 2004; Naser et al. 2012). Moreover, all European sequences of Japanese
mitten crabs were generated as part of sequencing efforts of between one and a few
Eriocheir specimens (see BOLD records), diluting the meaning of the high genetic dis-
similarity to other Chinese mitten crab sequences. Raupach et al. (2015), for example,
actually discussed the high intraspecific genetic diversity of mitten crab sequences in
their large barcoding study from German waters. They noted that the observed high
genetic distances in their sample of Chinese mitten crabs were caused by a single speci-
men, which we assigned to the Japanese mitten crab based on its COI sequence. Mor-
phological species identification placed this individual clearly as a Chinese mitten crab
(Raupach et al. 2015). Similarly, according to the shape of the interocular carapace rim,
the Dutch individuals would be identified as Chinese mitten crabs (Guo et al. 1997),
but their COI sequences belong to Japanese mitten crabs. Interestingly, the Barcoding
of Life Data System itself recognized that the five sequences in question clustered with
Japanese mitten crabs, not with Chinese mitten crabs (http://www.boldsystems.org/
index.php/Public_BarcodeCluster?clusteruri=BOLD:AAA8754). This discordance be-
tween morphology and mitochondrial sequence data may be due to the taxonomic
confusion among Eriocheir species (Costa et al. 2007).

Cryptic morphology is a general problem in biological invasions that can only be
resolved with molecular data. Bastrop and Blank (2006), for example, used mitochon-
drial sequence data to show that in addition to the invasive polychaete Marenzelleria
neglecta, two more species of the genus had invaded the Baltic Sea unnoticed. The
invasive populations of the virile crayfish consist completely of a lineage not yet iden-
tified in the native North American range (Filipovd et al. 2010). The cosmopolitan
reed Phragmites australis represents an unusual case of cryptic invasion, where a non-
native haplotype is currently replacing the native genetic diversity in North America
(Saltonstall 2002). The hypothesis of cryptic morphology is therefore clearly appealing
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Figure 6. Mitten crabs collected in Holland in 2011. A Individual carrying mitochondrial DNA (mtD-
NA) of the Japanese mitten crab, morphologically identified as Chinese mitten crab, (BOLD accession:
CBCC040-11, museum catalogue no: Universita degli Studi di Milano, Ispezione degli Alimenti di Orig-
ine Animale MALAC:00040) B Chinese mitten crab (BOLD accession: CBCC037-11, museum cata-
logue no: Universita degli Studi di Milano, Ispezione degli Alimenti di Origine Animale MALAC:00037).
Photographs by Cristian Bernardi published under CC BY-NC 3.0 license.

and plausible. However, it is puzzling that all individuals identified as Japanese mitten
crab at the sequence level were morphologically undoubtedly identified as Chinese
mitten crabs. This discordance could hint at hybridization and subsequent introgres-
sion between Chinese and Japanese mitten crabs, resulting in morphological Chinese
mitten crab hybrids carrying Japanese mitten crab mitochondrial genomes. This hy-
bridization could have taken place either in the native or the invaded range. In such
a case, pure Japanese mitten crabs do not necessarily have to form a stable population
in Europe. Rather, their mitochondrial genomes would occur in some proportion of
individuals with predominantly Chinese mitten crab genomes. Interspecific hybridiza-
tion of another global invader has been confirmed for the Shore crab genus Carcinus
using a combination of mitochondrial sequence data and nuclear microsatellite data
(Darling 2011). To understand the current distribution of Japanese mitten crabs, pos-
sible hybrids between Japanese and Chinese mitten crabs or introgressed individuals in
Europe, future systematic sampling, mitochondrial and nuclear sequencing of mitten
crabs is highly warranted.

Significant genetic structure in the native and introduced range of Chinese
mitten crabs

Much work has been conducted on the phylogeography of mitten crabs in their native
range (Hinfling et al. 2002; Wang et al. 2008; Sui et al. 2009; Xu et al. 2009; Zhang
et al. 2012; Zhang et al. 2014). Our re-analysis was therefore only aimed at assessing
how useful the COI marker alone is to differentiate between populations, a prerequi-
site for identifying source populations with certainty (Geller et al. 2010), and to com-
pare native and introduced diversity. We found that native populations are weakly but
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significantly differentiated, but this differentiation does not align with geography or
river system, as noted previously (Sui et al. 2009). One reason might be the exchange
of crabs for commercial farming. Their extended planktonic larval period could also
contribute to weak levels of genetic differentiation. This somewhat "chaotic" distribu-
tion of haplotypes makes it impossible to extrapolate the geographic distribution of
genetic diversity, and precludes the assignment of broader regions as source regions.
We can only discuss specific sampling sites as being more or less likely sources of intro-
duction, as the genetic makeup of even the closest neighbor of any one site can be very
different, e.g. in the case of Feiyunjiang and Oujiang. A more extensive sampling with
regard to number of individuals and populations is certainly desirable to understand
the patterns of diversity in the native range better. The fact that most populations were
differentiated provides nonetheless a working baseline to assign source populations.

Most of the native populations had positive Tajima’s D values, albeit not signifi-
cantly different from zero, which is generally interpreted as populations being in muta-
tion-drift equilibrium. It suggests that populations did not expand, shrink, or undergo
recent selective sweeps at the mitochondrial genome. This pattern of genetic stability is
anticipated for native populations. That we find the same pattern in most introduced
populations is unexpected. We would expect to find negative Tajima’s D values, indica-
tive of recent bottlenecks. It seems unlikely that the introduced populations are already
at equilibrium. Instead, an invasion of sufficient number of individuals that brought
over a substantial amount of the native diversity could explain the observed pattern,
either in a single or in multiple introduction events. In concordance with this idea, ge-
netic diversity is not significantly lower in invasive populations, as would be expected
when few individuals invade a new range.

The most distinct feature of the introduced range is the presence of seven hap-
lotypes that have not been sampled in the native range. These haplotypes appear re-
stricted to Northern Germany. Their distribution dominates the population structure
in Europe, which divides populations with and without those unique alleles. We re-
covered more population structure than identified by Hinfling et al. (2002), and echo
the findings of Otto (2012), who generated and analyzed the Northern German COI
data initially. She did not take the other known data into account, however, thus limit-
ing her conclusions.

Plausible source populations of the Chinese mitten crab invasion

Hinfling et al. (2002) conducted the first search for source populations of the Euro-
pean and US invasion. Using COI sequence data, they identified five haplotypes that
occurred in both China (three populations sampled) and Europe (five populations
sampled). They did not find significant population structure in either the native or in-
troduced range, but observed a significant differentiation between those two. This was
due to a haplotype common in all European and US populations, but absent in the na-
tive range. They used the presence of this haplotype as evidence for multiple introduc-
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tions into Europe, and a secondary introduction of the United States from Europe. We
identified this haplotype (H4) in one site in the native range, in Feiyunjiang. The other
two haplotypes from Feiyunjiang (H1 and H3) are also common in Europe and the
US, making this location the most plausible source of the invasion of those sampled so
far. Feiyunjiang is located between the large ports of Shanghai and Xiamen (compare
Figs 1-5), which are suitable donor locations, each of the many departing commercial
vessels from their ports acting as potential invasion vectors. The results of the analysis
of pairwise population differentiation are concordant with these findings. Feiyunjiang
clusters with several of the introduced populations, and is not significantly differenti-
ated from them. The last haplotype found in both native and introduced range is H2.
It was not detected in Feiyunjiang, but was present in Dalian City, Wuhu, part of the
Yangtze River and Liaohe. Any of these locations could therefore be the source popula-
tion of a second independent invasion into Europe. Unfortunately, the first three sites
are only represented by two individuals each, making detailed comparisons of haplo-
type compositions between these native and invaded sites impossible. Alternatively
to a second independent introduction event from a different location, this haplotype
might occur in low frequencies in Feiyunjiang, but was not recovered there due to
small sample sizes. In this case, the colonization of Europe by all the above-mentioned
haplotypes could have been due to a single successful invasion event. Given the low
frequency of the haplotype H2 in the invaded range, this is clearly a possibility. In gen-
eral, the large native range is under-sampled with regard to the number of individuals
and number of populations (Muirhead et al. 2008; Geller et al. 2010). This becomes
especially important given the weak and chaotic population structure across the native
range, which limits our power to predict the region of origin. It is, however, highly
unlikely that the northern range of Chinese mitten crabs, e.g. Russia and South Korea,
where we recovered only haplotypes absent from Europe and the United States, was
the source of the invasion.

The US populations of Chinese mitten crabs have been speculated to be second-
arily introduced from Europe (Hinfling et al. 2002). Based on our analyses, this re-
mains a possibility, as the West coast populations are of a single haplotype, which was
only found in Feiyunjiang in the native range, but is widespread in Europe. However,
whatever led to the successful invasion of Europe from Feiyunjiang (or another native
population with similar haplotype composition) might also have led to the successful
invasion of the United States. The low genetic diversity of these populations certainly
argues for the invasion of few individuals. In contrast, the genetic diversity of Euro-
pean invaders is indicative of the invasion of several individuals. A single sequence
available for a Chinese mitten crab from the East coast of the United States from an
unestablished population (Benson and Fuller 2019) is genetically distinct from the
monotypic West coast population, advocating for an independent invasion of the East
coast. The East coast haplotype (H3) is present in Europe, but is also relatively wide-
spread in China, making both a secondary invasion from Europe, or a direct invasion
from Asia, equally likely. A secondary invasion from the West coast of the United
States is, however, highly unlikely.
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The analyses of genetic distances between populations echo on the one hand some
of the results obtained by the comparison of haplotype identity between native and
invaded ranges, and highlight, on the other hand, some of the difficulties associated
with population genetic analyses of non-equilibrium scenarios pervasive during inva-
sions. We found two clusters of mixed native and introduced populations: the first
cluster contained populations from across Europe and Feiyunjiang. In line with the
results of haplotype identity, Feiyunjiang is therefore a plausible source population.
The second cluster contains populations monotypic for the most widespread haplo-
type. In this case, the native populations of Tongan and Oujiang have the same genetic
makeup as the introduced populations of Hemmelsdorf, Eckernfoerde and Tagus, but
this similarity may well be due to small populations and strong drift in the introduced
populations, which could have eradicated much of the genetic diversity. Thus the sec-
ond cluster of native and introduced populations cannot be interpreted as a separate
introduction.

The distribution and origin of the uniquely Northern German haplotypes

The restricted distribution of the haplotypes H12 to H17 in northern Germany could
either reflect a snapshot taken during an ongoing expansion or ecological restrictions.
The most recent samples included in our analyses are those Northern German sam-
ples with unique haplotypes collected between 2008 and 2010 (Otto 2012). No sites
outside of Northern Germany were sampled, which means these haplotypes may have
already spread throughout the remaining European range. One indication of a recent
origin or arrival of these haplotypes can be gained via a comparison with other studies
that included sites close by. Hinfling et al. (2002) included a site in the Elbe river near
Osterholz, from which they collected 15 crabs between 1999 and 2000 (see suppl.
material 1: table S1). This site is downstream from the Finkenwerder site sampled by
Otto (2012). None of the crabs collected in the Elbe between 1999 and 2000 had any
of these uniquely Northern German haplotypes that were common between 2008
and 2010. Herborg et al. (2007) analyzed six microsatellite markers for six European
populations, including the same Osterholz site. Otto (2012) also analyzed her sam-
ples with microsatellite markers, including four of the markers analyzed by Herborg
et al. (2007). The raw data are not available (as is so often the case for microsatellite
data), but at the four common microsatellite loci, the Finkenwerder samples from
2008-2010 show higher allelic richness (A = 9.2-10.2) than the Osterholz samples
collected ten years earlier (A = 4.3-9.1) across all four loci. While this is suggestive
of a recent addition of genetic diversity, it does not preclude a restricted distribution
of those haplotypes either, as Chinese mitten crabs commonly show genetic structure
within the same river systems (Herborg et al. 2007; Sui et al. 2009). A broad sampling
of current mitten crab genetic diversity in the invaded range would clarify how widely
distributed those haplotypes really are.
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The origin of the haplotypes only found in Northern Germany remains mysteri-
ous. If we interpret the absence of those haplotypes in the Osterholz samples, and the
presence of two of these haplotypes in the Finkenwerder samples ten years later as the
recent and simultaneous addition of these haplotypes to Europe, the most plausible
scenario is a cryptic invasion from an unsampled native site. The source of such a cryp-
tic invasion might be located in the northern range of Chinese mitten crabs. Overall,
the number of analyzed native populations was rather small given the large range of
Chinese mitten crabs (Fig. 4A). The available data did not include some large ports,
such as Tianjin, Nampo, Daesan and Hungnam, all located in the northern range
of Chinese mitten crabs (Fig. 1), which could be suitable donor areas. Based on the
known distribution of Chinese mitten crabs, the very large ports around Hong Kong
can be excluded as the invasion source because Hepu mitten crabs, not Chinese mitten
crabs, occur in southern China (Wang et al. 2008; Xu et al. 2009) (Fig. 1).

Under a scenario of multiple invasions, the amino acid substitutions we found in
all of the uniquely Northern German haplotypes evolved in the native range, and were
introduced during the cryptic invasion. Whether these haplotypes confer indeed a se-
lective advantage cannot be answered with certainty. They may carry, in fact, neutral or
slightly deleterious mutations but have been swept to high frequencies during a recent
strong selection event at a linked region of the genome (Smith and Haigh 1974). The
contemporaneous discovery of a novel physiology and behavior in Northern German
mitten crabs, which allows them to complete the larval cycle in the brackish Baltic
Sea (Otto 2012), may not be a coincidence. The expected range expansion caused by
this novel ecology has already been documented by the recent and widespread occur-
rence of ovigerous females in the Eastern Baltic Sea (Ojaveer et al. 2007). Similarly,
the occurrence of mitten crabs throughout much of the freshwater system of Sweden
was hard to explain, invoking long-distance migration of crabs from their North Sea
spawning grounds (Drotz et al. 2010). We suspect that these crabs belong to the same
physiological type as the crabs investigated by Otto (2012), and are able to complete
their larval cycle in the Baltic Sea.

Alternative hypotheses to a novel introduction can explain the origin of these
uniquely Northern German haplotypes. In our opinion, the second most likely expla-
nation is that the unique haplotypes evolved in the introduced range. Given that all of
these haplotypes had one to three AAS, these haplotypes might have evolved rapidly
in the introduced range in response to novel ecological conditions. Moreover, all of
these uniquely Northern German haplotypes are closest related to a haplotype that was
already present in Northern Europe (Fig. 3A). An argument against this hypothesis is
that we would have expected to find some temporal sequence of haplotype evolution,
with at least a few of the haplotypes occurring in earlier samples. Another hypothesis
is that these haplotypes have been in Europe since the initial introduction, but either
only recently increased in abundance, or were always restricted to Northern Germany,
which had not been sampled before 2008. While genetic structure among sites or sam-
pling years of the same river system exists (Herborg et al. 2007; Sui et al. 2009), crabs



22 Sarah Hayer et al. / NeoBiota 50: 1-29 (2019)

have to migrate along rivers to get to their marine mating and breeding grounds. Thus
some mixing of haplotypes should occur along the river. Given the small sample sizes
of older sites, a recent expansion of these haplotypes from standing variation is clearly
possible. It is not obvious, however, why these haplotypes would have remained at very
low frequencies for about 100 years, since their introduction.

Lastly, we cannot ignore the fact that all sequences with uniquely Northern Ger-
man haplotypes were collected by Otto (2012). If she had fallen prey to sequencing
errors, we might expect randomly changed bases throughout each sequence, leading
to many haplotypes present only once, and/or to the presence of stop codons. The fact
that she sequenced many individuals with the same haplotype, and these translate to
functional amino-acid sequences, makes sequencing error an unlikely source of these
haplotypes. Furthermore, DNA fragments with uncertain base calls were sequenced
in both directions (Otto 2012), which should remove possible sequencing artifacts
caused by faulty sequencing chemistry (Wares, pers. comm.).

At this point, we cannot determine if the high and unique haplotype diversity of
Northern Germany is due to novel, potentially adaptive mutations that occurred after
introduction, or due to multiple invasions. To clarify the origin of the unique haplo-
types, we propose three approaches. Firstly, a more extensive sampling of the native
range should identify if these haplotypes are present in the native range. Such sampling
has already taken place (Tang et al. 2003; Sun et al. 2005), but we were unable to incor-
porate these data into our study because they used genetic markers not yet applied to
the introduced populations. Thus we propose that future genotyping efforts of invasive
specimens should include these genetic markers as well. Secondly, population genetic
analyses of invasive mitten crabs from museum collections could identify the temporal
pattern of haplotype appearance. A sudden appearance of all unique haplotypes during
the invasion history would hint at a new invasion event, while a stepwise appearance
of novel haplotypes would be consistent with their evolution within the introduced
range. Such pattern would, however, also be consistent with multiple additional inva-
sion events, each introducing one or a few novel haplotypes. Lastly, population genom-
ic analyses of native and invasive mitten crabs might reveal if the potentially adaptive
haplotypes arose within invasive populations, in which case most of the genome of
introduced Chinese mitten crabs should be undifferentiated and only small regions
be highly differentiated. In contrast, a second introduction should show a more or less
even differentiation across the genome. These efforts are aided by the recent publica-
tion of the nuclear genome of Chinese mitten crabs (Song et al. 2016) as well as the
complete mitogenomes of several mitten crab species (Liu et al. 2015; Li et al. 2016).

Conclusions

This study uncovered complex population genetic pattern of invasive mitten crabs.
y plex pop g p
Some of our findings are unambiguous, such as the presence of the mitochondrial
g g p
genome of a second mitten crab species, the Japanese mitten crab, in Europe, suggest-
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ing either a cryptic invasion of this species or previous hybridization between Chinese
and Japanese mitten crabs. This new European addition was only revealed by our data
synthesis, which included barcoding data collected from various entities of a few in-
dividuals. The genetic diversity within European populations of Chinese mitten crabs
remains puzzling, including the presence of several amino acid substitutions in hap-
lotypes found only in Northern Germany. Taken together with the contemporaneous
occurrence of a novel physiology and behavior in the same populations, it is possible
that carriers of this haplotype have an adaptive advantage. Given the negative impacts
of mitten crabs as an invasive species, we can only urge to monitor these invasive
populations closely, using genetic tools such as the commonly used barcoding locus
COI (Darling and Blum 2007). Simultaneously, genomic and historical data could
greatly enhance our understanding of the invasion process. We show that mitten crabs
in Europe are melting pots of genetic diversity (Geller et al. 2010), making them prime
targets to study cryptic invasions and possibly also rapid adaptations.
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Abstract

Bitou bush (Chrysanthemoides monilifera subsp. rotundata) is a Weed of National Significance in Australia
and has impacted a significant portion of the eastern coastline. Its discovery in Western Australia was,
therefore, a cause for concern. Assessment and control of the isolated and well-defined population began
in 2012. To assess the feasibility of eradication in Western Australia as a management outcome for bitou
bush, we applied a rigorous data-driven quantification and prediction process to the control program.
Between 2012 and 2018 we surveyed over 253 ha of land and removed 1766 bitou bush plants. Approxi-
mately 97 person-days were spent over the six years of survey. We measured the seed bank viability for five
years starting in 2013, with the 2017 survey results indicating a decline of mean viable seeds/m? from 39.3
+11.4t05.7 £ 2.2.1In 2018 we found only ten plants and no newly recruited seedlings in the population.
No spread to other areas has been recorded. Soil core studies indicate that the soil seed bank is unlikely to
persist beyond eight years. Eradication of the population in Western Australia, defined as five years with-
out plants being detected, therefore remains a realistic management goal. The information generated from
the documentation of this eradication program provides invaluable insight for weed eradication attempts
more generally: novel detection methods can be effective in making surveys more efficient, all survey
methods are not entirely accurate and large plants can escape detection, bitou bush seeds persist in the soil
but become effectively undetectable at low densities, and migration of seed was unquantifiable, possibly
compromising delimitation. Continued monitoring of the Western Australian population will determine
how much of a risk these factors represent to eradication as the outcome of this management program.

Copyright John K. Scott et al. This is an open access article distributed under the terms of the Creative Commons Attribution License (CC BY 4.0),
which permits unrestricted use, distribution, and reproduction in any medium, provided the original author and source are credited.
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Introduction

The management of invasive alien plants costs billions of dollars and represents a sig-
nificant challenge for a range of stakeholder groups, including agriculture, conserva-
tion and tourism (Pejchar and Mooney 2009; Shackleton et al. 2019). Depending
on the characteristics and context of the invasion, the suitability of management ap-
proach and the likelihood of different outcomes can vary substantially (Blackburn et al.
2011). If the situation is appropriate then a desirable goal is the enduring eradication
of the target population, but the reality is that this end point is particularly difficult to
achieve (Wilson et al. 2017).

Eradication means the elimination of every single individual of a species from
a defined area to a level beyond which recolonization is unlikely to occur (My-
ers et al. 1998). In the case of plants, eradication can be a reasonable management goal
if the area of spread is small, if the target species is easily identified among other vegeta-
tion, if the infestation is detected early enough, and if sufficient resources are available
for the full eradication program, especially in the final stages when target abundance
is very low (Wilson et al. 2017). Unfortunately most species targeted by eradication
programs have different characteristics, and eradication is only feasible in a limited
number of circumstances (Wilson et al. 2017). It is, therefore, particularly important
to share lessons learnt from eradication attempts if we are to improve outcomes for
these management programs.

Soil seed bank longevity is often a key determinant of eradication success or failure,
but is rarely measured. Panetta (2007) estimated that weed eradication programs often
required 10 or more years to achieve their objective, or at least attempt the objective of
complete mortality of any remaining seed bank. Very few weeds have been successfully
eradicated world-wide, largely due to the seed bank outlasting monitoring and control
efforts. For example, in Australia Panetta (2004) mentions that Eupatorium serotinum
in southern Queensland required 18 years, to eradicate despite covering a relatively
small area. However, in Western Australia, the annual chenopod herb, Bassia scoparia,
was eradicated following a ten year monitoring and control program (Dodd and Ran-
dall 2002). The success of this program was largely due to the weed having a short-lived
seed bank, mostly one year, with up to three years possible (Dodd and Randall 2002).

We have previously reported on the discovery of one of Australia's Weeds of Na-
tional Significance, Chrysanthemoides monilifera (L.) T. Notl. subsp. rotundata (DC.) T.
Norl. (Asteraceae; hereafter, bitou bush), as a well-established population in Kwinana,
a major port and industrial area near Perth, Western Australia (Weiss et al. 1998, Scott
and Batchelor 2014). Our initial surveys in 2012 documented a restricted extent for
this bitou bush incursion, aside from the potential for seed export from the site (Scott
and Batchelor 2014). The Kwinana bitou bush population has existed, as verified from
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aerial photography, since at least 1995 (Scott et al. 2019). The Kwinana population is
unusual because the nearest populations of bitou bush are found more than 3,000 km to
the east as an introduction in eastern Australia, or more than 8,000 km to the west as a
native species of southern Africa (Scott and Batchelor 2014). This specific context makes
it feasible to consider eradication as a management goal for bitou bush in WA, rather
than local extirpation where there is a possibility of recolonization (Wilson et al. 2017).
Here we document the changing dynamics of the bitou bush infestation in Western
Australia as an eradication program is implemented for its control. To address knowl-
edge gaps in past eradication programs and to inform future control programs, we
included information on both plants and the seed bank. We use this to make an eco-
logically informed assessment of the feasibility of eradication of bitou bush from WA,
including for how long the infested area should be monitored. More generally, we use
the example of bitou bush to illustrate how plant population biology data can be used
to provide greater context, and thus improve the likelihood of success for the popular
but rarely achieved objective of eradication for plant invasion management programs.

Materials and methods

Population surveys

The focal population was located in the Kwinana region of Perth, Western Australia —
an industrial port area with mixed land-use, including fragments of low-quality native
vegetation, and high levels of industrial goods traffic on and off-shore (32°12.652'S,
115°46.018'E). Scott and Batchelor (2014) provides details on the context of the focal
population, including local climate, landscape and features that influence delimita-
tion and detection. Initial surveys of the population started in September 2012 (Scott
and Batchelor 2014), continued through 2013 and were repeated each year in March
and April from 2014 to 2018 (Figures 1, 2). Additional site visits were made in spring
(October-November) of each year, mainly to observe if there were newly germinated
plants. The main infestation area only was surveyed in 2014 (the main or “core” infes-
tation is defined in Scott and Batchelor (2014) Figure 1b). Port and industrial activity
(e.g. construction of paved areas for heavy equipment, roads, new industries) meant
that surveyed areas were not identical each year (Figure 1).

Surveys were done on foot, with personnel making traverses 5-10 m apart (de-
pending on the density and height of vegetation). Particular interest was paid to areas
under obvious bird perches (trees, fences, buildings and lights posts), likely locations
for new seedlings resulting from bird dispersal of the fleshy coated seeds of bitou bush
(Gosper 1999). Surveys were timed for March and April (i.e. end of summer) when
the lush green of the bitou bush foliage is easily distinguished from surrounding veg-
etation. At this time the annual and perennial grasses and other annual vegetation has
died back following the dry hot summer that is typical of the Mediterranean climate of
this region. Records were kept of the search effort, measured in person days (where a
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Kwinana

Figure 1. Location of each bitou bush (yellow dot) and outline of the survey area (blue) for each year
(between 2012 and 2018) in the Kwinana Industrial Estate, Western Australia. Background images gener-
ated by Nearmap were taken in February of the designated year.
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Figure 2. Bitou bush soil-core plant locations in the Kwinana Industrial Estate, Western Australia. Three
zones were sampled: Kwinana Bulk Terminal (KBT) beach (red), Foreshore Rd (blue) and Horse Beach
(green), in addition to a selection of other scattered plants. The background aerial photograph dates from
8 Jan 2012 (reproduced with permission of Western Australian Land Information Authority; CLO5 —2013).




36 John K. Scott et al. / NeoBiota 50: 31-53 (2019)

day is considered to be 8 AM to 4 PM). A total of 97 person days have been expended
on the survey (see Suppl. material 1).

The location of each bitou bush was mapped using a differential GPS (Hemisphere
R100 Series Receiver utilizing the Australian Maritime Safety Authority DGPS beacon
system for differential correction). All spatial information was managed within ArcInfo
10.3 (hetps://www.esri.com/).

Buffer zones

As the majority of plants discovered were found within a 500 m radius of a dilapidated
wooden jetty, this area was defined as the main infestation (Scott and Batchelor 2014).
A buffer zone of a further 500 m was calculated in ArcMap 10.3 based on the maximum
observed dispersal distance (as shown in figure 3 in Scott and Batchelor (2014). Any
reproductive plants detected in this buffer zone would determine the need to expand
the buffer zone until such point as the population was delimited, or at a point where the
population was determined to be beyond the scope of eradication. To provide further
confidence in survey scope decisions, additional transect areas were surveyed beyond
the defined monitoring regions, either along the coast or based on potential areas of
seed dispersal by birds. These outer areas were surveyed by vehicle where the landscape
was open, or on foot where there was dense vegetation or lack of vehicle access. Further
details of the buffer zones and initial surveys are provided in Scott and Batchelor (2014).

Aerial photography

To check for the possibility of missed plants in ground surveys, the survey area was
examined using recently obtained very high resolution aerial photography (5.8-7.5 cm
per pixel) in 2016 and 2018. These photos were available from Nearmap (https://www.
nearmap.com.au/) via the University of Western Australia. Potential bitou bush plants
that may have been overlooked by the ground surveys were identified from the photos
and ground-truthed during additional surveys in 2016 and 2018.

Plant measurements

For each bitou bush plant we measured: size (maximum and minimum plant canopy di-
ameter (m), maximum height (m), basal stem diameter (mm)), and reproductive output
(number of capitula in flower, number of capitula with seed). A capitulum is an inflo-
rescence consisting of a head of closely packed stalkless flowers typical of the Asteraceae.
We noted the habitat type and whether there were proximate perch points for birds (e.g.
trees, fences, other structures). Plants were classed as seedlings if the cotyledons were still
attached and green. Seedlings were counted rather than measured for size.
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Plant removals

We killed the plants once measurements were taken. This was mostly achieved by up-
rooting the plant by hand. Some larger plants (-40) were removed with the assistance
of earth-moving machinery and/or killed by herbicide (arranged by the landowners).
Follow up surveys confirmed the death of all plants sprayed with herbicide or that had
been hand-weeded.

Bitou bush is relatively shallow rooted, but care was required to make sure all stem
material was removed from the soil, as the plant is capable of regrowth from stems cut
at ground level or by layering from buried stem sections (Weiss et al. 2008). Some
layered plants required multiple annual visits to confirm that all layered stem sections
had been found. Regrowing layered sections were not counted as new individuals. All
uprooted plants were left 77 situ to mark their original location so any regrowth could
be readily found in future surveys.

Most of the new plants found in 2013-2017 were seedlings germinating from the
soil seed bank under the canopy area of plants removed in 2012. These new plants were
all small enough to be removed by hand when detected. However, seedlings can be
small and hidden in other vegetation and consequently not detected in the year of ger-
mination, but readily detected when larger in the following year. Even so, one or two
plants per year remained previously undetected (e.g. hidden in bushes or in difficult to
access parts of the port infrastructure) and only detected when flowering occurred. All
these plants were removed by hand.

Seed bank studies

We selected 15 plants within three locations in the main infestation area (Beach,
Foreshore Road, Horse Beach) as sites for detailed seed bank studies (locations
shown in Figure 2). All selected plants had evidence of flowering and seed produc-
tion in 2012 and were > 3 m in canopy diameter. In 2013, 10 soil cores (10 cm wide
by 15 cm deep) were taken from underneath the canopy and 10 soil cores were taken
1 — 2 m from the perimeter of the plant canopy. Each soil core was sieved on site,
outside of the canopy area, to minimise seed bank disturbance. Initially, large leaf
litter was removed with a >1 cm sieve, then fine sand was removed using a < 3 mm
mesh sieve. The remaining material from each soil core was taken in a paper bag to
the laboratory where it was sorted under 10x magnification (Magilamp) to partition
debris from seeds and seed fragments. Seeds were then stored in vials for further
quantitative processing.

We dissected intact seeds found in each soil core to assess their viability. We count-
ed seed fragments (the seed coat naturally splits into three portions on germination
or decay) and noted whether these seed parts had evidence of rodent damage (i.c.
gnawing on the seed coat) or other evidence of seed predation (holes in the seed). We
counted seed fragments because this provided confirmatory evidence that the soil core
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was taken under the original canopy (note that the plants were killed in 2012 and the
canopy extent was known). Seed viability was assessed by the condition of endosperm
in intact seed: firm, pale green/white in a viable seed, or dried, blackened or decayed
in an unviable seed. Each soil core was assessed separately and aggregated by plant
number for analysis.

We used the same method to measure the seed bank in 2014 and 2015, although
the number of sampling sites decreased for various reasons: vehicle traffic destroyed
one sample site at Horse Beach and five were lost by the removal of top soil along Fore-
shore Road and Horse Beach. Soil cores 1 m from the perimeter of the plants were not
taken after 2013 owing to no viable seeds being found in any of these cores (totals in
100 cores: 6 seed fragments, 4 intact but dead seeds). In 2016 and 2017, the number
of soil cores was increased to 20 per sample site. We increased the sampling effort in
this way to compensate for the decreased frequency of viable seeds found previously in
soil cores during 2014 and 2015. Sampling the seed bank was not carried out in 2018
because the target sampling areas were now highly disturbed (estimated at between 1 to
11% of the target area was cored and the rest trampled) and so few seeds were present
that an unrealistic sample size of cores would be required to detect their presence, if
there were seeds left at all. Instead specific attention was paid on the annual survey in
the second half of 2018 to record seedlings present.

Soil cores were also collected from six plants on the fringe of the infestation to
test whether isolated plants had a history of reproduction. Two methods were used:
either 10 soil cores were taken under the canopy, as described above, or the collection
and sieving of two or up to five samples of a 25 x 25 cm square of leaf litter and a
25 x 25 cm square of soil to 5 cm depth, also taken under the canopy.

Results

Annual surveys

Initial surveys in July 2012 covered three land holdings and identified 117 plants (Sup-
pl. material 1: Table S1). Of these plants 138 were >1 m in canopy diameter, and the
largest plant was over 11 m in diameter. The more detailed survey between Septem-
ber and December 2012 found 903 plants, of which most were seedlings and small
plants <1 m in diameter, over an area that covered 253 hectares and 6 landholdings
(Figure 1a). In 2013 the area within the main infestation was re-surveyed, capturing a
further 365 plants, mostly seedlings located within the canopy area of plants removed
in 2012. It required 59 person days, spread over two years (due to staff availability;
Suppl. material 1: Table S1) to survey, locate and kill all plants, which is why the results
for 2012-2013 are combined.

In 2014 the main infestation area was re-surveyed (Figure 1b) and subsequently
the main and buffer area was re-surveyed each year (Figure 1 c—e) yielding in total
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Figure 3. Comparison of number of bitou bush plants and seedlings found at Kwinana between 2012
and 2018. Plant size categories refer to maximum canopy diameter.

123 plants and 273 seedling plants over the four year period. Only 10 plants were
found in 2018. Most plants found each year were small or newly emerged seedlings,
but large plants that were greater than a year old were found, indicating that they were
missed in surveys from previous years (Figure 3).

Of the 1756 individuals, all but five were found in the main infestation area (i.e.
within 500 m of the putative population centre; Figure 1). Of these five, two plants
were found within the first 500 m buffer from the main infestation: (i) a large (4 m
canopy diameter) flowering plant in a nature strip, some 225 m from the nearest plant,
and (ii) a small seedling in a reticulated garden bed, 284 m from the nearest flowering
plant. Finding these two plants required expansion of the survey area a further 500 m.
One plant was found in this third buffer zone (i.e. 1000 to 1500 m from the popula-
tion centre), but as this plant was in a nature corridor (area where original vegetation
including trees had been retained), and therefore an obvious dispersal route due to
birds, the survey was extended along the nature corridor. This survey found two more
plants. The discovery of these last two plants required a further redesign of the delimi-
tation area so another 500 m and 1 km buffer specifically around these two plants was
delimited and surveyed (see Scott and Batchelor (2014) for maps showing the sequen-
tially increasing buffer areas).

The five individuals outside the main infestation area were found in the 2012 survey.
In 2015, four plants were found growing in close proximity to where one of the five
plants was killed in 2012 (location of plant number 624, on the southern end of the dis-
tribution; Figure 3 in Scott and Batchelor (2014). Upon closer inspection, all four plants
had regenerated from the layering of stem material removed in 2012. None of the four
plants had any evidence of seed production based on the absence of seed coat fragments
in the soil. A large number of seedlings were found within the main infestation area in
2015, indicating conditions were more favourable for seed germination relative to other
years (Figure 3). See also Suppl. material for results of live versus dead plants.
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Survey effort and area

The number of plants found per unit of effort steadily decreased over the sampling peri-
od, which up to this point in the program has come to a total of 97 person days of surveys
(Suppl. material 1). Extrapolating from the declining plant detection records indicates
that there should be few plants found beyond 2019 (Figure 4a). The number of plants
also decreased with the area searched each year (Figure 4b), similarly suggesting that few
plants will be found after 2019 if there are no further additions to the soil seed bank.
The average size of plants found each year steadily decreased from 2012 to 2016
(Figure 5). In 2017, unseasonal summer rain (> 100 mm in February) and mild sum-
mer temperatures were likely responsible for the unusually high increase in the annual
growth (diameter and height) of plants found (Figure 5). Over all survey years from
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Figure 4. Number of bitou bush found with exponential decay trends represented (@) per person day
effort (Y = 29.54021% R? = 0.54, df = 6, p < 0.05) and (b) per ha searched (Y = 14.167%, R? = 0.91,
df =5, p < 0.01).
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Figure 5. Canopy diameter (a) and height (b) for bitou bush plants in the Kwinana population between
2012 and 2017. Box plots depict median values with 10%, 25%, 75% and 90 percentiles. Results from
2018 are excluded as there were few individuals recorded and not all were measured.
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2012 to 2017, nearly 70% of all small plants (canopy area < 1 m diameter) and seed-
lings were found directly underneath or within 1 m of the location of a large plant (a
plant with canopy diameter > 1 m; Figure 6). Of the remaining 30%, approximately
25% were found more than 1 m from a previously removed large plant and 6% were
> 10 m from a previously removed large plant, indicating likely vector dispersal (Fig-
ure 6). The maximum distance between a seedling and large plant was 284 m. These
measurements do not factor in the distance between the large plants found south of
the main infestation area, as they were all either large or layered plants that had not
produced seed (based on seed bank assessment).

Capitula in flower or seed

The timing of plant surveys to coincide with optimal detection meant that bitou bush
was not usually in the peak of flowering. Bitou bush produces flowers throughout the
year (Scott 1996), with a peak in June to September. We were unable to determine the
flowering phenology and reproductive output of plants because the primary objective
was to kill plants as soon as found, preventing further seed set.

Aerial photography surveys

Examination of aerial photography in 2016 occurred after the majority of foot surveys
had been completed. We focused on areas to the north of the study area that had eye-
height vegetation difficult to survey. Plants that could potentially be bitou bush were
identified and located i situ. All were Schinus terebinthifolia Raddi. In 2018 a survey
of aerial photography was made of the entire survey area (Figure 1f) and adjacent areas
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Figure 6. Distance of seedlings from the centre of the nearest large bitou bush canopy (> 1 m in maxi-
mum diameter). Average distance over the population 7.7 * 0.7 m. Maximum distance was 284 m.
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(369 ha in total). This virtual survey systematically grid checked photos of the study
area over two hours. Ten potential bitou bush were identified. Ground searches found
that none were bitou bush, being instead Acacia, Eucalyptus or Schinus plants.

Plant removals

All plants discovered during the six surveys between 2012 and 2018 — a total of 1766
individuals - were killed as part of the control program (Suppl. material 1: Table S1).
Seedlings that most likely germinated in the 12 months preceding the annual surveys
comprised 61% of the plants. Many plants were still quite small (i.e. < 1 m in maxi-
mum canopy diameter), but these were often observed with flowers, despite probably
germinating between 12 and 24 months preceding the survey. Overall 9% and 4%
(61) of plants respectively had canopy diameters greater >1 m and > 3m. Most of the
plants were weeded by hand, though a number were sprayed by herbicide (arranged by
landholders) or removed by heavy machinery.

Seed bank studies

Seeds were consistently found in soil cores taken under the plant canopy (Figure 7).
However, no intact seeds were found in the soil cores that were taken 1 m from the
perimeter of the plant canopy in 2013, indicating that most seeds remained within
the canopy area or vectors transport the seeds beyond this short distance (potential
vectors are listed in Suppl. material 1: Table S2). Of the nine original plants that
were able to be sampled for seed bank studies throughout the project, the viable
under-canopy seed bank averaged 39.3 + 11.4 seeds.m™ in 2013, decreasing to 5.7
+ 2.2 in 2017 (Figure 7).
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Figure 7. Density of viable seeds in the bitou bush seed bank at Kwinana between 2013 and 2017. Ex-
ponential decay trend (dotted line): Y = -0.72e*4%, R* = 0.76, df = 4, p < 0.05.
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Discussion

Source of the infestation

Bitou bush was possibly originally introduced into Australia in ship ballast, but was
planted in the 1940s to 1960s for dune stabilisation in New South Wales (NSW) (Weiss
etal. 2008). It is not known for certain how the Kwinana population arrived in Western
Australia, but based on plant size (Scott 1996) and the presence of bitou plants in aerial
photography (Scott et al. 2019) it is certain that they were present at Kwinana in 1995
(17 years before detection in 2012). The Kwinana area has well established transport
linkages to NSW, through the use of the port area by Broken Hill Propriety Co. Ltd un-
til April 1995 (BHP Steel International Group — Rod and Bar Products Division 1995).
Another of BHP steel’s sites at the time was Port Kembla, NSW, an area with an abun-
dant bitou bush infestation (Love 1986). We hypothesise that that transport of goods
between Port Kembla and Kwinana enabled the introduction of bitou bush seed. The
other alternative is for plants to have arrived from southern Africa by ship and somehow
been transported to shore, but at this stage we have not identified a putative vector.

It might be expected that the foci of the invasion would result in larger plants
clustered together. But this is not the case, except for two of the largest plants near the
old jetty. It is possible that a single point of introduction occurred and that some of the
initial plants that germinated were planted as part of gardens that are now abandoned
(bitou bush was used as a dune stabilizing plant). Molecular studies will be the best way
to elucidate the origins of the Kwinana population, and may provide useful biosecurity
guidance depending on the putative source population(s).

The most likely dispersal vectors for bitou bush seed in the population were foxes,
mice, doves and parrots (Suppl. material 1: Table S2). No birds were observed on the
bushes during the entire period of surveys, but bees were seen visiting flowers. Else-
where in Australia and southern Africa, seed dispersal is mainly by birds and some
mammals ingesting fruits and carrying seeds to new locations (Gosper 1999; Meek

1998; Weiss et al. 2008).

Current versus past presence of bitou bush

While it is possible that some plants could have disappeared from the population as
part of site works, the documented history of little change to the landscape, in particu-
lar in the main infestation area, indicates that we have located every plant to have ever
been present, both in space and time (excluding seeds and small seedlings of course).
This conclusion is supported by the aerial photography which did not show additional
plants in the past. It is also reasonable to suggest that all plants that have ever germi-
nated and survived past the seedling stage are included in this study. The level of tem-
poral and spatial population data collected here opens the possibility of modelling the
invasion process once we have a better knowledge of the breeding system and number
of introductions, as indicated by a study of the genetic diversity.
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Bitou bush missed and subsequently found in surveys

The reduction in the number of new plants found in the most recent survey in 2018
is encouraging, but the discovery of large plants clearly missed in earlier surveys is
of concern to all involved in the control program. The 2018 survey discovery of two
bitou bush plants completely contained within the canopy of a large Acacia cyclops
emphasised the role of detectability in eradication programs (Cacho et al. 2006;
Regan et al. 2006). These similarly sized bitou bush plants probably germinated in
2013-2014, had grown underneath the acacia canopy and were not visible before
about August 2017 (the area was surveyed each year; date of detectability within the
acacia canopy based on aerial photographs). These discoveries show that despite experi-
ence and strategically planned and comprehensive surveying, plants can be difficult to
find amongst other vegetation with similar leaf and flower colour (e.g. Acacia saligna
and Nicotiana glauca). It also seems possible that a highly favourable climate over sum-
mer (e.g. the summer of 2016-2017) facilitated the growth within a year of previously
undetectable small plants into larger flowering individuals.

Seed bank studies

The exponential decay of viability in the sampled seeds over 5 years shows a similar
pattern to most seeds after a disturbance (e.g. soil cultivation); a peak in germination
followed by steadily declining viability over time (Long et al. 2014). There was no sig-
nificant decrease in seed viability in 2015-2017. However, extrapolation of the trend
line indicates that the seed bank would not be completely depleted until at least 2020
or perhaps longer (Figure 7), depending on a number of caveats and assumptions.

The same pattern of seed distribution seen at Kwinana (i.e. large numbers of seed
under the canopy, none 1 m away from the canopy) was observed over 12 sites in the
native habitat of C. monilifera in South Africa (Scott 1996). The most striking differ-
ence between the seed bank at Kwinana population and the seed bank in South Africa
(Scott 1996) is the absence of specialised seed predators at Kwinana. One of these
(Mesoclanis sp.; Diptera) is now used as a biological control agent in eastern Australia
(Edwards et al. 2009). In contrast, the South African populations of bitou bush had
a low level of rodent predation, whereas this occurs in the Kwinana population at a
frequency of about 1 to 3 seeds per m”.

Seed production by isolated plants

No seed fragments were found in the soil in samples taken underneath the six plants
on the outskirts of the infestation (yellow dots; except 791 and 792; Figure 2), despite
these plants having flowered prior to the survey period. However, in 2018 seeds were
found on two plants found growing together, hidden inside an Acacia plant (791 and
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792 in Figure 2). No seed or seed fragments were found in the soil underneath these
plants, indicating that seeds had not been produced in previous years. When found in
April 2018, these two plants were in flower (which is why they were detected) and seed
production had commenced. Mature seed still attached to the plant and covered with
the dried remains of the fruit had 100% germination (sample of 10 seeds). All seeds on
these plants were collected, but that does not exclude the possibility of seed dispersal
by vectors such as birds. One other plant in 2018 had a few seeds, but a nearby plant
for potential cross-pollination was not found.

Taken together, these observations provide circumstantial support for bitou
bush being an obligate outcrossing species, perhaps with a very low level of self-
ing. Gross et al. (2017) performed cross pollination experiments on six populations
from eastern Australia and found that in all populations bitou bush was an obligate
outcrossing species. This implies that invasion would be more difficult than if the
species was self-fertile (Baker’s law; Baker 1955), although there are many examples
of colonists with obligate outcrossing and the ideal of a “law” is questioned (Pan-
nell et al. 2015). The key to this issue in the case of bitou bush is dispersal vectors.
If seed and fruit size are a sufficiently small “package” at consumption so that more
than one seed is deposited in the vector’s droppings, and/or if there are perch sites
that are frequently visited, then the requirement for outcrossing is unlikely to be a
constraining factor because the chances are high that more than one plant will be
growing in the same location.

Seed germination affected by allelopathy

While there has been a steady decline in the seed bank, a spike in seedlings in 2015
(Figure 3), indicates a possible wearing-off of allelopathic effects that prevent germina-
tion under the parent bush. Ens et al. (2009) found bitou bush roots and leaves to be
phytotoxic and allelopathic when applied to five native species, and the root extracts
are likely to have a long residence time in soil, particularly soils with little humic matter
such as in the sand dunes. Structured germination trials would be required to confirm
that allelopathy plays a role in germination inhibition in bitou bush.

Seed bank longevity

There was an average of 39.3 viable seeds per m? under bitou bush canopies in at the
beginning of the management program in 2013. The number of plants that were large
enough to be reproductive came to 151, representing a total canopy area of 1670 m?
at the Kwinana site. Multiplying the seed density by the canopy area gives a total of
65,629 seeds in 2012. Using an exponential decline function (Figure 7) and extrapo-
lating forward, the first year with zero seeds is 2020. There are a lot of assumptions
in this calculation, including no further input into the seed bank, and an absence of
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bird dispersed seed. Indeed, while most seed production ceased in 2012, seeds were
produced in 2018 on three plants, and there is a remote possibility of seeds entering
the seed bank that year. Even so, the density of seeds is now so low that sampling via
soil cores to assess seed bank viability has become unfeasible. Extrapolating from earlier
core data (Figure 7) indicates that there is potentially a long tail of viable seeds (at low
density), for at least another three to four years.

Seed viability over time for bitou bush is known to be variable. In this study, seed
collected in 2012 and stored in the laboratory did not germinate in 2018 (unpublished
results, bearing in mind the difficulty of extrapolating results generated in laboratory
conditions to field situations). In eastern Australia, bitou bush seeds have remained
viable in the soil for up to seven years (Kristine French, pers. comm.). However, sur-
veys, such as currently practiced, will detect germination from the seed bank either
as seedlings in the year of germination or as plants in the following year when they
are more obvious. Taken together, these results indicate that seed longevity data from
lab trials or natural populations (native or introduced) elsewhere may not apply to
the Mediterranean environment of the Kwinana population. More complex modelling
of seed bank decline trajectories and their uncertainties may produce a more robust
understanding of required monitoring timelines for bitou bush at Kwinana. With the
information currently available, a more realistic estimate is that the Western Australian
population could persist via a viable seed bank until at least 2024. As such, monitoring
and active management until this time is essential for achieving eradication.

Has delimitation been achieved?

Knowledge of the spatial and temporal extent of a weed’s incursion is critical to any
eradication effort (Panetta and Lawes 2005). Very few weeds have been eradicated from
Australia, with most cases failing because the spread of infestations to areas well outside
the target area. While it is not possible to say with absolute certainty that delimitation
of bitou bush has been achieved in Kwinana, as there are many avenues where soil
potentially containing seed could have moved offsite (Scott and Batchelor 2014), it
is very encouraging that no bitou bush have been found in Western Australia outside
of the known infestation area (Figure 1) in the seven years since first detection. The
conclusion is reinforced by the non-detection of bitou bush in widespread monitoring
in Western Australia for the other subspecies in Australia (boneseed Chrysanthemoides
monilifera subsp. monilifera; see Figure 2 in Scott and Batchelor (2014)).

Feasibility of eradication

Bitou bush is subject to localised eradication to implement broader containment at the
southern and northern extremes of its range in eastern Australia. These management
programs have achieved mixed results. At the southern end in Victoria, bitou bush
has been eradicated from two locations, Kew and Frankston (Adair and Butler 2010),
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although the current view on this is that local eradication may not have been achieved
(Royal Botanic Gardens Victoria 2017). Two further populations, Daveys Bay and
Mallacoota, are undergoing eradication, with Mallacoota well advanced (in 2010).
An extra challenge for the Mallacoota population is the hybridization with the sibling
species, C. m. subsp. monilifera (boneseed; Adair and Butler 2010). The Victorian
eradication is complemented by a “containment line” in southern New South Wales
(Cherry et al. 2008).

Queensland has had a long running eradication and containment program against
bitou bush in the northern extent of its range, starting in 1982. After 10 years of
control effort the 700 ha infestation was reduced to a few small infestations. By 2007
few scattered plants remained which are removed in annual surveys. Effectively this is
a containment program to limit spread to the north (Wilson et al. 2017), which will
need to run forever given the large population of bitou bush just to the south in New
South Wales (Cherry et al. 2008). Recently Behrendorff et al. (2019) described pro-
gress since 1982 towards eradication of bitou bush on K’gari-Fraser Island in south east
Queensland, where the plant is at the limits of its northern expansion. While the seed
bank was not measured, counts of seedlings recorded each year at one fixed location
indicated a potential seed survival of six years. However, a delimitation survey was not
described and bitou bush plants were still being found after 20 years of survey.

Aside from Behrendorff et al. (2019) there is little published quantitative data
from these eradication programs (a general problem of eradication projects noted also
in New Zealand; Howell 2012), which makes it difficult to adopt lessons learnt or to
take on improvements to techniques, or even to estimate how long eradication will
take (and consequently the cost). The lack of such data to inform areas for improving
management was raised as a priority by Wilson et al. (2017). In 2018 bitou bush is
still managed as an eradication target in Queensland (Queensland Department of Ag-
riculture and Fisheries 2018) and in Victoria (Royal Botanic Gardens Victoria 2017).

Indicators that eradication could be achieved in Western Australia, at least locally
in Kwinana, are the decline to zero observed seedlings in 2018 and substantial areas
where plants have not been seen for three years (Figure 1 d,e,f). Likewise, the decline in
plants detected per hectare and per day of sampling effort also indicate that eradication
could be achievable within a few years. The overall survey area was about 250 ha, well
within the maximum feasible survey area (1000 ha) for which Panetta and Timmins
(2004) and Rejmanck and Pitcairn (2002) indicate eradication could be achieved.
Supporting this are the soil seed bank studies indicating that the number of viable
seeds is approaching zero. Also supporting the feasibility of eradication is bitou’s repro-
ductive system, where it appears that cross pollination is necessary (Gross et al. 2017).
This means that isolated plants can become large enough for detection, often by the
presence of flowers, without the risk of contributing to the seed bank.

The main counter indication against feasibility of eradication is the continued de-
tection each year of a few large plants, especially the detection in 2018 of two repro-
ductive individuals (791 and 792, Figure 2), which potentially resets the clock of seed
persistence. Detectability is a critical element of an eradication project (Panetta and
Timmins 2004). Monitoring over the next couple of years will establish if detectability
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is the main risk. It is evident that small plants (or seedlings) are not always detected
during the surveys, but are detected when emerging through the surrounding vegeta-
tion. Plants also come into flower within a year (Weiss et al. 2008). Early flowering has
been noted in other eradication targets (Panetta 2015), resulting in the need to change
survey frequency. Annual surveys in March or April still remain the best way of detect-
ing these plants before seed set. Finally, a contra-indication for eradication continues
to be the inability to detect small plants in aerial surveys. In addition, the eradication
effort is made complicated by the multitude of landholders, unmanaged land where
the vegetation is dense, and the inability to use fire as a management tool because of
the proximity of petro chemical plants. Fire forms an important part of bitou bush
management in eastern Australia (Lindenmayer et al. 2015).

Eradication program feasibility insight

The area of occupancy for bitou bush in Western Australia was small, and delimitation
was defined early and has not changed despite the possibility of seed being moved by
soil (Scott and Batchelor 2014). The ongoing delimitation of this population continues
to be a critical element defining the eradication attempt and making possible the plan-
ning for surveys (Panetta and Lawes 2005). Initially we thought the target species would
be easily detected among other vegetation, but that proved to be overly optimistic. A
range of survey techniques, including aerial photography, was required to achieve neces-
sary detection probabilities. The soil seed bank confounds the detection process because
it is out of sight, but must be measured to establish that decline is occurring. Ongoing
population recruitment via seedlings does not give this information, as germination is
dependent on a wide range of factors that vary between years (Long et al. 2014). For-
tunately, the infestation was not far from the main city, which reduced the costs of the
management program. It remains to be seen if sufficient resources are available for the
full eradication program, especially in the final stages when additional resources and
care is required because the target abundance is very low (Wilson et al. 2017).
Buddenhagen and Tye (2015) list five barriers to achieving eradication based on a
review of work carried out on the Galapagos Islands. In the following the barriers are
assessed against the situation with bitou bush. Barrier 1 (insufficient effort) does not
appear to be the case (Figure 4). There is a considerable literature on control of bitou
bush so Barrier 2 (no control technique) is not likely. Barrier 3 (permission) is particu-
larly relevant given the range of tenure at Kwinana (Scott and Batchelor 2014) and
access to highly secure areas is an ongoing annual challenge, complicated by change in
land ownership and changes in personnel. Barrier 4 is size and time. Both continue to
be relevant, especially now that the plant (and seeds in the soil) have become rare at the
study area and the danger of a false sense of confidence threatens ongoing investment
to pursue the eradication program to an appropriate end point. Barrier 5 (available
resources) will continue to be an issue as it is for any management strategy. Lastly,
Barrier 6 (commitment and understanding) is possibly the most important and least
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quantifiable, and one where the strength of the collaboration between land managers
and those leading the eradication program is critical.

How will we know that eradication has been achieved?

Of course we can never be certain that eradication has been achieved. Surveillance will
need to continue once there are no plants at the infestation site and it will take some
years before eradication can be confidently declared (even if uncertain). Various time
periods have been proposed such as three years, based on a review of all eradication
programs in New Zealand (Howell 2012) to five years (Rejmanek and Pitcairn 2002).
Another reasonable suggestion is to monitor for the same duration as the seed bank lon-
gevity (in this case six to seven years; Dodd et al. 2015). The New Zealand experience is
that eradication is more difficult than initially anticipated, so it would be wise not to un-
der-estimate the resources and duration required (Howell 2012). Economic criteria have
been proposed to define where monitoring stops, when the expected costs outweigh the
expected benefits (Regan et al. 2006; Moore et al. 2011), but can this be meaningfully
applied to weeds where the main impact is on the environment? Once we have zero
plants present in annual surveys then we can realistically start to estimate the duration
to eradication, for example, using methods such as developed in Rout et al. (2009).

Reflecting on one of the few successful weed eradications, Bassia scoparia in West-
ern Australia, the plant was detected for eight years after the program began. Surveys
concluded at each site if the plant was not detected for three years (Dodd and Randall
2002). However, B. scoparia was known to have short lived seeds, in the order of 1-3
years, with the soil seed bank largely exhausted after 12 months (Dodd and Randall
2002). Bitou bush in Western Australia can hope for a similar level of success, if the
commitment to management of this population is maintained.
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Abstract

This paper estimates the ecosystem services return on investment in government control of the introduced
European wasp (Vespula germanica) in the state of Western Australia. The predictive model used accounts
for uncertainties in the spread and impact of V. germanica on provisioning ecosystem services, represented
by pollination, apiculture and viticulture, and cultural ecosystem services represented by households. Re-
sults produced by simulating a 20-year period suggest government expenditure on management will gen-
erate net benefits of AU$3.2-6.3 million per year, most of which will accrue to producers of pollination-
dependent crops. This provides justification for investment from the government’s agriculture portfolio to

manage an insect often thought of as an urban pest.

Keywords
Benefit cost analysis, economic impact assessment, ecosystem service impact, European wasp, German

wasp, pest management, pollination services, Vespula germanica, yellowjacket

Introduction

European wasp (Vespula germanica) is an agricultural, environmental, and urban pest first
introduced to the Australian state of Western Australia (WA) in the 1970s. To support the
investment of public funds on the control of this pest, this paper estimates ecosystem ser-
vice benefits attributable to ongoing WA government management activities. Ecosystem
services are benefits provided by ecosystems, including provisioning services like pollina-
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tion and food, cultural services such as outdoor recreation, and regulating services such as
flood mitigation (Costanza et al. 1997; Millennium Ecosystem Assessment 2005). This
analysis focuses on avoided disruptions to provisioning services in the form of pollination,
apiculture and viticulture, and cultural services in the form of household recreation.

Since the 1940s, V. germanica has spread from its native range in Europe and the
Mediterranean region to North America, Chile, South Africa, New Zealand, and Aus-
tralia where it has become invasive (Centre for Agricultural Bioscience Information
2017). The first detection in Australia occurred in Sydney, New South Wales in 1954
when hibernating queens were discovered on timber imported from New Zealand and
destroyed (Chadwick and Nikitin 1969; Lefoe et al. 2001). The wasp then became es-
tablished on the island state of Tasmania in the late 1950s (Bashford 2001). However,
nests were not discovered on mainland Australia until the late 1970s (Smithers and
Holloway 1977, 1978). By the early 1980s, V. germanica had spread to Victoria and
South Australia (East 1984; Crosland 1991).

The first WA detection occurred in 1977 when six nests were discovered in the
Freemantle port area and eradicated (Crosland 1991). Further introductions occurred
in the early 1980s, and the wasp has now been reported every year since 1984 (Ten-
nant et al. 2011). Over this period, WA’s Department of Agriculture and Food, now
the Department of Primary Industries and Regional Development (DPIRD), has used
targeted and passive surveillance techniques to detect and destroy wasp nests. Over
700 V. germanica nests have been destroyed across the south-west of the state, largely
concentrated around the greater metropolitan Perth area (Tennant et al. 2011).

As with most government departments, DPIRD activities are highly scrutinised
because of opportunity costs created with every funding decision. There is a tendency to
consider state government money invested in V. germanica control as only creating social
benefits in urban areas at the expense of agricultural and developmental opportunities
(The Advertiser 2015; Williams 2015). While removing a public nuisance and human
health concern is perceptible to the public, other more subtle benefits to pollination
services, fruit growers, and beekeepers have not garnered the same amounts of attention
when it comes to funding decisions. This paper shines a light on some of the less-visible
benefits of V. germanica control by estimating their monetary value over time.

The premise of the paper is that without DPIRD’s activities the population of wasps
and their colonies are likely to grow rapidly. Mild winter temperatures and the sandy soil
of the Swan Coastal Plain on which Perth is located make the area well suited to nest
building. Overwintering nests can reach large sizes by the following summer and produce
thousands of new queens (Tennant et al. 2011). This would reduce pollination services
to horticulture and broadacre crops as V. germanica attack wild European honeybee (Apis
mellifera) hives. Attacks on managed hives will also affect apiculture, and wasps feeding
on fruit will affect industries like viticulture (Clapperton et al. 1989; Maclntyre and Hell-
strom 2015). These agricultural impacts are considered alongside household costs, which
will rise due to the need to remove nests and avoid disruption to recreational activities.

This paper estimates the difference in ecosystem service costs under two scenarios,
one in which V. germanica management in its current form is ongoing and the other in
which all government efforts to manage the wasp are halted. A bioeconomic model is
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used to estimate damages under both scenarios over a 20-year period and, thus, dam-
ages avoided by ongoing V. germanica management. Despite being relatively simple, the
model sufficies to provide indicative benefits of the management policy. Benefit esti-
mates are then compared to the costs to government of providing management services
to indicate the return on investment. All monetary values are stated in Australian dollars.

Materials and methods

Cost and revenue implications

To predict ecosystem service effects resulting from Vespula germanica spread over time
under management and nil management scenarios, impacts on three provisioning eco-
system services and one cultural ecosystem service are considered.

L. Pollination impacts

Apis mellifera was introduced into Australia soon after the arrival of the first Europeans
and has become widespread (Cunningham et al. 2002; Paton 1995). In WA, A. mellif-
era has no competitors of comparable efficiency, so insect-pollinated crops receive a
high level of service from feral A. mellifera. Vespula germanica has the propensity to
severely deplete honeybee colonies, placing feral or unmanaged hives at particular risk
(Clapperton et al. 1989). This imposes a cost on pollinator-reliant crops, particularly
horticultural crops. The crops used to predict the cost of pollination disruption from
V. germanica and their pollination reliance appear in Table 1.

II. Apiculture

Managed A. mellifera hives are affected by ‘raiding’ behaviour of expanding V. germanica
populations. There are approximately 28,500 managed hives in WA producing over 1,600
tonnes of honey worth $4.9 million per year (Australian Honey Bee Industry Council
2014). Beckeepers in areas where V. germanica are present must perform management
actions to prevent managed hives from being destroyed. These include replenishing bee
stocks that have been raided and feeding replacement bees on a sugar mixture to bring
them to a productive level of health as rapidly as possible (MacIntyre and Hellstrom 2015).

I11. Viticulture

Vespula germanica damage grapes and introduce foreign yeasts that can interfere with
the fermentation process (Bashford 2001). Damage caused by wasps hollowing out fruit
can be particularly severe, with yield losses of 10—15% having been reported in vine-
yards in the states of South Australia (Goodall and Smith 2001) and Victoria (Thomas
1993). In areas affected by V. germanica, additional costs are imposed on vineyard
managers due to the need to bait to control wasp numbers and reduce damage to fruit.
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Table I. Insect-pollinated crops in Western Australia.

Crop Area’ (ha) Volume' (T) Gross Value® ($ million) Pollinator reliance® (%)
Almond 210 145 1.5 100
Avocado 8506 24621 118.4 100
Blueberry 23 81 1.8 100
Canola 1093647 1327849 730.0 15
Citrus 1436 13282 27.0 30
Cucumber 238 4028 17.8 100
Lupin 331493 457262 158.4 10
Mango 840 1424 8.1 50
Melons 591 16076 20.4 100
Pome fruit 2981 38802 98.4 50
Pumpkin 1114 18774 16.9 90
Stone fruit 298 8039 26.1 70
Strawberry 194 5112 42.5 40
TOTAL 1441571 1915495 1267.3

TABS (2018b); *ABS (2018¢); SCunningham et al. (2002).

IV. Households

Vespula germanica is a serious household pest in warmer climates where breeding and
nest construction continue throughout the year, resulting in large summer colonies
containing many thousands of individuals (Tennant et al. 2011). Health statistics re-
lated to wasp stings are lacking. Although no fatalities attributable to the insect report-
edly occurred in the period 1979 to 1998 (McGain et al. 2000), the nuisance value
associated with large colonies near homes is assumed large enough to motivate house-
holders to invest in private pest management services in the absence of government-
provided services. The cost of such services is assumed to be $200-250 per nest in
the nil management scenario (FUMAPEST Pest Control 2018), and zero under the
management scenario in which the WA government incurs the cost.

Uncertainty and spread prediction

Vespula germanica impacts over time are approximated using a Monte Carlo simula-
tion model. The main purpose of the model is to provide the benefit component of
a benefit cost analysis to inform DPIRD managers of likely returns to investment in
V. germanica management activities. However, the model also required sufficient detail
to gain traction with these managers, and to produce spread scenarios they considered
plausible given their experiences with the pest.

The Monte Carlo model simulates a 20-year period. Uncertain parameters are en-
tered as distributions and a Latin hypercube sampling algorithm used to sample from
each using the @Risk software package (Palisade Software, Ithaca, New York). Param-
eter distribution types used in the model include: (i) PERT, a type of beta distribution
specified using minimum, most likely (i.e. skewness), and maximum values; (ii) uni-
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Table 2. Pollination parameters.

Parameter Nil management Management
Biological
Infestation growth, o, (unitless) 0.33-0.83 0.22-0.33
Maximum proportion affected, I'Imax (%)* Uniform(20,30) Uniform(20,30)
Minimum proportion affected, [‘.mm (%)* 0.01 0.01
Proportion of I affected at £%, 6; (%)’ 15-100 15-100
Time taken for 6; to be affected (yr)" Uniform(10,20) Uniform(20,30)

Economic

Demand elasticity, n®
Discount rate, v (%)*
Increased variable cost, V,
Inflation rate, ¢ (%)

Price of per unit, P, ($/T)*

Yield loss despite control, Y, (%)%

Uniform(-1.1,-1)
Pert(2,5,7)
0
Pert(1.5,2,2.5)
Almond 10300

Uniform(-1.1,-1)
Pert(2,5,7)
0
Pert(1.5,2,2.5)
Almond 10300

Avocado 4800 Avocado 4800
Blueberry 22700 Blueberry 22700
Canola 500 Canola 500
Citrus 2000 Citrus 2000
Cucumber 4400 Cucumber 4400
Lupin 300 Lupin 300
Macadamia nut 5100 Macadamia nut 5100
Mango 5700 Mango 5700
Melons 1300 Melons 1300
Pome fruit 2500 Pome fruit 2500
Pumpkin 900 Pumpkin 900
Stone fruit 3200 Stone fruit 3200
Strawberry 8300 Strawberry 8300

Uniform(8,10)

Uniform(8,10)

"See eq. A2 and explanation. The infestation growth constant w is determined by specifying a proportion of a stock
infested, 0, and the amount of time taken for this proportion to be reached ( #). Assume it will take V. germanica 10-20
years to achieve an infestation rate of Uniform(10%,20%) in the nil management scenario, and 20-30 years in the
management scenario.

*Based on pollinator reliance figures in Free (1993) and Cunningham et al. (2002).

S Ulubasoglu et al. (2011).

¢ Commonwealth of Australia (2006).

TABS (2018a).

# ABS (2018b; 2018¢).

SClapperton et al. (1989). New Zealand data on the percentage of hives destroyed is used as a proxy for the loss in
pollination services from wild (or unmanaged) A. mellifera hives depleted by expanding V. germanica populations.

form, a rectangular distribution bounded by minimum and maximum values; and (iii)
discrete, a distribution containing several discrete outcomes and their probabilities of
occurrence. Biological and economic parameter values appear in Tables 2—5.

To describe changes in V. germanica impacts across multiple regions, the logistic
model of Schaefer (1957) is modified to so that the length of time taken to affect horti-
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culture pollination, apiculture, viticulture, and households can be specified. This mod-
el is combined with a measure of the marginal damage cost to simulate losses related to
V. germanica over a 20-year period under nil management and management scenarios.
The model assumes that the proportion of a sector 7 (i.e. horticulture, apiculture,
viticulture, households) affected in period 7 (S.) increases over time following the lo-
gistic equation:
e

Sit = ‘S‘lrna.X max (1)

1+ (L—_1)e @it
min
L

Here, S is the total size of sector 7 affected (i.e. in number of ha for horticulture and
viticulture, the number of hives for apiculture and the number of residences for house-
holds); 7™ is the maximum proportion of sector 7 affected; /™" is the minimum propor-
tion of sector 7 affected, and; w, is the rate at which V. germanica moves from ™" to 1™,
In the absence of information about w, a hypothetical impact growth rate is used deter-
mined by the number of time periods taken for V. germanica to affect a given propor-
tion, 0., of $™ such that:

. max_g; ()
wi — —telln llTaXl
)

min
I

Here, 0 is a specified proportion of S affected and #” is the number of periods
(years) taken for V. germanica to reach 0.. The values and distributions assigned to each
parameter in each sector are provided in Tables 2-5.

Validation of the model for all sectors in both scenarios is not possible due to a lack
of data. No data exists for a nil management scenario as V. germanica has been man-
aged since it was first detected in WA, but data relevant to the management scenario
are available from DPIRD for the past 20 years (1999-2018). These data include all
reported and detected instances of wasps responded to by DPIRD over time, and given
the majority of activity has occurred in the Perth metropolitan area they are used as a
proxy for numbers of households affected. This allowed a rudimentary validation of
the model to be undertaken as it applied to the household sector using visual assess-
ment and deviance measures.

Visual assessment involved a graphical display of the data and model simulation out-
put being shown to two experts involved in the DPIRD management project. They were
presented with a diagram similar to Figure 1 and asked to comment on the apparent fit
of the model. Both experts were reasonably comfortable that most of the data points
fell within the range produced by the model and that those points that fell outside the
model range were due to extenuating circumstances (i.e. chiefly the period 2003-2005
when several nests were missed, enabling a build-up that persisted over several years).
However, one expert expressed concern at the upward trajectory of households affected
by wasps and the negative perception on the management team’s performance.
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Table 3. Apiculture parameters.
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Parameter Nil management Management
Biological
Infestation growth, o, (unitless)” 0.31-0.61 0.2-0.31
Maximum proportion affected, [;mx (%)* Uniform(8,10) Uniform(8,10)
Minimum proportion affected, I'Imin (%)° 0.01 0.01
Proportion of " affected at ¢%, 0;, (%) 5 5
Time taken for 6; to be affected (yr)" Uniform(10,20) Uniform(20,30)
Economic
Demand elasticity, n* Uniform(-1.1,-1) -0.28
Discount rate, v (%)° Pert(2,5,7) Pert(2,5,7)

Increased variable cost, V, ($/hive)*

Inflation rate, ¢ (%)'"

Pert(25,30,50)
Pert(1.5,2,2.5)

Pert(25,30,50)
Pert(1.5,2,2.5)

Price of per unit, P, ($/hive) 170 170
Yield loss despite control, ¥, (%)* 0-10 0-10

¥See eq. A2 and explanation. The infestation growth constant  is determined by specifying a proportion of a stock
infested, #, and the amount of time taken for this proportion to be reached (). The maximum proportion of hives
affected is Uniform(8%, 10%) (Clapperton et al. 1989). Assume it will take V. germanica 10-20 years to achieve an
infestation rate of 5% in the nil management scenario, and 20-30 years in the management scenario.

#Ulubasoglu et al. (2011).

S Commonwealth of Australia (2006).

‘Maclntyreand Hellstrom (2015). Wasp management costsare based on survey response dataindicatinga positively skewed
distribution, Pert($0,$5,$25). Bee replacement costs consist of a 1kg pack of bees plusa queen (i.e. $60) and 25 kg of sugar
to build replacement bees up (i.e. $25 per hive). Yield losses are taken directly from survey response data (i.e. RiskDiscr
ete[(0,0.01,0.02,0.03,0.04,0.05,0.06,0.07,0.08,0.09,0.1),(0.27,0.11,0.1,0.15,0.03,0.11,0.07,0.02,0.03,0.04,0.07)]).
Costs consist of (i) wasp management costs, and (ii) bee replacement costs. Monetary values have been converted to
Australian dollars using an exchange rate of 0.93.

T ABS (2018a).

# Australian Honey Bee Industry Council (2014).

3.0%
B Observed —O—Simulated mean —A— Simulated 10%, 90% /

2.5%

2.0%

1.5%

1.0%

0.5%

Proportion of households affected

Figure 1. Visual validation plotting simulated and observed data of the proportion of households af-
fected by V. germanica over the past 20 years.
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Table 4. Viticulture parameters.

Parameter Nil management Management
Biological
Infestation growth, o, (unitless)” 0.3-0.6 0.2-0.3
Maximum proportion affected, [;mx (%)* Uniform(10,15) Uniform(10,15)
Minimum proportion affected, I'Imin (%)* 0.01 0.01
Proportion of [/mx affected at %, 6;, (%)° Uniform(5,9) Uniform(5,9)
Time taken for 6; to be affected (yr)" Uniform(10,20) Uniform(20,30)
Economic
Demand elasticity, 0 Uniform(-1.1,-1) Uniform(-1.1,-1)
Discount rate, v (%)° Pert(2,5,7) Pert(2,5,7)
Increased variable cost, V, ($/ha)* 145 145
Inflation rate, ¢ (%)'" Pert(1.5,2,2.5) Pert(1.5,2,2.5)
Price of per unit, P, ($/T)* 2500 2500
Yield loss despite control, ¥, (%) 0 0

See eq. A2 and explanation. The infestation growth constant w is determined by specifying a proportion of a stock
infested, #, and the amount of time taken for this proportion to be reached (#’). Maximum infestation of 10—~15% is ap-
proximated using anecdotal information from Goodall and Smith (2001) on yield losses in South Australian vineyards.
Assume it will take V. germanica 10-20 years to achieve an infestation rate of 5% in the nil management scenario, and
20-30 years in the management scenario.

#Ulubasoglu et al. (2011).

S Commonwealth of Australia (2006).

¢ Assumes vineyard managers use baiting to control wasp numbers. Bait costs of $95 for a pack of 5 are based on Wine
Tasmania (2018) and assumes bait stations are deployed at a density of 5 stations per ha per year. Assuming it takes 1
hour of labour per affected ha per year to deploy and manage bait stations, labour cost are approximately $50 per ha
per year.

T ABS (2018a).

#ABS (2018b) and ABS (2018c).

Statistical validation of the model is problematic as it is stochastic, producing a dis-
tribution for comparison to each observation. Moreover, only a single set of observed
time-series data is available to compare the model output against, which introduces an
autocorrelation problem. As a simple deviance measure test, the mean absolute error
(MAE) and mean absolute percentage error (MAPE) between observed and model
output were calculated using the mean of the simulated data. The MAE was 0.14%, in-
dicating predicted values for the proportion of households affected were an average of
0.14% from observed values. The MAPE was 8.3%, indicating prediction error is, on
average, 8.3% of the observed value. As a rule of thumb, a 10% MAPE is an approxi-
mate maximum limit for model acceptance (Kleijnen 1987; Mayer and Butler 1993).

Damage costs over time

The model estimates the ecosystem services damage (&) caused by V. germanica under
nil management (/™) and on-going management (4") scenarios. The nil manage-
ment scenario is constructed as a counterfactual to which a management policy can be
compared to determine the reduction in damages attributable to the policy over time.
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Table 5. Houscholds parameters.

Parameter Nil management Management
Biological
Infestation growth, o, (unitless)’ 0.41-0.82 0.27-0.41
Maximum proportion affected, 7" (%) 1 1
Minimum proportion affected, [lmin (%)* 0.01 0.01
Proportion of llmX affected at £, 0;, (%) 0.9 0.9
Time taken for 6; to be affected (yr)" Uniform(10,20) Uniform(20,30)
Economic
Demand elasticity, 7 na na
Discount rate, v (%)'JF Pert(2,5,7) Pert(2,5,7)
Increased variable cost, V, ($/h0useholc[)§ Uniform(200,250) Uniform(200,250)
Inflation rate, ¢ (%)* Pert(1.5,2,2.5) Pert(1.5,2,2.5)
Price of per unit, P, ($/T) na na
Yield loss despite control, ¥, (%) na na

See eq. A2 and explanation. The infestation growth constant w is determined by specifying a proportion of a stock in-
fested, 6, and the amount of time taken for this proportion to be reached (¢). Maximum infestation is approximated using
data from Crosland (1991) showing the number of wasp nests destroyed in Hobart and converting this to a percentage
of households using population data from McLennan (1997). Assume it will take V. germanica 10-20 years to achieve
an infestation rate of 0.9% in the nil management scenario, and 20-30 years in the management scenario. The number
of households in the Perth metropolitan area is assumed to be 818,100 (ABS 2017). Commercial structures are omitted.
#Commonwealth of Australia (2006).

SFUMAPEST Pest Control (2018).

fABS (2018a).

The difference between 4™ and 4™ is simulated over 20 years. The ecosystem ser-
vices damage cost of V. germanica in sector 7 in time period 7 under a nil management
policy (d,") is calculated as:

3
dil\gM = ?:1 Sil\tIM(YitPitNit + VitNit) ®)

where: 7 is the number of sectors affected by V. germanica; S," is the proportion of
sector i affected by V. germanica in period ¢ under a nil management policy scenario;
Y is the mean change in yield in sector 7 attributable to V. germanica in year £, P, is
the world price of product produced in sector 7 in year #; N, is the number of “units”
(i.e. ha, hives, residences) in sector 7 potentially affected by V. germanica in year #, and;
V. is the increase in variable cost per unit induced by V. germanica in sector 7 in year ¢.

The ecosystem services damage cost of V. germanica in a region i in time period #
under an ongoing management policy (4N") is calculated as:

dif = Xy SE(YiePieNig + VieNyy) (4)

where: S Mis the proportion of sector 7 affected by V. germanica in period ¢ if an ongo-
ing management policy is in place.
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For each sector that experiences yield effects from V. germanica, an estimate of
price, P, is given for the first time step of the model (i.e. P, , corresponding to the year
2018). This is the initial price per unit for an affected product, but its price will change
over time given that the demand for agricultural products is elastic (i.e. price increases
with relative scarcity, and vice versa). The price in periods after #, will be partially influ-
enced by the impact of V. germanica on production.

This price effect assumes the markets for affected products are protected, prevent-
ing perfect substitution of externally produced goods for those damaged by V. german-
ica. If WA markets were unregulated and open to free trade with suppliers from other
states and overseas, and if the WA industries contributed a relatively small amount
to global production, local prices of affected agricultural products would remain un-
changed in response to V. germanica spread and impact (e.g. James and Anderson
1998). However, WA is protected by state and national phytosanitary measures and
large distances separate its markets from external suppliers. Hence, reductions in local
supplies tend to raise local prices.

Predicted yield loss, Y, IV, , is used as a proxy for the V. germanica-induced re-
duction in sectoral output. This is combined with the lagged per unit price, P _, to

1

Y. A;

p, =P, [1 B ( it lt)] _
Gitn

calculate

Here, G, is the gross value of production divided by 100 and 7 is the elasticity of
demand for the affected commodity (i.e. the ratio of percentage change in quantity
demanded over the percentage change in price).

Returning to equations 3 and 4, 4™ and ™ accrue over time and are subject to
discounting. Discounting has an erosive effect on monetary values that increases with
time, meaning that the present value of one unit of damage caused in the present is
worth more than the same amount of damage caused in the future.

Applying an exponential discount rate, the present value of benefits anticipated
from an on-going management policy in time period # (PVB ") is estimated by sum-
ming 4 —d M across all affected sectors () in WA:

alM—aM 5
PVBY' = X, —(’*m)f] ©)

where v is the discount rate.

The net present value of the V. germanica management policy (NPB M) is calcu-
lated summing the difference between the present value of costs (PVCM) and PVB M
over 7 time periods:

NPVM = ym (PVBM — PvCM). (6)
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The benefit cost ratio for the on-going V. germanica management option (BCRY) is
calculated by dividing the summed PVB ™ over  time periods by the summed PVCM
over 7z time periods. Note that PVB ™ represents gross (as opposed to net) benefits (i.e.
PVBM = NPV M + PVC M),

pvBM
BCRY' = XLy W] @)

In the results section to follow, all costs and benefits are stated in Australian dollars.
NPVMand BCRM are given for a range of PVCM between $230,000 and $250,000 per
annum over a period of 20 years. This range approximates the total amount spent by
DPIRD in the past several years, and is indexed to the inflation rate. This means that
PVCMis fixed in real terms and nominal costs (CM) increase at the inflation rate (1) over

pvcH

time (i.e. ¢M = o ).

Results

Ecosystem services damage predicted by the model under the nil management scenario
(i.e. 4™, eq. 3) and on-going management scenario (i.e. 4™, eq. 4) for each sector
are shown in the box-whisker plots in panels A-D of Figure 2, while panel D shows
aggregated ecosystem service damages under both scenarios. In each panel, damages
over time under the nil management scenario increase initially as Vespula germanica
spreads, but then begin to decrease due to the effects of discounting (Epanchin-Niell
and Liebhold 2015). Noting the scale differences in the y-axes of panels A-D, the larg-
est component of damages under the nil management scenario in panel E is pollination
impacts, accounting for approximately 85% in each year simulated. Household dam-
ages in panel D, attributable to necessary purchases of pest removal services, are also
substantial, making up approximately 13% of total. Household damages under the
management scenario are zero as nest destruction costs are paid by DPIRD.

The uncertainty in model predictions is evident in the width of the boxes and
length of whiskers in Figure 2. Aggregated damage costs in panel D peak in year 12
under the nil management scenario with a mean value of $6.9 million, but vary be-
tween $5.0—9.0 million in 80% of model iterations, and between $4.6-9.7 in 90% of
iterations. The present value of benefit created by DPIRD management efforts is repre-
sented by the vertical distance between the two scenarios, which in year 12 is estimated
to be between $4.9-8.8 million (80%) and $4.5-9.5 million (90%).

The benefits and costs of V. germanica management are compared in Figure 3 where
hollow boxes represent the present value of benefit (i.e. PVBM, eq. 5), filled boxes rep-
resent net present value (i.e. NPVM) and bold horizontal lines indicate the present value
of costs (i.e. PVCM). The mean annual present value of benefit and net present value
between years 1-10 is $3.7 million (S.D. $1.4 million) and $3.4 million (S.D. $1.4 mil-
lion), respectively. Between years 1-20, the mean present value of benefit and net pre-
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Figure 2. Predicted damage cost per year associated with V. germanica impacts in WA over 20 years. Panels
A, B, C and D show pollination, apiculture, viticulture and household damage costs, respectively, under
both scenarios, while panel E shows the summed damage costs across all sectors under both scenarios. Box
whisker plots indicate 5*, 25%, mean, 75% and 95" percentile values, with shaded boxes representing the

nil management scenario and hollow boxes the management scenario.
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Figure 3. Net present value of V. germanica management in WA over 20 years. The box whisker plot
indicates 5, 25%, mean, 75% and 95% percentile values.
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Discount rate
Time taken for 8 to be affected - Pollination, Management

Yield loss despite control - Pollination

Proportion of Imax affected at t - Pollination

Increased variable cost - Pollination

Maximum proportion affected - Pollination

Increased variable cost - Households

Time taken for 8 to be affected - Households, Nil Management

Time taken for 6 to be affected - Apiculture, Management . /—I Baseline = 4.9

Time taken for 8 to be affected - Households, Management i
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Present value of benefit generated by management ($ million)

Figure 4. Sensitivity analysis illustrating how the mean net benefit of V. germanica management in WA
20 years is affected by changes in input parameters.

sent value increase to $4.9 million (S.D. $1.2 million) and $4.6 million (S.D. $1.2 mil-
lion), respectively. This results in a benefit cost ratio for the management of V. germanica
(i.e. BCRM, eq. 7) over 10 years of 15.4, and over 20 years of 19.9. Based on the mean
present value of benefit, the results imply each dollar invested in ongoing V. germanica
management is most likely to prevent $19.90 in damage costs over 20 years.

However, there is considerable uncertainty in the model predictions that could
lead to a substantially better or worse return on investment than indicated by the
mean. Over 10 years, 80% of model iterations produced a present value of benefit of
$2.1-5.6 million, suggesting a benefit cost ratio between 8.3 and 22.5. Morover, the
uncertainty in model predictions increases as the length of the simulation period in-
creases. Over 20 years, the estimated present value of benefit varies between $6.5-26.2
million, resulting in a benefit cost ratio between 13.8-26.2.

Despite this uncertainty, results of a parameter sensitivity analysis indicate that the
return to investment in management remain positive even under worst-case scenarios.
To gauge the effect of the parameters on model output, each parameter is sampled
across its specified range while holding all other parameters constant in Figure 4. Here
the 10 parameters producing the most change are ranked from top to bottom accord-
ing to their strength of influence on the present value of benefit generated.

Results are most sensitive to changes in the discount rate, which is specified as
Pert(2%,5%,7%). It is inversely related to the present value of benefit. Lowering the
discount rate from its most likely value of 5% to 2% (a change of -60%) increases the
present value of benefit by approximately 31% (from $4.9 million to $6.4 million),
and increasing it to 7% (a change of 40%) lowers the present value of benefit by ap-
proximately 24% (to $3.7 million). Determining an appropriate discount rate is one
of the most controversial and important issues in benefit cost analysis since as it has
a major impact on the viability of many public projects (Abelson and Dalton 2018).
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Yet there is no definitive answer as to what rate should be applied in different circum-
stances. This is not critical here since the present value of benefits exceed the present
value of costs across the range of discount rates considered (i.e. costs do not exceed
$250,000 per year in real terms).

Results are also highly sensitive to the time taken for the indicative proportion ¢, to
be affected under the management scenario. This is also inversely related to the present
value of benefit, producing a +24% change when increased or decreased 20% from the
mean value (25 years). As it relates to the effectiveness of DPIRD activities in slowing
the spread of V. germanica, the time taken for 0, to be affected under the management
scenario is a key assumption. Citing the DPIRD time series data used to validate the
model, the range 20-30 years is a reasonable approximation for this parameter. Even
when at 20 years, the model still produces a present value of benefit of $3.7 million.

Other parameters with relatively high sensitivities mostly relate to the pollina-
tion sector, including yield loss despite control, increase in variable costs, maximum
proportion affected ( /™) and the indicative proportion .. This reflects the large size
of pollination sector impacts compared with those in the household, viticulture and
apiculture sectors.

Discussion

The model used in this analysis takes into account multiple ecosystem services and
conveys the uncertain future benefits of invasive species controls to decision-makers in
relatively simply terms. As the impacts of invasive species change with respect to time,
location, and other variables in ways that are difficult to predict, policy-makers need to
be informed by predictive (ex ante) analyses that are explicit about the uncertain future
effects of decisions made in the present (Regan et al. 2002). At the same time, as they
are typically time-pressured, policy-makers require model outputs that condense com-
plex spread and impact information into easily understood metrics. The model present-
ed here adds to the literature by simultaneously fulfilling both of these requirements.

Research concerning economic impacts of invasive species has increased in recent
decades, but most has involved ex post impact assessments and management evalua-
tion (Naylor 2000; Born et al. 2005; Cook et al. 2013). Research involving predictive
models has tended to rely on partial budgeting techniques or deterministic models that
ignore uncertainties in species behaviour and environmental interactions (de Wit et al.
2001; MacLeod et al. 2004; Bolda et al. 2010).

Several ex ante studies have used complex, spatially explicit approaches and sto-
chastic simulations to characterise uncertainty in spread patterns over time combining
environmental variables and invasive species behaviours (Rafoss 2003; Yemshanov et
al. 2009; Leung et al. 2014). Others have integrated established ecological models with
economic management frameworks (Sharov and Liebhold 1998; Barbier 2001; Cacho
et al. 2008; Hyder et al. 2008; Carrasco et al. 2010) or have used metapopulation
models to predict future impacts (Albers et al. 20105 Sanchirico et al. 2010).
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Economic modelling has seldom been used as part of an invasive species ecosys-
tems service impact assessment. Cook et al. (2007) used a reaction diffusion model to
estimate future spread and impact of varroa bee mite (Varroa destructor) on a single
ecosystem service (pollination) in Australia. Other examples include several ex post
studies involving the weed leafy spurge (Euphorbia esula) that have estimated impacts
on provisioning and cultural services in the northern Great Plains region of the United
States (Leistritz et al. 1992; Leitch et al. 1996; Leistritz et al. 2004). Changes in grazing
land output were used to estimate effects on producer and local agribusiness income,
and reductions in environmental output were used to estimate changes in outdoor
recreation expenditures.

The future ecosystem service impact predicted in this analysis hint at large returns
to investment in the ongoing management of V. germanica in WA, particularly in
terms of provisioning ecosystem services to private producers of pollination-dependent
crops. This justifies the WA governments use of DPIRD resources in managing the
pest rather than another department since the impacts of the wasp are mainly agricul-
tural. Funding is relatively low (i.e. $200,000-250,000 per year) when compared to
the gross value of crops affected (i.e. $1.3 billion, see Table 1), in part due to pollina-
tion benefits being historically omitted from funding decisions.

If the pollination sector is removed from the model, the household sector becomes
the largest beneficiary of management activities and the 20-year benefit cost ratio falls
from 13.8-26.2 to 3.0—4.3. This might suggest the state’s demand for wasp nest re-
moval could be met by private pest controllers in the Perth metropolitan area rather
than government. The main beneficiaries are spatially concentrated in this area and
benefits to the apiculture and viticulture sectors are small in comparison. Hence, the
positive flow-on effects beyond the household sector would be minimal.

However, if pollination services are included in policy decisions, the situation
changes considerably. Beneficiaries of management are now spatially diffuse, consist-
ing of various industry groups, community groups and institutions. This would make
it logistically challenging and prohibitively costly to bring all affected parties together
to negotiate wasp management plans and control targets and monitoring with private
pest control operators. Therefore, government intervention is necessary to ensure an
adequate level of management services are provided to all affected groups.

If cultural ecosystem service impacts of V. germanica related to biodiversity are
also included in policy decisions, the need for government intervention becomes even
stronger because biological diversity is a public good. Public goods are non-rivalrous in
consumption (i.e. enjoyment of biodiversity by one person does not affect the quantity
available for another) and have benefits that are non-exclusive (i.e. one person can-
not prevent another from enjoying the benefits of biodiversity). As such, these goods
cannot be provided to a socially desirable level by private providers who are unable
to charge for the full benefits their services create, nor prevent people from enjoying
benefits they have not paid for.

To the author’s knowledge, no research is currently available concerning the po-
tential for V. germanica to affect biodiversity in WA, but experience elsewhere suggests
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damage could be considerable. For instance, the introduction of the wasp to Tasmania
has resulted in severe local reductions of invertebrates (Spradbery and Maywald 1992;
Potter-Craven et al. 2018). In New Zealand, prey biomass captured by V. germanica is
equivalent to that of the entire insectivorous bird fauna (Harris 1991; Toft and Beggs
1995; Toft and Rees 1998; Matthews et al. 2000). Given the status of south-west WA
as a biodiversity hotspot there is a pressing need to study potential impacts on species
unique to the region (Myers et al. 2000).

Conclusion

The model presented in this paper estimates the return on government investment
in continued V. germanica management in WA in terms of provisioning and cultural
ecosystem services. Results suggest that the combined ecosystem service benefits of on-
going management over the next 20 years are likely be $3.4—6.5 million per year. With
annual costs of management being $200,000-250,000, this indicates a net benefit of
$3.2-6.3 million per year. The largest beneficiaries are producers of crops depended
on insect pollination. These benefits have a tendency to be overlooked due to the
reputation of V. germanica as an urban nuisance, rather than an agricultural pest. If
pollination benefits are ignored, households are indeed the largest beneficiaries of wasp
control and there may be grounds for turning management over to the private sector.
However, if pollination impacts are as large as the results of this analysis suggest, nego-
tiation costs and information constraints are likely to prevent private controllers from
providing sufficient management services. If cultural service benefits of V. germanica
management are also considered, such as prevented damage to unique species in the
south west of WA, the case for government provision is also strengthened.
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Abstract

Despite recent evidence on the important role of seed banks associated with plant invasions, and a large
body of literature on invasive annual fmpatiens species, little is known about the seed bank characteristics
of Impatiens species. To bridge this gap, we conducted a five-year field experiment where we buried seeds
of two invasive species (1. glandulifera and 1. parviflora) and one native species (1. noli-tangere) across four
localities in the Czech Republic, harbouring all three fmpatiens species and differing in the environmental
conditions. We found that the three Impatiens species differed in the characteristics of their seed banks.
Both invasive species had a high seed germination rate of almost 100% in the first year after seed burial,
while <50% of seeds of the native L noli-tangere germinated during this year. In I parviflora all seeds ger-
minated in the first year after seed burial and later decomposed, i.e. the species had a transient seed bank.
For 1. glandulifera, the most invasive species, the survival of seeds differed among localities. At the first
and second localities, the seeds decomposed in the first year after seed burial; in the third locality the seeds
germinated in the second year; and in the fourth one, the seeds still germinated in the fourth year. The
native 1. noli-tangere formed a short-term persistent seed bank across all localities. Germinating or dor-
mant seeds were found in the third year after burial in all localities, and in one locality the seeds persisted
until the fifth year. The germination and dormancy in 1. noli-tangere were constrained by low minimum
temperatures during winter. In addition, germination was highest at intermediate soil moisture, and the
most dormant seeds were recorded in soils with intermediate nitrogen concentration. The germination of
1. glandulifera was slightly limited by low soil nitrogen. However, no such effect was found in 1. parviflora.
We suggest that in the invasive [mpatiens species seed resistance to environmental factors and high germi-
nation at least partly explain their wide distribution.
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which permits unrestricted use, distribution, and reproduction in any medium, provided the original author and source are credited.
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Introduction

Factors driving invasion success of alien plant species are a significant research topic in
ecology and invasion biology, and this research has considerable applied relevance (Vila
et al. 2011, Pysek et al. 2012a, Simberloff et al. 2013). Of these factors, species traits
have been a research focus, and thus many studies have predicted a set of key traits as-
sociated with successful invaders, including traits related to reproduction (for a review
see Pysek and Richardson 2007, van Kleunen et al. 2010). Successful invaders are typi-
cally characterised by massive seed production (Moravcovd et al. 2010, 2015) and early
and/or rapid germination (Schlaepfer et al. 2010, Wilsey et al. 2015, Gioria and Pysek
2017), which allows them to germinate and establish seedlings when competition from
resident plants is low (Gioria et al. 2018).

Some studies pointed to the important role of soil seed banks in species inva-
siveness, as the formation of a seed bank represents a mechanism by which a species
can persist in the invaded localities (Thuiller et al. 2008, Gioria et al. 2011, 2012).
Persistent soil seed banks allow species to survive in the soil when conditions for
germination or reproduction are unfavourable. In addition, seed banks maintain
population genetic diversity, and thus improve the ability of alien species to respond
to novel site conditions encountered in the introduced range by spreading the envi-
ronmental risks over time (Gioria et al. 2012). The role of seed banks in population
persistence has to be taken into account during eradication, because a few viable
seeds in the soil may allow re-invasions (Fletcher et al. 2015, Leary et al. 2018,
Moravcovd et al. 2018).

The capacity to form a persistent soil seed bank was revealed as the most powerful
trait explaining the large ecological amplitude of Central European species in their na-
tive range, as well as the naturalisation success of these species in North America (Pysek
et al. 2015). Successful invasive species often have larger and longer-persisting seed
banks when compared to their native congeners or confamiliars (Pyke 1990, Honig
et al. 1992, Van Clef and Stiles 2001) or non-invasive species (Radford and Cousens
2000, Phillips and Murray 2012). Furthermore, the timing of germination from soil
seed banks is supposed to be an important factor influencing plant invasions (Gioria
et al. 2018). Unfortunately, the data on seed banks of individual species are still rather
scarce and often disconnected from other traits, regardless of the fact that the seed
bank characteristics contribute to understanding the invasion success of plant species,
especially of annuals that are strictly dependent on population recovery from seed.
Studies that included seed banks characteristics as explanatory variable suggest that it
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is an important trait contributing to the invasion success of species (Pysek et al. 2015).
In addition, the seed bank characteristics should be taken into account for eradication
plans, while monitoring of the eradicated sites should be longer than seed bank longev-
ity to prevent population recovery.

As other life stages of plants, seed bank dynamics are influenced by environmental
factors. Surprisingly, only a few studies have addressed this topic. The existing studies
demonstrated the role of habitat (Hesse et al. 2007), water and temperature (Schafer
and Kotanen 2003), precipitation (Bebawi et al. 2015), soil type (Abedi et al. 2014,
Bebawi et al. 2015), soil pH (Basto et al.2015 and Pakeman et al. 2012) and soil nu-
trients (Moravcovd et al. 2018 and Pakeman et al. 2012).

We used a group of central European annual species belonging to the genus /m-
patiens, i.e. the native . noli-tangere and the invasive 1. glandulifera and 1. parviflora,
which co-occur in the same localities and have been assessed previously for traits as-
sociated with invasiveness. The invasive 1. glandulifera is characterised by rapid and
high germination (Perglovd et al. 2009), a high biomass throughout the species life
cycle (Skédlovd et al. 2012, 2013), and its competitiveness (Cuda et al. 2015). The
invasive /. parviflora invests more resources into reproduction than I glandulifera
or the native I noli-tangere (Skdlovd et al. 2013, Minden and Gorschliiter 2016).
All three species show among-population variation in germination and frost resist-
ance reflecting conditions from localities where the seeds were collected (Skdlovd et
al. 2011), as well as differences in seedling but not adult traits (Skédlovd et al. 2012,
2013). This indicates that development in the juvenile stages is crucial for these
annual species to reach the single reproductive event in their life cycle (Cuda et al.
2016). One response to compensate for possible failure before reaching reproduction
is to store seeds in the soil seed bank.

Seed banks are a part of the life cycle of Impatiens species that are poorly under-
stood. Information about their seed banks is mostly based on indirect observations,
for example, the occurrence of seedlings after thwarting seed production due to the
removal of plants before fruiting, or it was tested in the laboratory or in an experi-
mental garden (see Perglovd et al. 2009), where ecological conditions differ from field
sites. The garden experiment indicated no persistent soil seed bank in two invasive
species L. parviflora and 1. glandulifera, but a short-term persistent seed bank in the
native /. noli-tangere. However, together with seed persistence the timing of germina-
tion from the seed bank could be another important factor influencing invasiveness
(Gioria et al. 2018).

To improve the seed bank knowledge for /mpatiens species, we established a bur-
ial experiment in which we studied germination, dormancy and seed persistence of
1. glandulifera, I. noli-tangere and 1. parviflora for five years in natural populations in
the Czech Republic, harbouring all three /mpatiens species and differing in the envi-
ronmental conditions. We assessed whether seed bank dynamics and seed persistence
in the field (i) differ among the invasive and native species, (ii) differ across and within
individual localities, (iii) and whether they are influenced by environmental factors.
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Methods

Study species

The three Impatiens species have similar life histories and reproductive characteristics
(Coombe 1956, Beerling and Perrins 1993, Hatcher 2003, Adamowski 2008).
Impatiens noli-tangere L., a native species to central Europe, is recorded from 39 habitat
types in the Czech Republic (Sddlo et al. 2007), mainly from damp forests, clearings
and riparian habitats (Slavik 1997). Impatiens glandulifera Royle, a highly invasive
species which occurs predominantly along rivers, has also colonised forest clearings and
margins, wet ditches, forest roads and ruderal sites (Cuda et al. 2017). In the Czech
Republic, the first record of cultivation is from 1846 and that of occurrence outside
cultivation from 1896 (Slavik 1997). The species is recorded from 16 habitat types
(Sédlo et al. 2007, Pysek et al. 2012b, Pahl et al. 2013), but this number is expected
to increase due to its ongoing spread. Impatiens parviflora DC., an invasive species,
is characterised by broad ecological amplitude, being recorded from 45 habitat types
in the Czech Republic (Sddlo et al. 2007, Pysek et al. 2012¢). In this country it was
first recorded in 1844 in a botanical garden in Prague, and outside cultivation around
1870 (Slavik 1997). It often grows as a dominant species in nitrophilous herbaceous
vegetation of shady mesic sites, in alluvial forests, oak-hornbeam forests, ravine forests,
and spruce or Robinia pseudoacacia plantations (Pysek et al. 2012b), and its current
spread is slower, indicating limits of distribution.

The presence of Impatiens species depends on some degrees of disturbance, and
thus they often occur in early-successional herbaceous communities. They coexist in
some localities where the spatial pattern of the occurrence is driven by canopy closure
and water availability (Cuda et al. 2014). Seeds of the species differ in the stratification
demands and germination rates (Perglovd et al. 2009, Skdlovd et al. 2011). Seeds of
I. glandulifera only require a short period of cold-wet stratification after which most
of them germinate, while . parviflora requires a long period of stratification, which is
followed by germination of a high percentage of seed, and /1. noli-tangere has the long-
est stratification period but the lowest germination. Both seedling and adult plants
of the three species suffer from frost damage (Coombe 1956, Beerling and Perrins
1993, Perrins et al. 1993, Hatcher 2003, Skdlovd et al. 2011), and this may be one of
the factors limiting their spread. The temperature regime of the seed source explained
differences in frost sensitivity among populations of 1. glandulifera and 1. parviflora,
while in 1. noli-tangere and I. parviflora the temperature influenced the time of ger-
mination (Skdlovd et al. 2011). In addition, populations of 1. glandulifera differ in
flowering phenology along latitudinal gradients (Kollmann and Banuelos 2004). Fi-
nally, for all three species differences among populations were observed for seedling
height, biomass and root/shoot ratio, with stronger differentiation in the invasive spe-
cies (Skalovd et al. 2012).
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Table |. Characteristics describing the four localities for burial of Jmpatiens seeds. The climatic profiles
for each locality were taken from Tolasz (2007).
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Celina mixed 49°43.87'N, 300 8 500 3.7/16.7/-4.0 13.2/31.5/1.5 49.2 0.31 395 13.06
forest  14°20.67'E

Potitejn  alluvial 50°04.25'N, 340 7 650 4.3/16.6/0.1  13.8/34.0/0.7  49.7 0.15 1.92 1246
forest  16°19.42'E
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forest  14°27.93'E
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forest  13°53.73'E

Seed burial experiment

Seeds of . noli-tangere and 1. parviflora were collected in July 2008, and of 1. glandu-
lifera in August 2008. Four localities, that harboured all three Impatiens species and
differed in temperature, precipitation and soil nutrients, were selected in the Czech
Republic (Table 1) to investigate site-specific differences in the seed banks of the spe-
cies (Cuda et al. 2014). Seeds from the same localities were used in previous experi-
ments (Skdlovd et al. 2011, 2012, 2013), thus consistently including maternal effects
(Roach and Wulff 1987, Galloway 2005). For each species, a mixed sample of seeds
from at least 100 randomly chosen individuals across each locality was collected in
the summer of 2008. In the localities Celina, Tiebsin and Volyn¢, at least 3,000 seeds
per species were collected; in Pot$tejn only about 2,000 seeds of 1. noli-tangere and 1.
parviflora were collected due to the low seed production. After collection, the seeds
were dry stored at room temperature. Polyamide bags (fabric Norin, 6 x 6 cm) con-
taining 50 seeds for each species were buried in late November 2008. In each locality
only locally collected seeds were buried. As we found differentiation among species
with I glandulifera occurring in less shaded sites than 1. noli-tangere and 1. parviflora
(Cuda et al. 2014), the bags were buried within the respective populations. In Celina,
Trebsin and Volyné, 54 bags for each species were buried, respectively (i.e. three rep-
licates within each of two sites retrieved across nine time points), while in Potstejn 36
bags were buried due to the seed shortage (i.e. three replicates within each of two sites
retrieved across six time points). The bags with seeds of individual species were joined
to triplets (one bag per species) for each replicate, site and time point, and sewed to
the end of an about 1 m long string; the second end of the string was used to make
it easier to find the seed bags in the field and to enable their careful removal from the
soil. In addition each triplet was equipped with an iron ring for proper localisation of
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the bags using a metal detector to minimise soil disturbance during excavation. Along
3-m transects the bags were horizontally placed into the upper soil layer, at a depth
of 5 cm (Suppl. material 1: Fig. S1). The turf was carefully removed and placed back
after burial of the bags. The ends of each transect were marked by wooden and iron
sticks. The seeds were exhumed in the following years in late March and late May
(2009-2012), and in late March 2013.

After exhumation, the bags were washed and the seeds separated as (i) germinated,
(ii) decayed in the soil (i.e. this category consisted of dead non-germinated seeds) or
(iii-v) supposedly viable. A seed was considered germinated if at least the tip of the
radicle was visible. The supposedly viable seeds were placed in Petri dishes filled with
heat-sterilised river sand which was kept wet using tap water. The dishes were placed
into a growth chamber with 12/12 day/night regime of 15/5 °C (this corresponds
to the mean early-spring temperature in the Czech Republic); seed germination was
checked every second day. Germinating seeds were considered as (iii) non-dormant,
while seeds that did not germinate within one month were stained with tetrazolium to
further differentiate between (iv) dormant and (v) dead seeds. Species- and site-specific
dynamics of the soil seed bank were described as the total numbers of germinating
seeds (i+iii) and that of dormant seeds (iv).

Environmental variables

Since seed bank depletion is influenced by water and temperature, and at least partly
moderated by soil microbial activity (Schafer and Kotanen 2003), we measured soil
moisture and temperature within 5 m of the burial sites. Temperature was measured
using IBTN sensors (Thermochron Generic FSROHS DS1921G-F5#) at the two sites
per each of the four localities from December 2008 until the end of April 2009. The
sensors were placed at the soil surface, covered with a thin layer of litter, and tempera-
tures were recorded every 2 hours. Due to technical problems, we could not obtain the
data from one temperature sensor in PotStejn. During both exhumations in 2009, we
measured soil moisture using a moisture meter HH2 device with probe Theta Probe
ML29 (Delta-T Devices, UK). The measurement was done at six places within 3 m
around the burial sites. These values were averaged for each site.

Seed longevity and seed bank abundance are influenced by soil conditions (Pa-
keman et al. 2012, Abedi et al. 2014, Basto et al. 2015, Moravcova et al. 2018),
and thus we included soil data from neighbouring plots collected during previous
studies (Cuda et al. 2014). Total C and N were measured in soil samples taken close
to the plots (i.e. up to 1 m) at each locality in 2008 and 2009, using Carlo Erba
NC 2500 analyser. For the analyses, we included data for 1-3 plots that were up to
30 m from each of the burial sites, as well as those with similar environments. The
soil samples were taken from the upper horizon (0-5 c¢m), which corresponds to

the burial depth.
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Data analysis

The depletion pattern of the soil seed-bank of Impatiens species was tested using
generalised linear mixed-effect models with binomial error structure and logit link
function. The proportion of germinating and dormant seeds in each bag were used as
the response variables. The predictor variables (i.e. [mpatiens species, year and month
of exhumation, locality and site, and two-way interactions of these variables) were
fixed effects within the models. Plot ID was used as a random factor to account for
repeated measurements within the same plot over time (i.e. temporal pseudoreplica-
tions). The number of seeds in each bag (n = 50) was set as the “weights” argument
within the glmer function and represented the number of trials used to generate each
proportion (i.e. numbers of germinating or dormant seeds in each of the 50 bags).
The year was treated as a continuous variable because we expected a gradual decrease
in seed viability with time. We also examined the effect of environmental factors on
Impatiens seed germination and dormancy from the first seed burial until the first
exhumation in March 2009.

Due to the strong correlation between three measures of soil temperature (mini-
mum, maximum and mean, Suppl. material 2: Fig. S2) we decided to use only mini-
mum temperature that is most important for seed germination and dormancy, because
frost may kill germinating seeds (Cuda et al. 2015). Similarly, soil carbon and nitrogen
were highly correlated, and the latter variable was selected. Thus, we tested the effect
of winter minimum temperature in the upper soil layer, soil nitrogen and soil moisture
on seed germination and dormancy. Furthermore, since environmental data was only
available at the site level, we used the means for seed germination and dormancy as
response variables (i.e. average of three bags with 50 seeds per site).

Models were built separately for each species, and the square function of these
variables was included to account for possible non-linear relationships. Locality was set
as a random factor to reflect similarity within each locality (i.e. spatial pseudoreplica-
tion). Finally, we fitted separate models for each significant environmental variable, its
square function and species (five models in total) to visualise the individual species-
environment relationships. Maximal models were simplified by backward elimination
of non-significant terms and retention of significant ones. The deletion of terms was
validated step-by-step by comparing the significances between the original and the
simplified models (Crawley 2013). The differences within significant terms were post-
hoc tested by Tukey HSD pairwise comparison of estimated marginal means (Lenth
2018). Apart from R base packages, we used /me4 for fitting generalised mixed-effect
models by glmer function (Bates et al. 2015), and emmeans for subsequent multiple
comparisons among significant terms (Lenth 2018). Package ¢ffeczs was used to calcu-
late the effects of significant environmental variables in the models for germination
and dormancy. Graphs were plotted using the packages dplyr (Wickham et al. 2018)
and ggplor2 (Wickham 2016). All computations were done in programme R 3.5.1
(R Core Team 2018).
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Results

Seed germination

Germination was highest in the first spring after burial of the seed bags (i.e. March
2009) and differed significantly among the Impatiens species (Fig. 1, Table 2, Suppl.
material 4: Table S1). During this time, germination was much higher for the invasive /.
glandulifera and 1. parviflora, with almost all seeds germinating (95%), compared to the
native /. noli-tangere, where less than half of the seeds germinated (42%). Germination
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Figure I. Proportions of germinated seeds in three fmpatiens species across four localities over five years in
March (A) and May (B). The bars depict the average for particular combinations; vertical lines represent the
standard error of the mean and horizontal lines denote zero germination. Blue bars depict L. glandulifera (G),
yellow L. noli-tangere (N) and those in black I parviflora (P). Each bar is based on n = 6 bags comprising 50
seeds per bag (six bars is based on n = 4-5 due to lost samples). Note that response variable and error bars
are displayed in a logarithmic scale. Seeds were only buried for three years at PotStejn due to seed shortage.
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Table 2. The effect of selected factors and their two-way interactions on Impatiens germination. Sum-
mary of generalised linear mixed-effect model, where minimal adequate model is presented and significant
values (p < 0.05) are in bold. Degrees of freedom, statistics of likelihood-ratio tests and p values are shown.

2

(=9
=~

Factor X p
Species 2 37.39 <0.001
Year 1 746.28 <0.001
Month 1 730.31 <0.001
Locality 3 21.81 <0.001
Site 1 1.05 0.161
Species x year 2 173.19 <0.001
Species x locality 6 7.16 <0.001
Year x month 1 200.02 <0.001
Year x locality 3 15.40 <0.001
Year x site 1 3.81 0.012
Month x locality 3 5.75 0.002
Month x site 1 6.81 0.048
Locality x site 3 8.02 <0.001

ability dropped rapidly during May of the same year, and decreased further in the
following years. Importantly, we found no germination of L parviflora seeds following
the first year of burial. For the other species, germination was higher in March than in
May of the following years. The difference between these two months was most obvious
in the first year, but still remained significant over time (P < 0.001, F = 29.5).

Germination also differed across localities (Fig. 1, Table 2). In Ttebsin, a high per-
centage of seeds germinated and this was true for the first as well as the subsequent years.
All species maintained their germinability for the longest duration at this locality. Seeds
of I parviflora were germinable for one year, 1. glandulifera for four years, and the native
I. noli-tangere for all five years. Importantly, /. glandulifera was germinable for more than
one year only at this locality, and to a small extent in Celina in the second year, while
I. noli-tangere was germinable in all four localities, while the germination rate was very
low in Celina and Volyné where the seeds were germinable only for two years. Lastly, we
found no significant effect of site, i.e. regardless of whether the seeds were buried under
I. glandulifera stands or mixed stands of I. noli-tangere and 1. parviflora.

Seed dormancy

The results for dormancy corresponded well with those for germination. We found
significant effects of species, year of exhumation, and locality, as well as non-significant
effects of site (Table 3). Unlike seed germination, there was no difference between the
months of seed exhumation (i.e. March and May). We did not record any dormant
seeds for 1. parviflora, while we found dormant seeds for up to four years in 1. glandu-
lifera and 1. noli-tangere (Fig. 2, Suppl. material 4: Table S1).

Dormancy decreased with time, however the decline between the first and second
year was not as rapid as for germination. The sites varied considerably in dormancy and
the pattern was similar for the results of germination after the first year. The most dor-
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Table 3. The effect of selected factors and their two-way interactions on Impatiens seed dormancy. Sum-

mary of generalised linear mixed-effect model, where minimal adequate model is presented, significant

values are in bold.

Factor df ¥ p

Species 2 50.18 <0.001

Year 1 84.40 <0.001

Month 1 1.13 0.296

Locality 3 44.09 <0.001

Site 1 0.50 0.471

Species x month 2 4.49 0.010

Species x locality 6 4.76 <0.001

Year x site 1 5.08 0.024
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Figure 2. Proportions of dormant seeds in three /mpatiens species across four localities over five years in

March (A) and May (B). For details see Figure 1.
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mant seeds over the four-year period for /. glandulifera were found in Tiebsin, while,
in the other localities, dormant seeds were only found up to the second year. Impatiens
noli-tangere had the highest dormancy in Potstejn followed by Tiebsin.

Environmental effects on seed banks

The effect of environmental factors on seed germination and dormancy in 2009 was
most pronounced for the native . noli-tangere (Fig. 3, Table 4). Seed germination
and dormancy across sites increased with growing winter minimum temperature (see
Suppl. material 3: Fig. S3 for detailed temperature course across localities). Seed ger-
mination exhibited a unimodal relationship with soil moisture, with the highest per-
centages recorded in moderately wet sites (i.e. soil moisture of 60%). The same rela-
tionship was recorded between seed dormancy and soil nitrogen concentration, with
dormancy being low under intermediate nitrogen levels. In L glandulifera, there was a
slight positive effect of soil nutrient content on seed germination. However, we did not
find any significant effect of environmental conditions on germination in /. parviflora.
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Figure 3. The effects of winter minimum temperature, soil moisture, and soil nitrogen concentration on
seed germination in March 2009 and dormancy in May 2009. Blue circles depict . glandulifera (G), yellow 1.
noli-tangere (N) and those in black 1. parviflora (P). Lines in the same colours show a significant relationship
fitted with generalised linear mixed effect models, shading indicates 95% confidence intervals (yellow in /. 720-
li-tangere and blue in I. glandulifera). Models for each species are based on 8 replicates (i.e. 2 sites at each of the
4 localities). The mean of three replicates per locality and site were used for seed germination and dormancy.
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Table 4. The effect of environmental factors and their square functions on Impatiens germination and
dormancy for March 2009. The minimal models for each species are presented, terms that were exclud-
ed within the model simplification are marked with -, and significant values are in bold. Dormancy of

1. parviflora seeds were not tested (n.t.) because there were no dormant seeds across all plots.

Species Factor df  Germination March Dormancy May
X p X p

1. glandulifera winter minimum temperature 1 0.49 0.484 0.17 0.684
soil moisture 1 0.48 0.491 0.22 0.638
soil N 1 4.30 0.038 2.07 0.150

1. parviflora winter minimum temperature 1 1.83 0.176 n.t. n.t.
soil moisture 1 1.59 0.208 n.t. n.t.
soil N 1 2.29 0.129 n.t. n.t.

1. noli-tangere winter minimum temperature 1 25.12 <0.001 5.94 0.015
soil moisture 1 15.70 <0.001 1.07 0.300
soil moisture? 1 16.18 <0.001 - -
soil N 1 1.53 0.215 9.54 0.002
soil N? 1 - - 8.99 0.003

Discussion

Species- and site-specific germination

We found significant differences in seed germination between the native and invasive
Impatiens species, as well as across the four localities. The high germination rate for
the invasive species is in agreement with findings from a garden experiment (Perglovd
etal. 2009). On the other hand, the germination of the native L. noli-tangere was con-
siderably higher in the four localities compared to the common garden (8%; Perglovd
et al. 2009). This indicates the key role of local conditions, and it also highlights the
limitations of garden experiments. Our results also support previous findings which
suggest that high germination success of alien invasive species, compared to their na-
tive congeners, promotes invasiveness (PysSek and Richardson 2007).

Seed-bank dynamics and invasive species management

While seed persistence is suggested to be associated with invasiveness (e.g. Pyke 1990,
Radford and Cousens 2000, van Clef and Stiles 2001, Gioria et al. 2012, Pysek et al.
2015), we found that the most persistent seed bank was associated with the native
I noli-tangere. In our study system, this might indicate that early massive germination,
that occurred shortly after seed burial (i.e. during early spring), of the two invasive
Impatiens species may be another factor contributing to their invasion success, more
than seed persistence (cf. Gioria et al. 2018), provided that the timing coincides with
favourable environmental conditions.

In I parviflora we recorded germination only in the first year after seed burial,
while no dormant seeds persisted throughout the experiment. Consequently, due to
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the absence of seeds after spring germination, as well as a modest root system (Sla-
vik 1997), mechanical eradication could be an effective treatment for this species.
Despite its weak impact on native vegetation (Hejda 2012, Diekmann et al. 2016,
Florianovd and Miinzbergovd 2017) and general recommendation for tolerance (Pergl
etal. 2016), eradication is being applied in some areas, typically in communities with
greater conservation values, such as thermophilous oak forests or steppes on rocks
(Pysek et al. 2012b, Florianovd and Miinzbergovd 2017). These actions have been
reported from Poland (Adamowski and Keczynski 1999), Hungary (Csontos 1986)
and more recently also from protected areas of the Czech Republic (Péknicovd 2008).
Transient soil seed banks (sensu Thompson et al. 1997), high sensitivity to frost (Ské-
lovd et al. 2011) and low competitive ability (Cuda et al. 2015) together represent a
rather sensitive stage in population development that is probably partly compensated
by a wide ecological amplitude (Pysek et al. 2012c¢), high investment into reproduc-
tion (Skdlovd et al. 2013), high seed production compared to the native congener
(Daumann 1967), and properly timed and synchronised germination (Skdlov4 et al.
2011, Perglovd et al. 2009).

The highly invasive /. glandulifera forms short-term persistent soil seed banks (sen-
su Thompson et al.1997) at suitable localities. We found germinating and dormant
seeds of . glandulifera in the second year after seed burial at two of the four localities,
while in Ttebsin, germinating and dormant seeds were found still after four years. We
are not aware of any data on the seed bank of L glandulifera reported from the field
conditions prior to our study. Until now, only indirect evidence was used to infer the
seed-bank dynamics of this species, for example, the occurrence of seedlings after the
removal of plants before fruiting. Beerling and Perrins (1993) observed seedlings for
up to 18 months after plant removal; this indicates a two-year persistence of seed vi-
ability in this species. Even longer persistent seed banks were indicated by an eradica-
tion study with plants being found after four years (Saegesser et al. 2016). Our field
experiment supports these indirect observations and also reveals that 1 glandulifera
seeds are able to survive in the soil much longer than previously thought. On the other
hand, a four-year soil seed bank is the maximum survival period that was reached by a
small proportion of seeds at one locality. Although the proportion of germinating seeds
was very low following the first year of seed burial, the absolute number of seeds should
be rather high due to abundant seed production (Daumann 1967, Beerling and Perrins
1993), a pattern similar to that found in Heracleum mantegazzianum (Moravcova et
al. 2018). This suggests that in /. glandulifera the seed bank allows population recovery
after disturbance. This includes damage to young plants by spring frost, which is highly
probable due to early germination in that species (Perglovd et al. 2009), and consider-
able frost sensitivity of the seedlings (Skédlova et al. 2011). In addition, the seed bank
must be taken into account during eradication actions, and sites should be monitored
for at least four years following any control treatment. Nevertheless, systematic eradi-
cation has the potential to be very effective in small areas (Saegesser et al. 2016).

The native 1. noli-tangere was characterised by low seed germination in the first
year, but a higher proportion of germinating and dormant seeds in the following years
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compared to its invasive congeners. This strategy will likely lead to better population
persistence and recovering ability, which could, however, be limited by lower seed
production (Daumann 1967). In all localities, the germinating seeds were found in
the second year after burial and in one site even in the fifth year. Dormant seeds were
found in all localities until the third year and in one locality in the fourth year. Thus,
this study revealed that the native 1. noli-tangere forms short-term persistent soil seed
banks (sensu Thompson et al. 1997). Despite limited data on the comparison of seed
banks of native and invasive species, similar trends, i.e. lower germination in the first
year but longer soil seed-bank persistence of native species compared with non-native
congeners, were observed by van Clef and Stiles (2001).

Soil environment and seed-bank persistence

The seeds of the native /. noli-tangere were most responsive to the soil environmental
factors. For 1. glandulifera, the effect was low and for L parviflora we did not detect
any effect. The significant effect of environmental conditions confirms that not only
species-specific attributes, but also environmental factors, determine seed longevity in
the soil (Abedi et al. 2014, Long et al. 2015). This holds true for the native and partly
also for the two invasive species. Sub-zero temperatures strongly decreased seed ger-
mination and dormancy of 1. noli-tangere, while no such effect was detected for the
invasive species. This contradicts the results of an earlier study that found the invasive
species to be more sensitive to frost (Skdlovd et al. 2011). Seeds of 1. noli-tangere ger-
minated better under intermediate soil moisture. This may be explained by increased
fungal activity (Schafer and Kotanen 2003, 2004) and also anoxic conditions in very
wet soils which disrupt metabolic processes and thus cause high seed mortality (Bekker
etal. 1998). On the other hand, the low germination rate may be due to the negative
response of this species to low soil moisture (Skdlovd et al. 2013). Seed germination of .
glandulifera was greater at sites with high soil nitrogen concentration. These field results
are in accordance with previous laboratory experiments by Andrews et al. (2009) who
observed a substantial increase in seed germination of /. glandulifera under increased
nitrate availability. However, we cannot exclude the positive effect due to a higher seed
mass that was observed under high soil nitrogen concentration for /. parviflora (Acharya
etal. 2017), and a positive correlation between seed mass and germination capacity.

The absence of environmental effects may explain the wide ecological amplitude of
1. parviflora that has been recorded from 45 of 88 habitat types in the Czech Republic
(Pysek et al. 2012¢). The low effects of environmental factors together with a high
performance under various conditions (Skdlovd et al. 2012, 2013), will likely facilitate
the further spread of /. glandulifera into more habitat types (currently reported in 16
habitats); small populations were recently recorded outside traditional riverine habitats
of this species (Cuda et al. 2017). The wide environmental tolerance of the two alien
Impatiens species probably facilitates their invasion success.



Seed-bank dynamics of native and invasive Impatiens species... 89

Acknowledgements

Our thanks are due to Vendula Havli¢kov4, Sarka Dvotackova, Zuzana Sixtovd, and
Michal Pysek for technical assistance. We are grateful to Desika Moodley for the lan-
guage revision of the final text. Our thanks are also due to the editors and reviewers,
especially to Johannes Kollmann, who provided us with valuable suggestions that im-
proved the manuscript. The study was supported by project grants GACR 17-10280S,
GACR 19-20405S, long-term research development project RVO 67985939 (The
Czech Academy of Sciences). PP was supported by EXPRO grant no. 19-28807X
(Czech Science Foundation).

References

Abedi M, Bartelheimer M, Poschlod P (2014) Effects of substrate type, moisture and its inter-
actions on soil seed survival of three Rumex species. Plant and Soil 374: 485-495. https://
doi.org/10.1007/s11104-013-1903-x

Acharya KP, De Frenne P, Brunet J, Chabrerie O, Cousins SAO, Dieckmann M, Hermy M,
Kolb A, Lemke I, Plue J, Verheyen K, Graae BJ (2017) Latitudinal variation of life-history
traits of an exotic and a native /mpatiens species in Europe. Acta Oecologica 81: 40—47.
hteps://doi.org/10.1016/j.acta0.2017.05.002

Adamowski W (2008) Balsams on the offensive: the role of planting in the invasion of Impa-
tiens species. In: Tokarska-Guzik B, Brock JH, Brundu G, Child L, Daehler CC, Pysek P
(Eds) Plant Invasions: Human Perception, Ecological Impacts and Management. Backhuys
Publishers, Leiden, 57—70.

Adamowski W, Keczynski A (1999) Success of eatly eradication: the case of Impatens parviflora
in Bialowieza National Perk (NE Poland). In: Brundu G, Brock J, Camarda I, Child L,
Wade M (Eds) Proceedings of the 5" International Conference on the Ecology of Invasive
Alien Plants). Backhuys Publishers, La Maddalena, 3-5.

Andrews M, Maule, HG, Hodge S, Cherrill A, Raven A (2009) Seed dormancy, nitrogen
nutrition and shade acclimation of Impatiens glandulifera: implications for successful
invasion of deciduous woodland, Plant Ecology and Diversity 2: 145-153. https://doi.
org/10.1080/17550870903186256

Basto S, Thompson K, Rees M (2015) The effect of soil pH on persistence of seed of grassland
species. Plant Ecology 216: 1163-1175. https://doi.org/10.1007/s11258-015-0499-z

Bates D, Michler M, Bolker BM, Walker SC (2015) Fitting linear mixed-effects models using
Ime4. Journal of Statistical Software 67: 1-48. https://doi.org/10.18637/jss.v067.i101

Bebawi FE, Campbell SD, Mayer R] (2015) Seed bank longevity and age to reproductive ma-
turity of Calotropis procera (Aiton) WT Aiton in the dry tropics of northern Queensland.
Rangeland Journal 37: 239-247. https://doi.org/10.1071/RJ 14130

Beerling DJ, Perrins DM (1993) Biological Flora of British Isles. Impatiens glandulifera Royle (Im-
patiens Roylei Walp.). Journal of Ecology 81: 367-381. https://doi.org/10.2307/2261507



90 Hana Skdlovd et al. / NeoBiota 50: 75-95 (2019)

Bekker RM, Oomes MJM, Bakker JP (1998) The impact of groundwater level on soil seed bank
survival. Seed Science Research 8:399-404. https://doi.org/10.1017/50960258500004323

Coombe DE (1956) Biological Flora of British Isles. lmpatiens parviflora DC. Journal of Ecol-
ogy 44: 701-714. https://doi.org/10.2307/2256857

Crawley MJ (2013) The R Book-Second Edition. Wiley. https://doi.org/10.1007/
s007690000247

Csontos P (1986) Dispersal and establishment of /mpatens parviflora, an introduced plant in a
hardwood forest. Abstracta Botanica 10: 341-348.

Cuda J, Skélova H, Janovsky Z, Pysek P (2014) Habitat requirements, short-term population
dynamics and coexistence of native and invasive Impatiens species: a field study. Biological
Invasions 16: 177-190. https://doi.org/10.1007/s10530-013-0512-1

Cuda ], Skilovd H, Janovsky Z, Pysek P (2015) Competition among native and invasive /-
patiens species: the roles of environmental factors, population density and life stage. AoB
Plants 7: plv033. https://doi.org/10.1093/aobpla/plv033

Cuda J, Skilovd H, Janovsky Z, Pysek P (2016) Juvenile biological traits of Impatiens spe-
cies are more strongly associated with naturalization in temperate climate than their adult
traits. Perspectives in Plant Ecology, Evolution and Systematics 20: 1-10. https://doi.
org/10.1016/j.ppees.2016.02.007

Cuda J, Rumlerové Z, Brtna J, Skalové H, Pysek P (2017) Floods affect the abundance of inva-
sive Impatiens glandulifera and its spread from river corridors? Diversity and Distributions
23: 342-354. https://doi.org/10.1111/ddi.12524

Daumann E (1967) Zur Bestiubungs- und Verbreitungsokologie dreier /mpatiens-Arten. Pres-
lia 39: 43-58.

Diekmann M, Effertz H, Baranowski M, Dupre C (2016) Weak effects on plant diversity of
two invasive Impatiens species. Plant Ecology 217: 1503—1514. https://doi.org/10.1007/
$11258-016-0663-0

Fletcher CS, Westcott DA, Murphy HT, Grice AC, Clarkson JR (2015) Managing breaches of
containment and eradication of invasive plant populations. Journal of Applied Ecology 52:
59-68. https://doi.org/10.1111/1365-2664.12361

Florianovd A, Miinzbergovd Z (2017) Invasive Impatiens parviflora has negative impact on
native vegetation in oak-hornbeam forests. Flora 226: 10-16. https://doi.org/10.1016/j.
flora.2016.11.006

Galloway LF (2005) Maternal effects provide phenotypic adaptation to local environmental con-
ditions. New Phytologist 166: 93— 99. https://doi.org/10.1111/j.1469-8137.2004.01314.x

Geng YD, Pan XY, Xu CY (2007) Phenotypic plasticity rather than locally adapted ecotypes al-
lows the invasive alligator weed to colonize a wide range of habitats. Biological Invasions 9:
245-256. https://doi.org/10.1007/s10530-006-9029-1

Gioria M, Py$ek P (2017) Early bird catches the worm: germination as a critical step in plant in-
vasion. Biological Invasions 19: 1055-1080. https://doi.org/10.1007/s10530-016-1349-1

Gioria M, Dieterich B, Osborne BA (2011) Battle of the giants: primary and secondary inva-
sions by large herbaceous species. Biology and Environment 111: 177-193. https://doi.
org/10.3318/BIOE.2011.14



Seed-bank dynamics of native and invasive Impatiens species... 91

Gioria M, Pysek B, Moravcovd L (2012) Soil seed banks in plant invasions: promoting species
invasiveness and long-term impact on plant community dynamics. Preslia 84: 327-350.

Gioria M, Pysek B, Osborne BA (2018) Timing is everything: does early and late germination
favor invasions by herbaceous alien plants? Journal of Plant Ecology 11: 4—16. https://doi.
0rg/10.1093/jpe/rtw105

Hatcher PE (2003) Biological Flora of British Isles. /mpatiens noli-tangere L. Jornal of Ecology
91: 147-167. https://doi.org/10.1046/j.1365-2745.2003.00741.x

Hejda M (2012) What is the impact of Impatiens parviflora on diversity and composition
of herbal layer communities of temperate forests> PLOS One 7: €39571. https://doi.
org/10.1371/journal.pone.0039571

Hesse E, Rees M, Mueller-Schaerer H (2007) Seed bank persistence of clonal weeds in con-
trasting habitats: implications for control. Plant Ecology 190: 233-243. https://doi.
org/10.1007/s11258-006-9203-7

Honig MA, Cowling RM, Richardson DM (1992) The invasive potential of Australian bank-
sias in South African fynbos: a comparison of the reproductive potential of Banksia erici-
Jfolia and Leucadendron laureolum. Australian Journal of Ecology 17: 305-314. https://doi.
org/10.1111/j.1442-9993.1992.tb00812.x

Kollmann J, Bafiuelos MJ (2004) Latitudinal trends in growth and phenology of the invasive
alien plant Impatiens glandulifera (Balsaminaceae). Diversity and Distributions 10: 377—
385. https://doi.org/10.1111/j.1366-9516.2004.00126.x

Leary ], Mahnken B, Wada C, Burnett K (2018) Interpreting life-history traits of miconia
(Miconia calvescens) through management over space and time in the east Maui water-
shed, Hawaii (USA) Invasive Plant Science and Management 11: 191-200. https://doi.
org/10.1017/inp.2018.26

Lenth R (2018) Emmeans: Estimated marginal means, aka least-square means. R package ver-
sion 1.2.1. https://CRAN.R-project.org/package=emmeans

Long RL, Gorecki MJ, Renton M, Scott JK, Colville L, Goggin DE, Commander LE, Westcott
DA, Cherry H, Finch-Savage EF (2015) The ecophysiology of seed persistence: mechanis-
tic view of the journey to germination or demise. Biological Reviews 90: 31-59. https://
doi.org/10.1111/brv.12095

Minden V, Gorschliiter ] (2016) Comparison of native and non-native /mpatiens species across
experimental light and nutrient gradients. Plant Ecology and Evolution 149: 59-72. htt-
ps://doi.org/10.5091/plecevo.2016.1118

Moravcovd L, Pysek B, Jarosik V, Pergl J (2015) Getting the right traits: reproductive and dis-
persal characteristics predict the invasiveness of herbaceous plant species. PLOS One 10:
€0123634. https://doi.org/10.1371/journal.pone.0123634

Moravcovd L, Pysek P, Jarosik V, Havlickova V, Zakravsky P (2010) Reproductive characteris-
tics of neophytes in the Czech Republic: traits of invasive and non-invasive species. Preslia
82: 365-390.

Moravcovd L, Pysek P, Krinke L, Miillerovd ], Perglovd I, Pergl J (2018) Long-term survival
in soil of seed of the invasive herbaceous plant Heracleum mantegazzianum. Preslia 90:

225-234. https://doi.org/10.23855/preslia.2018.225



92 Hana Skdlovd et al. / NeoBiota 50: 75-95 (2019)

Pakeman R]J, Small JL, Torvell L (2012) Edaphic factors influence the longevity of seeds in the
soil. Plant Ecology 213: 57-65. https://doi.org/10.1007/s11258-011-0006-0

Pahl AT, Kollmann J, Mayer A, Haider S (2013) No evidence for local adaptation in an invasive
alien plant: field and greenhouse experiments tracing a colonization sequence. Annals of
Botany 112: 1921-1930. https://doi.org/10.1093/a0b/mct246

Péknicovd J (2008) Netykavka malokvétd v porostech bucin v CHKO Kokotinsko (Usti nad
Labem): http://www.npcs.cz/netykavka-malokveta-pod-pravcickou-branou

Pergl J, Sadlo J, Petrusek A, Lastavka Z, Musil ], Perglovd 1, Sanda R, Sefrovd H, Sima I,
Vohralik V, Pysek P (2016) Black, grey and watch lists of alien species in the Czech Repub-
lic based on environmental impacts and management strategy. NeoBiota 28: 1-37. https://
doi.org/10.3897/neobiota.28.4824

Perglové 1, Pergl ], Skdlovd H, Moravcové L, Jarosik V, Pysek P (2009) Differences in germina-
tion and seedling establishment of alien and native /mpatiens species. Preslia 81: 357-375.

Perrins J, Fitter A, Williamson M (1993) Population biology and rates of invasion of three in-
troduced Impatiens species in the British Isles. Journal of Biogeography 20: 33—44. https://
doi.org/10.2307/2845737

Phillips ML, Murray BR (2012) Invasiveness in exotic plant species is linked to high seed sur-
vival in the soil. Evolutionary Ecology Research 14: 83-94.

Pyke DA (1990) Comparative demography of co-occurring introduced and native tussock grass-
es: persistence and potential expansion. Oecologia 82: 537-543. https://doi.org/10.1007/
BF00319798

Pysek P, Richardson DM (2007) Traits associated with invasiveness in alien plants: Where do
we stand? In: Nentwig W (Ed.) Biol invasions, Ecological Studies 193, Springer-Verlag,
Berlin/Heidelberg, 97—126. https://doi.org/10.1007/978-3-540-36920-2_7

Pysek B, Chytry M, Pergl J, Sddlo J, Wild J (2012b) Plant invasions in the Czech Republic: cur-
rent state, introduction dynamics, invasive species and invaded habitats. Preslia 84: 575-629.

Pysek B, Jarosik V, Hulme PE, Pergl ], Hejda M, Schaffner U, Vila M (2012a) A global as-
sessment of invasive plant impacts on resident species, communities and ecosystems: the
interaction of impact measures, invading species” traits and environment. Global Change
Biology 18: 1725-1737. https://doi.org/10.1111/j.1365-2486.2011.02636.x

Pysek B, Manceur AM, Alba C, McGregor KF, Pergl ], Stajerovzi K, Chytry M, Danihelka J,
Kartesz J, Klimesovd J, Lu¢anovd M (2015) Naturalization of central European plants in
North America: species traits, habitats, propagule pressure, residence time. Ecology 96:
762-774. https://doi.org/10.1890/14-1005.1

Pysek B, Danihelka J, Sddlo J, Chrtek Jr J, Chytry M, Jarosik V, Kaplan Z, Krahulec F, Morav-
covd L, Pergl J, Stajerovd K, Tichy L (2012¢) Catalogue of alien plants of the Czech Re-
public (2" edn): checklist update, taxonomic diversity and invasion patterns. Preslia 84:
155-255.

R Core Team (2018) R: A language and environment for statistical computing. R Foundation
for Statistical Computing, Vienna. https://www.R-project.org/

Radford IJ, Cousens RD (2000) Invasiveness and comparative life history traits of exotic and
indigenous Senecio species in Australia. Oecologia 125: 531-542. https://doi.org/10.1007/
s004420000474



Seed-bank dynamics of native and invasive Impatiens species... 93

Rejmdnek M, Richardson DM, Pysek P (2005) Plant invasions and invasibility of plant com-
munities. In: Van der Maarel E (Ed.) Vegetation Ecology. Blackwell, Oxford, 332-355.

Roach DA, Wulff RD (1987) Maternal effects in plants. Annual Review of Ecology and Syste-
matics 18: 209-235. https://doi.org/10.1146/annurev.es.18.110187.001233

Sédlo J, Chytry M, Pysek P (2007) Regional species pools of vascular plants in habitats of the
Czech Republic. Preslia 79: 303-321.

Saegesser ], Fischer D, Fischer K (2016) Long-term control of Impatiens glandulifera in a Swiss
Forest: does zero-tolerance pay off? Biological invasions: interactions with environmental
change. In: Ries C, Krippel Y (Eds) Book of abstracts. Neobiota 2016 — 9* International
Conference on Biological Invasions. Fondation fauneflore, Vianden, 69.

Schlaepfer DR, Glittdi M, Fischer M, van Kleunen M (2010) A multi-species experiment in
their native range indicates pre-adaptation of invasive alien plant species. New Phytologist
185: 1087-1099. https://doi.org/10.1111/j.1469-8137.2009.03114.x

Schafer M, Kotanen PM (2003) The influence of soil moisture on losses of buried seeds to
fungi. Acta Oecologica 24: 255-263. https://doi.org/10.1016/j.acta0.2003.09.001

Schafer M, Kotanen PM (2004) Impacts of naturally-occurring soil fungi on seeds of meadow
plants.PlantEcology 175:19-35.https://doi.org/10.1023/B:VEGE.0000048096.00772.23

Simberloff D, Martin JL, Genovesi B Maris V, Wardle DA, Aronson ], Courchamp F, Galil
B, Garcia-Berthou E, Pascal M, Pysek P (2013) Impacts of biological invasions: what’s
what and the way forward. Trends in Ecology and Evolution 28: 58-66. https://doi.
01g/10.1016/j.tree.2012.07.013

Skélovd H, Moravcovéd L, Pysek P (2011) Germination dynamics and seedling frost resist-
ance of invasive and native /mpatiens species reflect local climatic conditions. Perspectives
in Plant Ecology, Evolution and Systematics 13: 173-180. https://doi.org/10.1016/j.
ppees.2011.03.005

Skélova H, Havlickovd V, Pysek P (2012) Seedling traits, plasticity and local differentiation as
strategies of invasive species of Impatiens in central Europe. Annals of Botany 110: 1429—
1438. https://doi.org/10.1093/a0b/mcr316

Skilova H, Jarosik V, Dvoiickova S, Pysek P (2013) Effect of intra- and interspecific com-
petition on the performance of native and invasive species of Impatiens under varying
levels of shade and moisture. PLOS One 8: ¢62842. https://doi.org/10.1371/journal.
pone.0062842

Slavik B (1997) Impatiens L. In: Slavik B, Chrtek Jr J, Tomsovic P (Eds) Kvétena Ceské repub-
liky 5. Academia, Praha, 230-240. [Flora of the Czech Republic]

Thompson K, Bekker J, Bekker RM (1997) The soil seed bank of northwest Europe: method-
ology, density and longevity. Cambridge University Press, Cambridge.

Tolasz R, Mikovd T, Valeridnovd A, Vozenilek V (2007) Climate Atlas of Czechia. Czech Hy-
drometeorological Institute, Praha/Olomouc.

Thuiller W, Albert C, Araujo MB, Berry PM, Cabeza M, Guisan A, Hickler T, Midgley GF, Pat-
erson ], Schurr FM, Sykes MT, Zimmermann NE (2008) Predicting global change impacts
on plant species distributions: future challenges. Perspectives in Plant Ecology, Evolution
and Systematics 9: 137-152. https://doi.org/10.1016/j.ppees.2007.09.004



94 Hana Skdlovd et al. / NeoBiota 50: 75-95 (2019)

Van Clef M, Stiles EW (2001) Seed longevity in three pairs of native and non-native con-
geners: assessing invasive potential. Northeastern Naturalist 8: 301-310. https://doi.
0rg/10.2307/3858486

Van Kleunen M, Weber E, Fischer M (2010) A meta-analysis of trait differences between inva-
sive and non-invasive plant species. Ecology Letters 13: 235-245. https://doi.org/10.1111/
j-1461-0248.2009.01418.x

Vila M, Espinar JL, Hejda M, Hulme PE, Jarosik V, Maron JL, Pergl J, Schaffner U, Sun'Y,
Pysek P (2011) Ecological impacts of invasive alien plants: a meta-analysis of their ef-
fects on species, communities and ecosystems. Ecology Letters 14: 702-708. https://doi.
org/10.1111/j.1461-0248.2011.01628.x

Wickham H (2016) ggplot2: elegant graphics for data analysis. Springer-Verlag, New York.

Wickham H, Frangois R, Henry L, Miiller K (2018) dplyr: a grammar of data manipulation.
R package version 0.7.6. https://CRAN.R-project.org/package=dplyr

Wilsey BJ, Barber K, Martin LM (2015) Exotic grassland species have stronger priority effects
than natives regardless of whether they are cultivated or wild genotypes. New Phytologist
205: 928-937. https://doi.org/10.1111/nph.13028

Supplementary material |

Figure S1. Seed burial in the field

Authors: Hana Skélov4, Lenka Moravcovd, Jan Cuda, Petr Pysek

Data type: multimedia

Copyright notice: This dataset is made available under the Open Database License
(http://opendatacommons.org/licenses/odbl/1.0/). The Open Database License
(ODDL) is a license agreement intended to allow users to freely share, modify, and
use this Dataset while maintaining this same freedom for others, provided that the
original source and author(s) are credited.

Link: https://doi.org/10.3897/neobiota.50.34827.suppl1

Supplementary material 2

Figure S2. Correlation matrix of selected environmental variables on seed germi-

nation in March 2009 and seed dormancy in May 2009

Authors: Hana Skélov4, Lenka Moravcovd, Jan Cuda, Petr Pysek

Data type: statistical data

Copyright notice: This dataset is made available under the Open Database License
(http://opendatacommons.org/licenses/odbl/1.0/). The Open Database License
(ODDL) is a license agreement intended to allow users to freely share, modify, and
use this Dataset while maintaining this same freedom for others, provided that the
original source and author(s) are credited.

Link: https://doi.org/10.3897/neobiota.50.34827 .suppl2



Seed-bank dynamics of native and invasive Impatiens species... 95

Supplementary material 3

Figure S3. Daily soil temperatures across the four localities since seed burial in

November 2008 until April 2009

Authors: Hana Skélov4, Lenka Moravcovd, Jan Cuda, Petr Pysek

Data type: multimedia

Copyright notice: This dataset is made available under the Open Database License
(http://opendatacommons.org/licenses/odbl/1.0/). The Open Database License
(ODDL) is a license agreement intended to allow users to freely share, modify, and
use this Dataset while maintaining this same freedom for others, provided that the
original source and author(s) are credited.

Link: https://doi.org/10.3897/neobiota.50.34827.suppl3

Supplementary material 4

Table S1. Changes in germination and dormancy percentage for three Impatiens

species over time

Authors: Hana Skélov4, Lenka Moravcovd, Jan Cuda, Petr Pysek

Data type: statistical data

Explanation note: Changes in germination and dormancy percentage (mean + stan-
dard error) for three Impatiens species (i.e. G = L glandulifera, N = I noli-tangere
and P = I parviflora) over time.

Copyright notice: This dataset is made available under the Open Database License
(http://opendatacommons.org/licenses/odbl/1.0/). The Open Database License
(ODDL) is a license agreement intended to allow users to freely share, modify, and
use this Dataset while maintaining this same freedom for others, provided that the
original source and author(s) are credited.

Link: https://doi.org/10.3897/neobiota.50.34827 .suppl4






NeoBiota 50: 97—108 (20 | 9) A peer-reviewed open-access journal

doi: 10.3897/neobiota.50.37587 RESEARCH ARTICLE %ﬁ NCOBlOta

http://neobiota.pensoft.net Advancing research on alien species and biological invasions

Using verified citizen science as a tool for monitoring
the European hornet (Vespa crabro) in the island of
Sardinia (Italy)

Michelina Pusceddu', Ignazio Floris', Roberto Mannu!,
Arturo Cocco', Alberto Satta'

| Dipartimento di Agraria, Sezione di Patologia vegetale ed Entomologia, Universita di Sassari, viale Italia
39, 07100 Sassari, Italy

Corresponding author: Alberto Satta (albsatta@uniss.it)

Academic editor: Sven Bacher | Received 21 June 2019 | Accepted 17 August 2019 | Published 2 October 2019

Citation: Pusceddu M, Floris I, Mannu R, Cocco A, Satta A (2019) Using verified citizen science as a tool for monitoring
the European hornet (Vespa crabro) in the island of Sardinia (Italy). NeoBiota 50: 97-108. https://doi.org/10.3897/
neobiota.50.37587

Abstract

The European hornet, Vespa crabro L. (Hymenoptera: Vespidae), is a eusocial insect native to Eurasia that
was accidentally introduced in the island of Sardinia (Italy) in 2010. This alien generalist predator could
impact on native insect species through predation or competition by modifying interspecific relations in
sensitive island ecosystems. As part of the Interreg project ALIEM, the present work regarded the first
monitoring activity of the European hornet conducted in Sardinia by means of verified citizen science.
The main goals of this study were to define the distribution area of the wasp in 2018 and evaluate the
profile and the performance of citizen scientists. Our results showed that V. crabro is mainly located in
north-eastern Sardinia and that the hotspot was probably the commercial port of Olbia. Furthermore,
data provided by contributors were very accurate and none of the parameters considered to define the
participants (age, gender, education level, job category) was a true predictor of a volunteer’s ability to rec-
ognise the wasp. In conclusion, this small-scale study suggests that citizen scientists could be a valuable aid
to monitor already-established alien species and could be part of a surveillance network for early detection
of other potentially invasive alien species not yet introduced in Sardinia, such as the yellow-legged hornet,
Vespa velutina, which is already present in northern Italy.
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Introduction

The European hornet, Vespa crabro L. (Hymenoptera: Vespidae), is a social insect native
to Eurasia (Carpenter and Kojima 1997), being distributed from Japan to the Iberian
peninsula. Due to its predation ability, V crabro was voluntarily introduced and suc-
cessfully established in North America in the mid-nineteenth century as a predator of
forest-damaging caterpillars (Shaw and Weidhaas 1956). This species was accidentally
introduced to Central America in 2010, even though it does not seem to have estab-
lished (Landolt et al. 2010). The European hornet constructs large paper nests mainly
in hollow trees, but it is also able to colonise abandoned bechives, hollow walls and
other building cavities (Matsuura and Yamane 1990). Several subspecies of the Euro-
pean hornet are distributed around the world. Amongst these, V. crabro crabro is widely
spread in Italy (Carpenter and Kojima 1997; Dubatolov et al. 2003; Fernindez 2004).

In Sardinia, the second largest island in the Mediterranean basin, the presence
of V. crabro was first reported by Costa (1883), but specimens were not kept in any
entomological collection and this report was not confirmed in the following years. In
fact, no specimens of V. crabro from Sardinia were reported in the studies of Guiglia
(1948, 1972) on Italian and European wasps. Subsequently, its absence in the island
was noted in the checklist of the Italian fauna (Stoch 2003). Conversely, this species
is present in other Mediterranean islands, such as Corsica and Sicily. The presence of
V. crabro in Sardinia was ascertained only in August 2010, based on several findings of
this species in Cannigione (municipality of Arzachena) (41°05'07"N, 9°25'52"E). The
collected specimens were identified and stored in the entomological collections of the
University of Sassari and University of Cagliari (Italy).

Surveillance and monitoring of alien species over large areas require a large amount
of funding and personnel. Unfortunately, these resources are often scarce, thus result-
ing in a lack of information about current and potential invasions (Delaney et al. 2008;
Crall etal. 2010). As a consequence, invasive species continue to spread throughout the
world, resulting in economic and environmental damage (Mack et al. 2000; Pimentel
et al. 2005; Stohlgren and Schnase 2006; Beggs et al. 2011; Lester and Beggs 2019).

Monitoring by “citizen scientists” can be an alternative means to solve this prob-
lem, because it requires fewer resources (Lodge et al. 2006). Although volunteer-based
monitoring reduces research costs, the decrease in the accuracy of data collected by
citizen scientists in comparison to those collected by few experts must be carefully
considered (Ericsson and Wallin 1999; Genet and Sargent 2003). Nevertheless, the
great sampling power derived by a high number of volunteers could offset the great-
er variability in collected data (Schmeller et al. 2009). Two types of citizen science
methods have been recently proposed as follows: “direct”, without data verification
and “verified”, in which all observations collected by citizen scientists are verified by
“true researchers” (Gardiner et al. 2012). Previous studies showed that citizen scientists
could identify large organisms very well (Bloniarz and Ryan 1996), whereas they often
misidentified inconspicuous species (Mumby et al. 1995; Brandon et al. 2003; Genet
and Sargent 2003). In general, insects are difficult to identify because of their small size
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and great variation in morphological features, even within the same taxonomic group.
Few studies have assessed the accuracy of the identification of insects made by citizen
scientists (Gardiner et al. 2012; Ratnieks et al. 2016; Roy et al. 2016). Previous citizen
science studies evaluated different parameters such as age, education, experience, sci-
ence literacy and attitudes (Crall et al. 2011), as well as size of the species monitored
(Delaney et al. 2008), as predictors of volunteer’s ability to collect data. However, no
studies have considered whether there are predictors of voluntary participation that
could be used to facilitate the recruitment of citizens in citizen science programmes.

In this study, as a part of the Interreg ALIEM project “Action pour Limiter les
risques de diffusion des espéces Introduites Envahissantes en Méditerranée” (heep://
interreg-maritime.eu/web/aliem), the monitoring of the European hornet was under-
taken for the first time in Sardinia (Italy) in 2018. The project involves institutional
partners from five border territories of France and Italy and aims to develop adequate
tools for early detection of invasive pests and a cross-border observatory for flora and
fauna. Considering that V crabro is a large insect that can be easily noticed and that
other similar hornet species are not present in Sardinia, we monitored its distribution
in the island by using verified citizen science, as already done for other insect species in
other regions of Italy (Mason et al. 2015). Our main goal was to determine the area of
spread of the European hornet in Sardinia after its introduction in 2010. Furthermore,
in order to better define the specific profile of the citizen scientist, we analysed the
features of citizens (age, gender, education level and job) who joined our monitoring
programme. Finally, this study assessed the general accuracy of the data collected by
volunteers in relation to the features considered.

Materials and methods

Volunteer recruitment

The promotion of the monitoring and reporting activities was performed in 2017 with
a publicity campaign conducted throughout Sardinia. The participants were recruited
through the following channels: 1) advertisements posted online; 2) leaflets distributed
in public meeting places (e.g. bars); 3) public seminars and meetings; 4) articles pub-
lished in local newspapers and 5) informative documents sent via email to municipali-
ties, research centres, environmental organisations and institutions located in Sardinia.
Citizens were asked to report V. crabro nests and/or adults and were invited to place
a home-made funnel-type trap in their own property (e.g. farm) to monitor V. crabro
adults. The trap contained 33 centilitres of beer as bait and had to be checked by citi-
zens every two weeks.

The protocol guidelines for citizens were disseminated online and on paper and
consisted of the following activities: 1) supply of information about the project to raise
public awareness of the importance of monitoring and to encourage participation in
the programme; and 2) release of a guide and a form to be filled in with personal infor-
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mation and European hornet report data to recruited participants. The identification
guide outlined the main morphological characteristics of V. crabro compared to those
of the German yellow jacket, Vespula germanica, the most common wasp in Sardinian
environments and the yellow-legged hornet, Vespa velutina, not reported in the island
so far, but already present in some Italian regions (Liguria and Piedmont). The latter
species was included in the guide in order to create a prevention surveillance network
because of its negative impact in the areas of new introduction (Choi et al. 2012).

Hornet data collection

All volunteers were asked to report nests or individuals of the European hornet found
in 2018, by including information about date, place (geographic coordinates) and
habitat type (urban or rural). Participants were also encouraged to provide other in-
formation, such as environmental sub-category (e.g. forest, agricultural, apiary, inside a
building and garden) and horner behaviour (e.g. in flight, predating bees or other preys
and eating fruit). In order to verify the accuracy of the report, citizens were required to
provide photos, videos or hornet samples as evidence. Alternatively, the citizen report
was validated through site inspection by researchers.

Participant evaluation

Personal details of participants (i.e. age, gender, education level and job) were classified
as follows: age below or above the median age of participants; male or female; middle
school, high school or university education level; and, finally, outdoor, office or institutional
job. The different job types were selected according to their likelihood of finding and/
or reporting the presence of the European hornet. In particular, outdoor workers are
likely to come into contact with local flora and/or fauna and thus detect and report the
disturbance or damage caused by the European hornet. Office workers are less likely to
be in contact with nature and recognise the presence of the hornet. Finally, institutional
employees, who work for the government and might work indoors and/or outdoors
(mixed category), have the common characteristic of being likely to report the presence
of V. crabro due to a sense of duty towards citizens. In order to measure the accuracy
of the data collected by volunteers, all reports were verified by researchers and analysed
as a whole and within the categories chosen in this study. Citizens were also asked to
specify the channel through which they became aware of the monitoring programme.

Statistical analyses

Differences in the frequency of correct and incorrect reports (i.e. data accuracy) were
analysed separately for each predictor (age, gender, education level and job) using chi-
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squared tests (two-way tests). A chi-squared test was also used to measure the pro-
portional difference in identification accuracy between nests and single-individual re-
ports. To reduce the chances of a type I error, continuity correction was used for the
chi-squared test because the sample size was less than 200 (Sokal and Rohlf 1981). A
binomial exact test was used to test for differences in the frequency of reports from
urban and rural areas. All statistical analyses were conducted using R software (R Core
Team 2018).

Results

From May to November 2018, the European hornet was reported 125 times, out of
which 41 (32.8%) referred to nests and 84 (67.2%) to single adults. The number of
correct reports was 101 (80.8%). Vespa crabro was found in a large area of north-east-
ern Sardinia covering approximately 6000 km?” and corresponding to 20% of the total
regional area. Correct records were collected between 40°21'44"N, 8°48'50"E (Fig. 1).
All the incorrect reports (7 = 24) were recorded outside this area. Most reports were
concentrated in the surroundings of the commercial port of Olbia (Fig. 2). The total
number of reports received from rural areas (7 = 67) was significantly higher than that
of urban areas (7 = 34) (Binomial test, P < 0.01).

The accuracy of recognition was greater for hornet’s nests than individuals (95.1%
vs. 73.8%, respectively) (y = 6.75, df = 1, P = 0.009). The most common error made
by citizen scientists was the misidentification of V. crabro with other species belonging
to the genera Scolia and Eumenus. The report accuracy was not affected by the four
selected predictors considered (age: y = 0.322, df = 1, P = 0.569, Fig. 2A; gender: y =
0.007, df =1, P=0.930, Fig. 2B; education level: y = 0.667, df =2, P=0.716, Fig. 2C;
job category: y = 1.616, df = 2, P = 0.445, Fig. 2D).

The average profile of the citizen scientists who voluntarily participated in the
monitoring programme can be summarised as follows: male (68% of reports), mean
age 46.5 £ 0.9 years old, with an outdoor work (55% of cases) and high-school level
of education (46%).

The most effective channel for spreading the information about the monitoring
programme amongst citizens was word of mouth (from us or amongst citizens), with
56% of reports, followed by online notices (42.4% of cases) and, finally, newspaper ad-
vertising, with only 1.6% of reports.

Discussion

Based on the monitoring activity of V. crabro carried out in Sardinia during 2018 by
a citizen science programme, the distribution of the European hornet is restricted to
the north-east of the island. In addition, considering the location of the majority of re-
ports, the hotspot for introduction of this wasp is likely associated with the Olbia sea-
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port, which represents a point of continuous commercial traffic (e.g. timber transport)
between Sardinia and the Italian peninsula and other European and extra-European
countries. In fact, the introduction of potentially invasive species in new areas takes
place mainly through human and goods traffic (Spradbery and Maywald 1992; Hulme
2009; Beggs et al. 2011; Lester and Beggs 2019). For example, fecundated queens
could have been easily introduced through timber import (Beggs et al. 2011; Lester
and Beggs 2019).

The present hornet distribution in Sardinia and the fact that V. crzbro had not been
confirmed before 2010 suggest that the report of Costa (1883) was probably incorrect.
An alternative, but less probable, hypothesis could involve the extinction of the spe-
cies in the island and its subsequent re-introduction. Future genetic studies could shed
light on the introduction pattern of V. crabro in Sardinia.

In order to establish in a new region, the introduced queens have to find a nest,
adapt to the new environment (e.g. climate), find food, resist new pathogens, escape
predators and overcome native competitors (Lester and Beggs 2019). The high fertility
of a single queen is one of the main characteristics that make social Vespidae a highly
successful invasive species and difficult to eradicate all over the world (Beggs et al.
2011). Therefore, nest foundation is clearly a key moment in the adaptation process,
which acts by selecting the most suitable characteristics to promote invader dispersal.
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Figure 2. Percentage incidence of valid and invalid reports in: A citizens below and above the median age
of participants (48 years) B male and female volunteers € participants with a middle school, high school
and university education level D participants with an outdoor, office and institutional job. No significant
differences were observed for any of the comparisons made.

The response of a species to a new environment can vary greatly and a non-harmful
species in its native region can exhibit invasive behaviour in areas of new introduction
(Monceau et al. 2015a). In fact, the introduction of alien generalist predators may im-
pact the food web, by modifying the interspecific relationships through predation and/
or competition (Snyder and Evans 2006; Bourdeau et al. 2011). This is the case for
V. germanica, which is a harmless species to honeybees in its native region (Pusceddu
et al. 2018), but becomes a threat in areas where it is introduced (Lester and Beggs
2019). Despite having a preference for bees as food source (Cini et al. 2018), V. cra-
bro is known as a mild predator of Apis mellifera in Europe (Morse and Nowogrodzki
1990), being subjected to protection measures in Germany since 1987 (Monceau et
al. 2015b). This probably depends on the long process of arms-race co-evolution that
involves prey and predator (Baracchi et al. 2010; Pusceddu et al. 2017). However,
specific studies on impacts of the European hornet as alien species are missing. In addi-
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tion, the congeneric species V. velutina and V. orientalis, which share a similar seasonal
phenology (Monceau et al. 2015b) and food preferences (Cini et al. 2018) with V/
crabro, have not yet been reported in Sardinia.

The lack of native competitors, the favourable climate and the availability of nest-
ing sites (e.g. ancient olive groves) could facilitate the spread of V. crabro throughout
the island. This paper provides basic information on the spread of V. crabro in an in-
troduced area, but further studies are needed to understand its expansion speed and its
economic and ecological impact on sensitive insular ecosystems.

The highest number of reports of V. crabro in September and October (28 and 26,
respectively) is in line with the seasonal biology of this species (Matsuura and Yamane
1991). In fact, nest foundation by a mated queen occurs in spring, with the colony
growing from summer until the end of autumn, when new queens emerge, mate and
overwinter, while males and the colony die (Matsuura and Yamane 1991). As a result,
citizens become more aware of the presence of hornets when colonies are in full expan-
sion. In addition, the potential impact of the European hornet on human activities
partly explains the high interest of volunteers.

A higher number of reports was received from rural areas as compared with that
received from urban areas. This is an interesting result considering that citizens’ reports
tend to arrive most frequently from the most populated areas. However, this result can
be explained considering that the hornet shows a preference for nesting in the country-
side (e.g. hollow trees) (Matsuura and Yamane 1991).

This pilot study highlights the fact that citizen scientists can be a valuable aid to
integrate data on large areas (Lye et al. 2012; Roy et al. 2015). In fact, citizen identifi-
cation was highly accurate (about 80%), which is considered as an acceptable accuracy
percentage in ecological studies (Cohn 2008). Our results are even more encouraging,
considering that citizen training was very limited. However, it is important to high-
light that the high proportion of correct reports was also due to the absence of other
hornet species, which could be misidentified with V. crabro by the citizens, in Sardinia.
Despite this, participants were more accurate in identifying nests than individuals, as
a consequence of misidentification of hornet adults with similar vespid species. There-
fore, the most common identification errors observed in the present study will be used
to improve the future monitoring protocols by including Scolia spp. and Eumenus spp.
pictures in the next identification guide.

The participation of volunteers from various areas of the island, including those
where the hornet was not present, highlighted that the publicity campaign was effec-
tive throughout the whole island. Volunteers represent a large free work force and often
have more access to private land compared to scientists, which is a major advantage in
relation to the early detection of alien species (Lepczyk 2005), but their recruitment is
sometimes difficult. Furthermore, volunteers are reluctant to perform routine proce-
dures and observations repeated in time (Delaney et al. 2008), as found in our study,
where only two out of 125 participants reported data from trap captures.

This paper also outlined the profile of the citizen willing to participate in the public
monitoring of V. crabro. Participants were mainly middle-aged males with a medium
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education level and working in contact with nature. This result was not influenced by
the demographic trend of the Sardinian population, as the number of middle-aged
males and females in Sardinia in 2018 was very similar (49.9 % vs 50.1 %) (http://dati.
istat.it/Index.aspx?DataSetCode=DCIS_POPRES1#). It was also shown that volun-
teer success in identifying the European hornet did not depend on the parameters in-
vestigated in this study (age, gender, education level and job). Although no significant
differences were observed amongst job categories, outdoor workers showed a higher
proportion of valid reports, indicating that a better predictor for identification ac-
curacy could be citizen occupation. This suggests that working in contact with nature
provides citizens with a direct experience with the European hornet, thus facilitating
its correct identification. Finally, despite the small scale of this study, our results suggest
that the public monitoring network of V. crabro in Sardinia could play a key role in the
protection of insular ecosystems and it could also represent a valuable early-detection
tool for other alien vespid species, such as V. velutina, already present in northern Iraly
(Demichelis et al. 2014; Lioy et al. 2019).
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Abstract

Invasive Alien Species (IAS) are amongst the most significant drivers of species extinction and ecosystem
degradation, causing negative impacts on ecosystem services and human well-being. InvasiBES, a project
funded by BiodivERsA-Belmont Forum for 2019-2021, will use data and models across scales, habitats
and species to understand and anticipate the multi-faceted impacts of IAS and to provide tools for their
management. Using Alien Species Narratives as reference, we will design future intervention scenarios
focused on prevention, control and eradication of IAS in Europe and the United States, through a par-
ticipatory process bringing together the expertise of scientists and stakeholders. We will also adapt current
impact assessment protocols to assess both the detrimental and beneficial impacts of IAS on biodiversity
and ecosystem services. This information will then be combined with maps of the potential distribution of
Invasive Species of Interest in Europe under current and future climate-change scenarios. Likewise, we will
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anticipate areas under risk of invasion by range-shifting plants of concern in the US. Finally, focusing on
three local-scale studies that cover a range of habitats (freshwater, terrestrial and marine), invasive species
(plants and animals) and ecosystem services (supporting, provisioning, regulating and cultural), we will use
empirical field data to quantify the real-world impacts of IAS on biodiversity and ecosystem services and
calculate indicators of ecosystem recovery after the invader is removed. Spatial planning tools (InVEST)
will be used to evaluate the costs and benefits of species-specific intervention scenarios at the regional scale.
Data, models and maps, developed throughout the project, will serve to build scenarios and models of
biodiversity and ecosystem services that are relevant to underpin management of IAS at multiple scales.

Keywords
alien species, biodiversity, climate change, ecosystem services, management scenarios, Nature’s Contribu-
tion to People, non-native species, participatory planning, risk assessment, species distribution models.

Introduction

Biological invasions are considered a direct driver of biodiversity loss and have pro-
nounced negative impacts on supporting, provisioning, regulating and cultural ser-
vices (Vila and Hulme 2016). Both the numbers and distributions of invasive species
are increasing in many parts of the world (Seebens et al. 2017), to the extent that the
biogeographic distinctiveness of different regions is becoming blurred (Capinha et al.
2015). The costs of invasive species, currently estimated at €12.5 to 20 billion per year
in Europe (Kettunen et al. 2008) and $120 billion per year in the US (Pimentel et al.
2005), are likely underestimated and will escalate with time (Bradshaw et al. 2016).
These costs mostly arise from economic loss in the agriculture, forestry, energy and
health sectors, diminished delivery of ecosystem services and cost of controlling and
eradicating unwanted species. Past research on biological invasions has mainly focused
on the ecological factors determining the species success and distribution, treating
ecosystem services only marginally and focusing on particular species, habitats or eco-
system functions, such as nutrient and water cycling. Moreover, current knowledge
on the impacts of biological invasions on ecosystem services is strongly biased towards
terrestrial habitats and services that have marketable values (agriculture yields, forestry
production, human health), whereas aquatic habitats and non-marketable services are
largely ignored (Vila and Hulme 2016). By synthesising knowledge across habitats
(terrestrial, freshwater and marine) and scales (continental to local), the project Inva-
siBES (http://elabs.ebd.csic.es/web/invasibes), funded through the 2017-2018 Joint
BiodivERsA-Belmont Forum Call on “Biodiversity Scenarios and Ecosystem Services”,
aims to provide a comprehensive understanding of the multi-faceted impacts of bio-
logical invasions on biodiversity and ecosystem services. Within this general frame-
work, InvasiBES has identified a number of research needs associated with invasive
species and ecosystem services.

The challenges posed by biological invasions in a global-change context have
prompted a strong policy response at international and national levels (Turbelin et
al. 2016). To support new regulations, researchers have developed standard protocols
to systematically evaluate and prioritise impacts, including the Environmental Impact

Classification of Alien Taxa-EICAT (Blackburn et al. 2014; Hawkins et al. 2015) for bi-
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odiversity and the Socio-Economic Impact Classification of Alien Taxa-SEICAT (Bacher
etal. 2017) for human well-being. Such tools are fundamental to evaluate the costs and
benefits of plausible intervention scenarios to maintain ecosystem services. This is espe-
cially important in cases where invaders are perceived by society as having both positive
and negative impacts, depending on the sector under consideration (e.g. invasive plants
increase forage production but reduce pollination) or when management options are
controversial due to ethical concerns (e.g. culling introduced animals) or for economic
reasons (e.g. if cost-effectiveness of management actions is unclear, such as when the
species is already widespread). InvasiBES will evaluate the beneficial and detrimental
impacts of invasive species for an unbiased evaluation of the costs and benefits for
society and ecosystems of intervention scenarios. This knowledge is fundamental for
designing pro-active management plans that can effectively address the invasion threat.

Climate change introduces an additional challenge for management because species’
ranges are shifting in response to warming temperatures (Walther et al. 2009). Climate
change is expected to alter the vectors and pathways of invasion, enabling some species
to expand into regions where they previously could not survive and reproduce (Dukes
and Mooney 1999). Unprecedented arrivals of new colonisers, as well as range expan-
sions of established invaders, are thus expected. Yet, which species, regions and ecosys-
tem services will be most affected by climate change remains unknown. At the same
time, climate change modelling provides a unique opportunity to identify areas under
risk, thereby preventing and eradicating range-shifting species before they become wide-
spread and problematic. The intervention scenarios envisioned by InvasiBES will con-
sider the interactions between invasive species and climate change to ensure the most ef-
fective protection of biodiversity and ecosystem services in the context of global change.

Continental assessments of invasion risk are useful to guide trans-national policy
development. However, the impacts caused by biological invasions on ecosystem ser-
vices are strongly context-dependent, varying markedly between species and habitats
(Kumschick et al. 2015). To support local-scale management, quantifying how eco-
system services differ in invaded vs. uninvaded sites across a range of systems is criti-
cal. Moreover, local-scale analysis provide a means to explore the degree of ecosystem
recovery once the species has been removed, which is a key aspect to risk assessment
that is difficult to determine. Focusing on three local-scale studies that cover a range of
habitats (freshwater, terrestrial and coastal), invasive species (plants and animals) and
ecosystem services (supporting, provisioning, regulating and cultural), InvasiBES will
use field data to evaluate the real-world costs and benefits of IAS management.

Objectives
In the framework of the research needs identified above, the InvasiBES objectives are to:
*  Develop intervention scenarios of invasive species management in Europe and the

US. These intervention scenarios will be representations of possible futures that evalu-
ate the effects of alternative management options and levels of policy implementation.
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* Adapt and test impact assessment protocols to consider both the beneficial and
detrimental effects of non-native species on biodiversity and ecosystem services.

*  Evaluate current and future impacts of key invasive species of interest on biodiver-
sity and ecosystem services in Europe and the US.

*  Evaluate the effects of particular invasive species on biodiversity and ecosystem ser-
vices at the local to regional scale and compare them with previous continental assess-
ments.

Structure

Employing a multi-disciplinary combination of techniques, the objectives of Invasi-
BES are addressed in five interlinked work packages (Fig. 1).

WP 1. Participatory planning and evaluation of scenarios of invasive species and
ecosystem services

The main objective of this work package (WP) is to develop future intervention sce-
narios of invasive species management together with other scientists and stakehold-
ers through a process of Participatory Scenario Planning (PSP). This is an increas-
ingly used tool that facilitates exploration of the future evolution of complex systems,
thereby providing information for decision-making (Palomo et al. 2017). First, we will
select a number of Invasive Species of Interest in Europe and the United States that
will be the focus of research in the following WPs. In Europe, between 20 and 50 spe-
cies will be selected to cover various habitats (freshwater, terrestrial, marine), stages of
invasion (non-established through to widespread) and impacts (Minimal to Massive,
positive and negative). The selection of species will accommodate the research needs of
all WPs, which may focus on subsets of the species list, depending on the WP’s objec-
tives, data and resources availability. Priority will be given to species already included
or expected to be included in the “List of IAS of EU concern”, a list of 49 (+18 can-
didates) plants and animals whose management has been prioritised by the European
Union under Regulation 1143/2014. In the absence of similar official species listings
in the US, we will first collate information about the impacts of invasive species on
biodiversity and ecosystem services with EICAT and then select 100 high-risk plants
and marine organisms.

Intervention scenarios will use as reference the Alien Species Narratives (ASNs),
developed by AlienScenarios (https://alien-scenarios.org/, Essl et al. 2019), another
BiodivERsA-Belmont Forum project closely related to InvasiBES. ASNs are qualitative
narratives of plausible futures of global invasive species richness (Lenzner et al. 2019)
that will serve as a framework to explore the impacts of different levels of policy imple-
mentation. For InvasiBES, we envision two extreme possible intervention situations:
under a worst-case scenario, invasive species are not managed and, by 2050, they are
able to fill their potential climate range modelled in WPs 3 and 4, fostered by increas-
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Figure |. InvasiBES aims to use scenarios and models to understand and manage the impacts of Invasive
Alien Species on biodiversity and ecosystem services. First, we will develop intervention scenarios with
other scientists and stakeholders and select Invasive Species of Interest for the project (WP 1). Second,
we will use standard protocols such as EICAT and SEICAT (S/EICAT) to evaluate the impacts of spe-
cies on biodiversity and ecosystem services (WP 2). This information will then be combined with species
distribution models (SDM) under current and future climate conditions in Europe and the US (WP3-
4). Local-scale studies combining field data and scenario generation (through InVEST) will be used to
evaluate the real-world costs and benefits of IAS management (WP5). Deliverables of the project include
spatially-explicit assessments of the threat posed by invasive species to biodiversity and ecosystem services
under a range of climate-change and intervention scenarios.

ing globalisation. Under a best-case scenario, international co-ordinated actions prevent
the arrival of new invaders — through, for instance, border control and trade regula-
tions — and existing invasive species are managed via eradication techniques and eco-
logical restoration. In between, a number of scenarios can be drawn, ideally through a
participatory process involving stakeholders with practical experience in environmen-
tal management and ecosystem restoration. In all cases, intervention scenarios will
consider all stages of the invasion process and the cost-effectiveness, practicality and
acceptability of alternative management options (following Booy et al. 2017).

WP 2. Evaluating the positive and negative impacts of invasive species on biodi-
versity and ecosystem services

The main objective of this WP is to adapt and validate impact assessment protocols
considering both the detrimental and beneficial impacts of invasive species on biodi-
versity and ecosystem services. The impact assessment protocol, EICAT (Blackburn
et al. 2014; Hawkins et al. 2015) — and its adaptation to include socio-economic im-
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pacts, SEICAT (Bacher et al. 2017) — will be used to score impacts on biodiversity and
ecosystem services of Invasive Species of Interest in five levels, from Minimal Concern
to Massive. For example, provisioning ecosystem services are considered in SEICAT
through impacts on “Material and immaterial assets” (e.g. agriculture, fisheries etc.),
supporting ecosystem services are captured in EICAT mechanisms “Chemical, physical
or structural impact on ecosystemns” and cultural ecosystem services through SEICAT
“Social, spiritual and cultural relations”. EICAT has the advantage that it has been
adopted by the IUCN and, thus, our implementation at the continental scale can be
used as a proof-of-concept for international adoption of the protocol.

Both EICAT and SEICAT (S/EICAT hereafter) classifications include estimations
of uncertainty, but currently consider only detrimental impacts. In this project, we aim
to adapt them to also quantify beneficial impacts (e.g. providing food for native species
or humans, cultural values as recreational fishing and hunting) that are important to
resolve management conflicts. We aim to measure positive impacts at a similar 5-point
scale as detrimental impacts (e.g. by quantifying how much native species or human
activities benefit from the presence of an invasive species), plus a 3-point scale uncer-
tainty estimation (low-medium-high). Such consistency will facilitate the comparison
of detrimental and beneficial impacts. We will test the adaptation using the Invasive
Species of Interest selected in WP1 across a wide range of taxa and habitats. We will
ensure that the selection of species for testing will include species with presumably
detrimental and beneficial impacts.

WP 3. Modelling and mapping the impacts of invasive species on biodiversity and
ecosystem services in Europe

Under the framework of this WP, we will model and map the potential impacts of Inva-
sive Species of Interest on biodiversity and ecosystem services in Europe under current
and future 2050 climate-change scenarios. Distribution modelling techniques already
employed in Gallardo et al. (2017) will be used to correlate the presence of Invasive
Species of Interest in Europe with the environmental conditions of their native and
introduced range. We will use these models to predict the expansion of species under
current and future 2050 scenarios, identifying regions of maximum concern because of
their susceptibility towards invasion. SDMs will account for uncertainty in data avail-
ability through: i) bias-analyses of occurrence data; ii) modelling approach, through
the use of ensemble models combining multiple modelling settings; and iii climate
change forecasts, by exploring multiple IPCC scenarios.

Potential impacts of invasive species will be calculated by integrating species-specific
S/EICAT scores with maps of predicted distributions and ecosystem services supply. To
that end, we will build on the approach used by Nentwig et al. (2010) to assess the eco-
logical and economic impacts of invasive mammals in Europe. First, we will gather from
literature the existing maps reflecting ecosystem services (e.g. pollination, leisure, water
purification, all available at European scale through the Joint Research Centre, https://
data.jrc.ec.europa.cu/) and/or target assets (e.g. human population density in the case
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of invaders causing human health problems) that are directly affected by Invasive Spe-
cies of Interest. Then we will combine distribution maps of species affecting a particular
ecosystem service/asset to identify areas with high provision-high risk of invasion. As
the impacts of invasive species are highly context-dependent, we will necessarily assume
that the potential impacts of selected invaders are similar across Europe, a precautionary
principle common in invasion biology. Local case studies (WP5) will better explore the
spatio-temporal variability of impacts and allow comparing projections across scales.

Finally, we will use the Non-Native Risk Management (NNRM) scheme of Booy
et al. (2017) to translate the general intervention scenarios developed in WP1 into
species-specific scenarios. This scheme provides a structured evaluation of manage-
ment options for current and future invasive species that, similar to S/EICAT, uses
semi-quantitative responses and uncertainty scores to assess seven feasibility criteria:
effectiveness, practicality, cost, impact, acceptability, opportunity and likelihood of
re-invasion. We will finally compare the potential costs and benefits of alternative in-
tervention scenarios in terms of biodiversity and ecosystem services.

Data, maps and models generated in this package will provide spatially-explicit es-
timations of the threats posed by IAS to biodiversity and ecosystem services in Europe
and their potential evolution under a range of climate and management scenarios.

WP 4. Assessing and mapping the impacts of invasive species on biodiversity and
ecosystem services in the US

In this WP, we will identify range-shifting invasive plants that have not yet been re-
ported in parts of the US but are projected to expand with climate change. This will
help anticipating the threat posed by invasive species to biodiversity and ecosystem
services under alternative intervention scenarios. We will first develop a database syn-
thesising all ecological, agricultural, economic and human health impacts reported in
the scientific literature and use S/EICAT protocols to evaluate impacts. Then we will
capitalise on available occurrence data to model the potential distribution of ca. 100
range-shifting invasive plants. This approach is focused on emergent threats, whereas
established species with the potential to become invasive under climate change, often
called sleeper species (Crooks 2005), are out of the scope of this project.

WP 5. Impacts of invasive species on biodiversity and ecosystem services at the

local scale

This WP aims to advance the empirical understanding of invasive species impacts on
biodiversity and ecosystem services and their context-dependency. At the local scale,
a number of invaded and uninvaded sites across freshwater, terrestrial and marine
habitats will be selected to measure impacts on biodiversity and ecosystem services
(Table 1). In addition, physical removal experiments with minimal disturbance to
non-target species will be used to follow changes in ecosystem properties after resto-
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Table |. Characteristics of local scale studies foreseen in WP5.

Habitat Location Targeted invasive species Targeted ecosystem services Control techniques
Freshwater | Lower Ebro Freshwater invertebrates Supporting (biodiversity maintenance), Physical removal
River and delta, (Pomacea spp., Callinectes regulating (water quality), provisioning (food Exclusion
NE Spain sapidus) provision) and cultural (aesthetic, recreation) experiments
Terrestrial | Grasslands, SE Terrestrial plants (Solidago Regulating (pollination, biodiversity Physical removal
France gigantea, Impatiens glandulifera) | maintenance), supporting (carbon storage) experiments
and provisioning (forage production)
Marine Marine habitats, Marine invertebrates Supporting (habitat quality and biodiversity Physical removal

California, USA

(Watersipora subtorquata,
Mexacanthina lugubris)

maintenance), regulating (carbon
sequestration and water quality), provisioning
(food production) and cultural (aesthetic,
recreation and environmental education)

experiments

Figure 2. Focal invasive species that will be investigated during InvasiBES in three local case studies
planned in the Ebro River (Spain) (@) the blue crab (Callinectes sapidus) and (b) apple snail (Pomacea cana-
liculata); the French Alps lowlands (c) the Canadian goldenrod (Solidago canadensis) and (d) Himalayan

Balsam (Impatiens glandulifera); and in marine habitats of California (e) the red-rust bryozoan (Watzersi-

pora subtorquata) and (f) the dark unicorn sea snail (Mexacanthina lugubris). (All photos licensed through
CC BY-SA 3.0).
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ration. Our aim is to measure biodiversity and ecosystem services under the general
assumption that restored sites will fall somewhere in between invaded and uninvaded
treatments. This simple assumption has been rarely tested in the field, but plays an
important role in differentiating major from massive impacts in S/EICAT protocols.
Finally, we will use the software InVEST (https://naturalcapitalproject.stanford.edu/
invest/) to spatially model the provision of ecosystem services, biodiversity and trade-
offs at the local/regional scale (Nelson et al. 2009). All species sampled in WP5 will be
modelled in WP3-4, evaluated with S/EICAT (WP2) and considered in the elabora-
tion of management scenarios (WP1). In contrast to the continental evaluations of
WPs 3 and 4, case studies will provide real on-the-ground information to test the ac-
curacy of impact assessments like S/EICAT and to quantify the real costs and benefits
of alternative management decisions. While case studies share a common work plan
for the evaluation of impacts, the specific field methodologies differ depending on the
habitat, invasive species and ecosystem services targeted in each case.

Case study 1-Freshwater ecosystems. We will focus on two recent invaders of
the Ebro River and Delta (NE, Spain): the apple snail (Pomacea canaliculata Lamark,
1928) and the blue crab (Callinectes sapidus Rathbun, 1896). The apple snail, acciden-
tally introduced in the area in 2010 (Lépez et al. 2010), consumes vast amounts of rice
and can devastate the flora and fauna of natural wetlands, with important impacts on
food provisioning, nutrient cycling and primary productivity (EFSA Panel on Plant
Health 2014). It is still spreading in the Ebro Delta despite the control and eradication
measures implemented in rice paddies and the river channel (physical removal). The
blue crab, also present in the Ebro Delta since 2013, is an omnivore able to feed on
plants and animals, including apple snails, but it is also an important fishing resource
with economic value. Therefore, this species has both negative (reduced biodiversity,
changes in habitat structure) and positive (biological control, fishing resource) impacts
on ecosystem services. Both species are being managed in parts of the lower Ebro
River, which will facilitate the selection of invaded, uninvaded and restored plots un-
der similar environmental and anthropogenic conditions. The work-plan includes 15
sampling stations per treatment (invaded, uninvaded and restored, total N = 45 per
species) where we will determine the density and population structure of the invader.
We will also take water, sediment and macroinvertebrate samples to calculate indica-
tors of ecosystem services. The sampling campaign will be repeated at least twice (2019
and 2020) with the possibility of a third campaign in 2021. The impacts of the blue
crab may be more difficult to assess because it is a highly mobile and territorial species.
For this reason, we will consider using enclosures to further investigate changes in eco-
system services caused by the blue crab. With this information, we will finally employ
the software InVEST to explore spatially how alternative intervention scenarios may
affect ecosystem services at the local scale.

Case study 2-Terrestrial ecosystems. We will focus on two terrestrial plants that
are highly invasive in semi-natural meadows and forest edges across Europe: the Ca-
nadian goldenrod (Solidago canadensis L.) and the Himalayan Balsam (/mpatiens glan-
dulifera Royle). The impacts on biodiversity and ecosystem services of these two inva-
sive plants will be studied in detail in two nature reserves located in the French Alps
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lowlands: the "Reserve du Bout du Lac d’Annecy” and the "Marais de Giez". These
two species and two natural reserves are particularly interesting because of their joint
conservation and agricultural values. From the conservation perspective, these nature
reserves are protecting hyper-sensitive habitats that harbour rare and protected species,
which are now threatened by the presence of mono-specific stands of the two plant
invaders. From the agricultural perspective, the eradication of the invaders is highly
contested by farmers and beckeepers of the region who benefit from the high quantity
of pollen they produce. It is thus important to clarify the real positive and/or negative
impacts of Canadian goldenrod and Himalayan balsam on regulation (plant diversity
and pollination), supporting (carbon storage) and provisioning (forage production)
services. These impacts will be quantified from field observations along a gradient of
invasion: from non-invaded sites to gradually more invaded sites, up to near-mono-
specific stands. Eradication of these plants is not feasible in protected areas with limited
application of herbicides. For this reason, we will explore the possibility of conducting
laboratory experiments for physical removal.

Case study 3-Marine ecosystems. The choice of marine study species will be based
on the results of our literature review, in which we will look for studies reporting
distributions, abundances and per capita effects of range-expanding species and the >
250 alien marine species reported in California (https://www.wildlife.ca.gov/OSPR/
Science/Cal-NEMO). Target species will be chosen based on their current occurrence
in southern California and lack of previous studies, despite having high potential for
impacts based on their abundance, range size, expected strength of community inter-
actions and functional relationships to other impacting species (Parker et al. 1999;
Thomsen et al. 2014). Potential candidates for this study include sub-tidal epibenthic
invertebrates in the “fouling” community (such as the bryozoan Watersipora subtorqua-
ta d’Orbigny, 1852) and consumers, including the intertidal, range-expanding whelk
Mexacanthina lugubris (G. B. Sowerby I, 1822). We will quantify impacts using field
observations across gradients in invader abundance, field physical removal experiments
and lab experiments to resolve community interactions and ecosystem dynamics, such
as effects on water quality. Sampling sites will be chosen to share similar environmental
and disturbance conditions to avoid confounding factors. These marine invasive spe-
cies are likely to play supporting (habitat quality and biodiversity maintenance), regu-
lation (carbon sequestration and water quality), provisioning (food production) and
cultural (aesthetic, recreation and environmental education) roles in local ecosystems.

Outlook

The project InvasiBES is designed to provide direct support to the implementation of
national and international regulations of invasive species in Europe and the US, as well
as to make progress towards accomplishing the targets of the Convention on Biologi-
cal Diversity’s Strategic Plan for Biodiversity 2011-2020 (Aichi Target #9: “By 2020
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[...], priority species are controlled or eradicated and measures are in place to manage
pathways to prevent their introduction and establishment”), the UN’s 2030 Agenda
for Sustainable Development (Goal #15.8: “By 2020, introduce measures to prevent
the introduction and significantly reduce the impact of invasive alien species on land
and water ecosystems and control or eradicate the priority species”) and the EU Regu-
lation 1143/2014 on IAS that aims to establish rules to prevent, minimise and mitigate
adverse effects of invasive species on biodiversity and related ecosystem services. In
particular, InvasiBES will contribute towards accomplishing the needs of these interna-
tional regulations through the development of intervention scenarios that evaluate the
cost of inaction and the cost-effectiveness and socio-economic aspects of invasive spe-
cies management (WP1). By considering multiple scenarios of climate change (WPs 3
and 4), the project will also provide insights into how different levels of commitment
to the Paris Agreement on Climate Change may affect the expansion of invasive species
and their impacts on biodiversity and ecosystem services. Furthermore, InvasiBES will
prioritise species listed under EU regulation for analysis (WP3) and so European and
member state policy-makers and practitioners are expected to be especially interested
in the project and will be invited to engage in participatory scenario planning. In the
US, we will collaborate with the Northeast Regional Invasive Species and Climate
Change (RISCC, https://people.umass.edu/riscc/) Management Network and the
North American Invasive Species Management Association (NAISMA, https://www.
naisma.org/) to support the regulatory listing of high-priority species identified in this
project (WP4). At national and local scales, InvasiBES will provide the best-available
evidence and models to evaluate the costs and benefits of invasive species management
(WP5), thereby helping to make decisions that are relevant for the conservation of
biodiversity and ecosystem services. Ultimately, knowledge and data produced in the
framework of this project will support the implementation of national and interna-
tional policies, evaluate strategies and actions to the improve management of invasive
species, mitigate any potential negative effects and, ultimately, promote sustainability.
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